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Italian extended abstract  

Il bacino del Po è una delle aree più produttive e densamente popolate d’Europa, indicato 

come hotspot di inquinamento da nitrati. Gli elevati carichi di nutrienti, azoto nitrico in 

particolare, condizionano lo stato trofico degli ambienti di transizione e delle acque costiere 

dal Delta all’intera costa emiliano-romagnola. 

La disponibilità di studi pregressi, riguardanti i carichi dei nutrienti e di serie storiche di misure 

di portata costituiscono un’importante base di informazioni che può essere utilizzata per 

indagare l’impatto dei cambiamenti climatici sui processi di generazione, trasformazione e 

recapito verso le zone costiere. 

Ad oggi gli effetti dei cambiamenti climatici nel bacino del fiume Po sono già evidenti. 

L’aumento della frequenza delle anomalie climatiche, le alterazioni dell’intensità e della 

distribuzione temporale delle precipitazioni, da cui dipendono le variazioni repentine dei 

deflussi registrate negli ultimi anni, l’aumento della temperatura dell’aria e della frequenza e 

severità dei periodi di siccità e stress idrico, l’espansione spaziale e temporale del cuneo salino 

nell’area deltizia sono solo alcuni dei fenomeni emersi negli ultimi anni. D’altro canto, i possibili 

effetti di questi fenomeni, determinati dal cambiamento climatico, sulla trasformazione e 

sull’export dei carichi azotati nel Mar Adriatico non sono stati ancora indagati. 

La tesi qui discussa presenta due obiettivi principali. Il primo è stato la valutazione 

dell’incremento di temperatura del fiume Po e del suo effetto sulla rimozione dei carichi di 

azoto, attraverso la denitrificazione. A questo scopo, l’area di studio interessata è stata la 

chiusura di bacino, Pontelagoscuro (Ferrara), dove sono state analizzate le serie storiche di 

temperatura e carichi di azoto e sono state effettuate misure stagionali del metabolismo 

sedimentario, dei tassi di denitrificazione e di DNRA (Dissimilatory Nitrate Reduction to 

Ammonium). Il secondo obiettivo è stato quello di valutare l’effetto del cambiamento climatico 

sull’intrusione salina nel Delta del Po. Tramite misure di campo e di laboratorio sono stati 

studiati, anche in questo caso, il metabolismo sedimentario, la denitrificazione e la DNRA, ma 

incubando i sedimenti campionati lungo il gradiente salino registrato in un ramo del delta, il 

Po di Goro.  
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I risultati hanno evidenziato il graduale aumento delle temperature del Po da inizio anni ‘90 

(circa 0.11 °C anno-1) e un parallelo aumento della frequenza dei giorni caldi, soprattutto in 

estate e in primavera (+50%), cioè del numero di giorni con temperatura dell’acqua superiore 

alla media di lungo periodo. Negli stessi anni è stata evidenziata una riduzione dei carichi 

annuali di azoto, costituiti in prevalenza da nitrato (NO3
-), alla sezione di chiusura bacino. Si è 

osservato che la riduzione dei carichi azotati è avvenuta in corrispondenza dell’aumento della 

temperatura media di quasi 3 °C, soprattutto in primavera ed estate che sono indicate anche 

come i periodi più sensibili alle crisi distrofiche nel Mar Adriatico. Ad un aumento di 1°C di 

temperatura del fiume Po è corrisposta una riduzione dei carichi azotati di circa il 7% in 

primavera e di circa il 4% in estate. 

La relazione inversa tra temperatura e carichi di azoto è la risultante di un effetto temperatura 

dipendente dell’attività dei batteri denitrificanti a livello sedimentario. Ciò è stato evidenziato 

tramite prove sperimentali effettuate in laboratorio su sedimenti fluviali campionati 

stagionalmente alla sezione di Pontelagoscuro nel corso dell’anno 2022, identificato come uno 

dei più siccitosi dagli anni ’60, in cui la portata del fiume è andata al di sotto dei minimi storici 

(< 150 m3 s-1). Attraverso l’incubazione di carote di sedimento sono stati misurati i flussi di 

ossigeno, i tassi di denitrificazione e di DNRA. In ogni stagione sono stati applicati diversi 

gradienti di temperatura basati sui dati storici e sulle previsioni future relative al riscaldamento 

del Bacino del Po. I risultati hanno confermato che entrambi i processi sono temperatura 

dipendenti, secondo una correlazione positiva in ogni stagione. In particolare, durante la 

primavera sono stati misurati i tassi più alti (591 ± 29 µmol N m-2 h-1 per il processo di 

denitrificazione e 53 ± 24 µmol N m-2 h-1 per la DNRA a 22 °C), in quanto la disponibilità di NO3
- 

era ai massimi annuali. Dai risultati si è evidenziato come la denitrificazione sia il principale 

processo responsabile della rimozione di NO3
- in ogni stagione, con tassi mediamente superiori 

di un ordine di grandezza rispetto ai tassi della DNRA.  

Per ottenere un riscontro sulla rappresentatività dei tassi misurati in termini di macro-scala, i 

tassi di denitrificazione ottenuti nella stagione primaverile sono stati estesi ad un tratto del 

medio-basso corso (per una superficie complessiva di 45 km2 compresa tra Borgoforte, 

provincia di Mantova, e Pontelagoscuro), in cui le incubazioni effettuate a Pontelagoscuro 

possono essere considerate rappresentative per le caratteristiche simili dei sedimenti 
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campionati. L’up-scale dei tassi all’intera area ha fornito un valore coerente con la riduzione 

dei carichi calcolata tra le due sezioni, in base ai dati di portata, monitorati dall’Autorità di 

Bacino del Po, e di concentrazione, misurati dalle Agenzia Regionale per la Protezione 

Ambientale (ARPA). Questo ha confermato che la riduzione dei carichi di nitrato verificata negli 

ultimi decenni è imputabile soprattutto al processo di denitrificazione sedimentaria. 

Un ulteriore conseguenza del cambiamento climatico, verificatasi nel delta a seguito delle 

eccezionali condizioni di scarsità idrica e ridotte portate del 2022, è stata l’incremento della 

estensione del cuneo salino a partire dalla tarda primavera. Per valutare gli effetti di questo 

fenomeno sul ciclo dell’azoto e sulla capacità del Delta del Po di abbattere una quota dei carichi 

in transito, carote intatte di sedimento sono state prelevante in estate, in tre siti nel ramo del 

Po di Goro disposti lungo un gradiente di salinità, e incubate in laboratorio per misurare i tassi 

di denitrificazione e DNRA. La denitrificazione è risultata essere il principale processo 

responsabile della rimozione del nitrato nei siti d'acqua dolce e leggermente salini (368 ± 45 

µmol N m−2 h−1 e 274 ± 19 µmol N m−2 h−1, rispettivamente), con tassi di un ordine di grandezza 

superiore a quelli di DNRA (55 ± 9 and 27 ± 8 µmol N m−2 h−1, rispettivamente). Al contrario, la 

DNRA ha mostrato i tassi più alti nel sito più salino (116 ± 29 µmol N m−2 h−1), in accordo con 

quanto riportato in letteratura, secondo cui le condizioni saline favoriscono la DNRA rispetto 

alla denitrificazione. I risultati ottenuti mostrano come l’incremento della salinità negli 

ambienti di transizione, in conseguenza al cambiamento climatico, sia un fattore chiave nella 

regolazione del metabolismo bentonico dell’azoto. In uno scenario di cambiamento climatico, 

una sempre maggiore intrusione salina potrebbe decrementare la capacità di rimozione di 

azoto tramite denitrificazione nelle zone di transizione e aumentarne il ricircolo tramite DNRA, 

incrementando l’eutrofizzazione costiera. 

Complessivamente i risultati di questa tesi hanno evidenziato come due conseguenze del 

cambiamento climatico, il riscaldamento delle acque del Po e l’aumento dell’intrusione salina 

nel suo Delta, influenzino in modo inverso la capacità dissipativa dei carichi di nitrati lungo il 

continuum acque interne-acque costiere.  

Come emerso dalla sperimentazione, ulteriori sviluppi di questa ricerca dovrebbero mirare ad 

indagare altri aspetti sinora non studiati, come l’effetto del cambiamento climatico sulle 
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tempistiche di recapito dei nutrienti alle sezioni fluviali terminali ed il ruolo delle variazioni 

stagionali della quantità e qualità della sostanza organica sedimentaria. 
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Abstract 

The Po River basin is one of the most productive and densely populated areas in Europe and a 

hot-spot for nitrate pollution. In recent years, the effects of climate change (CC) have been 

observed in the Po River basin, e.g. the increase in the frequency of climatic anomalies, the 

intensity and temporal distribution of rainfall and, consequently, variations in runoff, the 

increase in air temperature and in the frequency of prolonged drought periods, leading to the 

increase in saline intrusion in the Po River Delta. However, these impacts on transport and 

export of nitrogen loads in the Adriatic Sea are unexplored. The aims of this thesis were to 

assess: (i) the increase in the Po River water temperature and its effect on the removal of 

nitrogen loads via denitrification; (ii) the effect of saline intrusion on the dissimulative capacity 

of nitrogen loads in the Po River Delta.  

The study area was Pontelagoscuro (Ferrara province), the closing section of the Po River basin, 

where the time series of temperature and nitrogen loads were analyzed and seasonal 

measurements of sediment metabolism, denitrification and dissimilatory nitrate reduction to 

ammonium (DNRA) were carried out. At the same time, the extension of the saline wedge was 

monitored during the summer in the Po di Goro, one branch of the Po River Delta, where 

measurements of sediment metabolism, denitrification and DNRA rates were applied. 

Laboratory incubations of intact cores were carried out in both cases, but different 

temperature gradients were applied to the sediments of the Po River, based on the historical 

data and future predictions of warming, while the sediments of the Po di Goro River were 

sampled along a salinity gradient. 

The results showed a gradual increase of the Po River temperature from the ‘90s and of the 

frequency of warm days, in particular during summers and springs. At the same time, there 

was a decrease in the total nitrogen loads, mainly nitrate (NO3
-), transported to the basin 

closing section. Over the last three decades, nitrogen loads have declined by a third, while 

average water temperature have increased by 3°C. The 1°C increase in temperature was 

associated with a reduction in nitrogen loads around 7% and 4% in spring and summer, 

respectively. The inverse relationship between temperature and nitrogen loads is the result of 

the effect of temperature on denitrification activity in the sediment. The evidence was tested 

and confirmed by laboratory experiments on river sediments sampled seasonally at the 
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Pontelagoascuro section during 2022, the driest year since 1960s. The results showed that 

denitrification and DNRA process are temperature dependent. In particular, the rates 

increased along the temperature gradients in each season, with denitrification being higher 

than DNRA by an order of magnitude. The up-scale of denitrification rates along a section from 

Borgoforte (Mantua province) to Pontelagoscuro, for an overall surface of 45 km2, showed that 

the measured values corresponded to the calculated load reduction between the two sections. 

The obtained results confirmed that the reduction in nitrate loads, monitored in the last 

decades in the Po River basin, was mainly attributable to the denitrification process in river 

sediments. 

The saline wedge in the Po River Delta increased its extension during the droughts of the 2022, 

due to the low flow of the Po River, starting in the late spring. The sediment incubations 

showed that denitrification was the main process to NO3
- removal at the freshwater and 

slightly saline sites, while DNRA had the highest rates in the saline site, highlighting that the 

saline intrusion in transitional areas, due to the climate change, is a key factor in regulating 

benthic N metabolism. In a CC scenario, the saline intrusion may reduce the N removal capacity 

of the transitional areas, inhibiting denitrification and increasing N recycling via DNRA. 

In conclusion, the results highlighted that two of the most important impacts of CC in rivers, 

i.e. the warming and the increase of the saline wedge, may have an inverse effect on the 

dissimilative capacity towards NO3
- loads along the continuum from the freshwater to the 

coastal zones. However, further research should address other aspects that are not 

investigated, such as the effect of CC on the nutrient availability and the role of organic matter 

content in river sediments, in terms of seasonal quantity and quality. 
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Chapter 1: Introduction 

Climate Change (CC) is defined by NASA as a wide range of phenomena caused mainly by the 

combustion of fossil fuels, which release gases such as carbon dioxide (CO2) and nitrous oxide 

(N2O) into the atmosphere. Over time, major impacts have been identified. These include 

effects on the hydrological cycle in terms of rainfall and the flow of river systems, global 

warming with the raise of air and surface water temperatures and the increase in frequency 

of extreme events, such as droughts and heatwaves, the raise of sea levels as the saline 

intrusion into coastal areas. According to the IPCC report (2022; 2023), CC has been identified 

as one of the major challenges of the 21st century. It is expected to reduce precipitation by 

20%, increase droughts and lead to a more frequent alternation between warmer days and 

extreme rainfall, as has already occurred in the Mediterranean over the last decade (Fig.1; Gao 

& Giorgi, 2008; Carvalho et al., 2022). 

 

Figure 1: Predicted changes in maximum daily temperature (°C) and maximum daily 

precipitation (%) at the 4 levels of global warming (+1.5, +2, +3, +4 °C) compared to the period 

1850-1900 (modified from IPCC report, 2023). 
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CC have many negative implications in aquatic ecosystems. The warmer climate can result in 

greater evapo-transpiration at the scale of the entire basin which turns out in a lower water 

surface and ground water availability and thus in a decrease in water quality due to the loss of 

dilution capacity of freshwater (Luo et al., 2023). The reduced dilution capacity may also lead 

to an increase of biological oxygen demand, and as a consequence to lower dissolved oxygen 

(O2) concentrations in the water column with a cascade of effects on river biological 

community (Whitehead et al., 2009). Moreover, the increase of extreme events may enhance 

erosive events and so the transport and the deposit of fine sediments in rivers (Glavan et al., 

2015) with several potential effects on biotic components and metabolism (Kemp et al., 2011). 

In particular, river sediments are active sites for biogeochemical reactions (Triska & Higler, 

2009), both aerobic and anaerobic, which may be influenced by the CC driven increase in water 

temperature.  

 

1.1. Nitrogen cycling in river sediments 

The water-sediment interface in large rivers is characterised by O2 penetration by molecular 

diffusion to a depth of only a few millimetres. Dissolved O2 diffusion is driven by temperature, 

whose increase reduces O2 solubility in the water column, further increasing O2 consumption 

and sediment deoxygenation state, i.e. the vertical extension of the anoxic zone in surface 

sediments (de Klein et al., 2017). Consequently, the increase in water temperature and the 

extension of the anoxic layer in river sediments favours the activity of anaerobic bacteria in 

the lower layer of sediments (Rajesh & Rehana, 2022; Veraart et al., 2011). However, in the 

uppermost oxic sediments layer nitrification may occur, with the oxidation of ammonium 

(NH4
+) to nitrite (NO2

-) and to final nitrate (NO3
-). Produced NO3

- may diffuse back to the water 

column or deeper into the anoxic subsurface sediments, where anaerobic N transformations 

occur, such as denitrification, dissimilatory nitrate reduction to ammonium (DNRA) and 

anammox (Thamdrup & Dalsgaard, 2008; Reddy et al., 1984) (Fig.2). 

Denitrification is considered to be the most important process for the permanent removal of 

reactive N in aquatic ecosystems, particularly in rivers and transitional ecosystems, because of 

their role in processing anthropogenic N inputs (Tiedje, 1983; Burgin & Hamilton, 2007; Pina-

Ochoa & Àlvarez-Cobelas, 2006). It is the stepwise reduction of NO3
- to di-nitrogen gas (N2) as 
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final product, and NO2
- and N2O as intermediate products, with concomitant oxidation of 

organic carbon. Denitrification is distinguished in two terms, Dw and Dn, according to the 

source of NO3
- substrate, from the water column or from the sediment nitrification, 

respectively (Seitzinger et al., 1988). DNRA, namely the dissimilatory NO3
- reduction to 

ammonium, is another bacterial dissimilatory process using the same substrates of 

denitrification (NO3
- and organic carbon), and could be an alternative pathway of NO3

- 

reduction. Unlike denitrification, DNRA converts NO3
- to NH4

+, recycling N and making it 

available to primary producers rather than removing it from the aquatic ecosystem (Scott et 

al., 2008). Both denitrification and DNRA are favoured by the availability of NO3
- in the water 

column and labile organic matter in the sediments.  

In riverine anoxic sediments, another anaerobic process of the nitrogen cycle may occur, 

anammox, literally anaerobic NH4
+ oxidation. It consists in the oxidation of NH4

+ by NO2
- with 

release of N2 as final product, and with NO as the intermediate product. Availability of 

sediment biodegradable organic matter in river sediments is an important factor to control 

anammox (Hu et al., 2011), as NH4
+ is mostly released by organic matter mineralization. 

Anammox is also favoured by denitrification, as NO2
- deriving from incomplete denitrification 

is a substrate of the process (Risgaard-Petersen et al., 2004; Trimmer & Nicholls, 2009). 

Anammox rates in rivers are usually very low and nearly negligible if compared to 

denitrification and DNRA (Zhou et al., 2014; Li et al., 2021).  



 

20 
 

Figure 2: Nitrogen cycle diagram with the main N transformations: nitrification (nitr), 

denitrification (den), anammox (anam) and dissimilatory nitrate reduction to ammonium 

(DNRA), that occur in water column, river sediments and at the water-sediment interface.  

 

1.2. Climate Change in the Po River basin and its delta 

Climate change could affect the biogeochemical dynamics and the capacity of river ecosystems 

to act as natural N filters (Abily et al., 2021), by affecting the ability of rivers to actively 

transform, temporarily store and remove nutrients. The potential effects of climate change on 

the nutrient metabolism and self-depuration capacity of the Po River and the transitional 

ecosystems of the Po River delta (Italy) are currently unknown. The Po River basin already 

suffers from many climate impacts, such as a decrease of precipitation and river flow, and an 

increase of air temperature anomalies (Appiotti et al., 2014; Coppola et al., 2014; Marchina et 

al., 2017; Montanari et al., 2023). Moreover, the Po River basin is the most densely populated 

and agriculturally exploited area of Italy and it is considered a hotspot for NO3
- pollution 

(Viaroli et al., 2018). Diffuse nutrient runoff has caused recurrent and intense algal blooms, in 

particular, during spring and summer, leading to dystrophy in the coastal lagoons and extensive 

anoxia in coastal waters (Viaroli et al., 2001; Marini et al., 2010; Viaroli et al., 2015). In addition, 
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the CC related reduction of Po River discharge in summer in the Delta, in the recent years 

(Marchina et al., 2015; Bonaldo et al., 2022; Toreti et al., 2022), favoured higher saline 

intrusion, which determined a more stable vertical water stratification and lack of mixing, 

leading to bottom hypoxia and anoxia and related effects on the N cycling (Rysgaard et al., 

1999; Giblin et al., 2010; Pinardi et al., 2011; Cornwell et al., 2014). 

The main hypothesis of this thesis is that CC has increased water temperature in the Po River 

and that this, together with CC-induced changes in river discharge, has had significant effects 

on the magnitude and seasonality of N export to the Adriatic coastal zone in recent years. The 

aim of the present study was to assess the extent to which the two CC drivers, the seasonal 

increase in the temperature of the Po River and the deltaic saline intrusion during the summer, 

may affect the self-depuration capacity of the lowland reach of the river and the ability of the 

delta to buffer the N loads before it reaches the coast. All of the above parameters and their 

effects on benthic N metabolism and N cycling in the Po River were analysed at the catchment 

scale and tested in the laboratory.   

In fact, the thesis is divided into three main sections according to the three topics: 

1) Analysis of the long-term trends of nutrient export from the Po River by studying the 

seasonal patterns in relation to water temperature and discharge variations; 

2) laboratory experiments to assess the effect of water warming on bacterial denitrification 

and DNRA processes in the lower reach of the Po River, in order to evaluate the response of 

river self-depuration capacity to CC; 

3) laboratory experiments to assess the impact of saline intrusion in the Po River Delta on 

denitrification and DNRA processes during summer and the capacity of the delta to dissipate 

N loads before they reach the Adriatic Sea. 

The results are presented in chapters that consist of research articles, most of which have 

already been published, that present the sequence of hypotheses and the evidence produced 

to support them. 
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Chapter 2: Materials and methods 

2.1. Annual and seasonal historical data of temperature, discharge, and riverine nutrient 

loads 

The water temperature datasets since 1992 were collected from monitoring stations located 

along the Po River lowland reach. The daily data were used to obtain the average of the annual 

and seasonal water temperature trends of the Po River over the last three decades. The 

seasonal trends were determined according to the following seasonal breakdowns: winter 

(from January to March), spring (from April to June), summer (from July to September) and 

autumn (from October to December). Concentrations of nitrogen nutrients (NO3
-, NH4

+ and 

total nitrogen, TN) were monitored at the river closing section (Pontelagoscuro gauging 

station, 44°53′19.34′′ N, 11°36′29.60′′ E, province of Ferrara), sourced by the Environmental 

Agency of the Emilia-Romagna Region (ARPAE). Nitrogen concentrations were derived from 

monthly and/or fortnightly samples taken by APRAE as part of the official surface water 

monitoring programme, while daily discharge data were derived from permanent records of a 

gauge operated by ARPAE. 

Daily loads were calculated as the product of the measured daily discharge and nutrients 

concentration, that were measured or interpolated to daily intervals. The product results were 

aggregated into monthly values, according to the equation reported in Papers I and II 

(Appendix I). Moreover, monthly flow was normalised to remove the effect of varying inter-

annual hydrological conditions in the trend assessment of annual and seasonal nutrient 

export, according to the procedure described in the above-mentioned papers. The annual and 

seasonal normalised loads were calculated by the summing up the normalised monthly loads.  

 

2.2. Measurements of N processing in river sediments 

The experimental procedure included the collection of intact sediment cores at each sampling 

site used for benthic dark flux, denitrification and DNRA measurements and for sediment 

characterization, according to the standard protocols (Dalsgaard et al., 2000; Owens et al., 

2016). Details of the experimental design, the incubation procedure to determine gas and 

nutrient fluxes, the application of the Isotope Pairing Technique (IPT) to measure 



 

23 
 

denitrification and DNRA rates (Nielsen, 1992), and the calculation of rates are described in 

Papers III, IV and V (Appendix II and III, respectively). The adopted approach consisted of both 

manipulative experiments and incubations mimicking the in situ conditions. 

 

2.2.1. Seasonal effect of water warming on denitrification and DNRA processes  

The sediment cores were collected at the closing section of the Po River Basin (Pontelagoscuro, 

province of Ferrara) during four seasons in 2022: winter (February sampling), spring (May 

sampling), summer (July sampling) and autumn (November sampling). The work consisted of 

applying a temperature gradient in each seasonal incubation with the aim of assessing how 

benthic N processes were affected by temperature. The temperature ranges were different in 

the four seasons, as follow: 5-14 °C in winter, 13-22 °C in spring, 21-30 °C in summer and 9-18 

°C in autumn. The minimum of each seasonal temperature range corresponded to the current 

minimal temperature recorded during the last three decade, while the warming manipulations 

were the expected values in the near future owing to climate warming (Vezzoli et al., 2015). 

The experimental design is described in detail in Paper III (Appendix II). 

 

2.2.2. Impact of saline intrusion on denitrification and DNRA processes in summer  

Sediment cores were incubated at three sites in the Po di Goro branch along the salinity 

gradient during summers 2021 and 2022 to assess the impact of saline intrusion on the self-

depuration capacity of the Po Delta. Sampling was carried out at three locations along the 

river, with salinity being the discriminating factor. The experiments were carried out in the 

laboratory by maintaining the situ conditions to assess how the benthic N processes changed 

in freshwater, slightly saline and saline sites. The in situ conditions were different in the two 

summers, particularly the summer 2022 was warmer than the previous one and the saline 

wedge was more extended than in the previous years (Po River District Authority, 2022). The 

experimental design is described in detail in Paper IV and V (Appendix III).  
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Chapter 3: Main results and discussion 

The increase of temperature appeared from the historical data, monitored near the city of 

Piacenza (Emilia-Romagna Region), representative of the middle-lower reach of the Po River. 

The increase of average annual temperature was ∼3 ◦C, resulting in a warming rate of 0.11 ◦C 

yr−1, with the change point in 2002 (Fig. 3). The highest annual temperatures were recorded 

since 2003, with a slight decrease a few years later and then a gradual increase until the year 

2022, when the maximum temperature appeared (Brunetti et al., 2006; Marchina et al., 2017; 

Po River District Authority, 2022). 

 

 

Figure 3: Temporal trend of annual average of water temperature (°C) of the Po River since 

1992. Black lines show the statistically significant trend. 

 

Seasonally, the upward trend was particularly marked in summer and autumn (nearly +5°C; 

fig. 4), while a slightly lower increase was observed in the other seasons (~ +3°C; fig.4). The 

extreme temperatures showed a significant increase, in particular temporal trends in the 
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minimum Po River water temperature were significant in all seasons except autumn. Summer 

minima showed the most pronounced warming signal (0.25 °C yr-1; around 6 °C).  

 

Figure 4: Temporal trend of seasonal minimum, average and maximum water temperature (°C) 

of the Po River since 1992. Black lines show statistically significant trends. 
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Figure 5:  Daily water temperature of the Po River at the closing section of basin in the last 30 

years. 

 

The warming of the Po River water was observed with the increase of the occurrence of warm 

days, which appeared mostly during the summer, when the maximum temperature reached 

and/or exceed 30°C (Fig.5). This was related to low-flow conditions, as in the case of the period 

2003- 2007, which was characterized by prolonged drought in the Po River basin (Ferrara Land 

Reclamation Consortium, 2022). Over the last decade, the Po River has become increasingly 

sensitive and vulnerable to such extreme temperature events with ongoing climate change 

(Markovic et al., 2013). In particular, the year 2022 showed the extreme conditions, with large 

areas of Europe, including Italy (Toreti et al., 2022) affected by extreme and prolonged drought. 

In the Northern Italy, the dry conditions were a result of low snow accumulation in the Alps 

during the winter and early spring of 2021–2022, similar to the year 2015 (Marchina et al., 

2017), combined with the lack of precipitation from the late spring until early summer 

(Bonaldo et al., 2022). The emergency was manifested in the exceptional hydrological drought 

of the Po River in 2022, which the average annual discharge was 60% lower than the annual 
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average of the last 30 years (Fig. 6). The daily river discharge was constantly near or below the 

historical minimum, in fact the worst anomaly was monitored in July, when discharge was 30% 

below the historical minimum for 1990–2021, which occurred in July 2006 (Montanari et al., 

2023).  

 

Figure 6: Average daily discharge (m3 s-1) of the Po River in 2022 compared to the average daily 

discharge of the drought year 2006 and to the minimum and average monthly discharge over 

the last 30 years. 

 

The critical reduction in the river discharge led to a significant intrusion of the deep and 

persistent saline wedge during late spring and summer in the Po Delta, extending along the Po 

di Goro branch for a maximum length of 35-40 km from the mouth (Tarolli et al., 2023; Po River 

District Authority, 2022), more than about 15 km longer than the saline intrusion recorded 

during the summer of 2006 for 33 days (Tarolli et al., 2023; Luo et al., 2023). 

In terms of nutrient loads, in particular N loads, the Climate Change affected their export to 

the Adriatic Sea from the Po River basin. In the last decades, the decrease of N export was not 
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related to changes in anthropogenic pressures in the catchment area or nutrient loads from 

diffuse (agriculture) and point sources (sewage) (Viaroli et al., 2018). Total nitrogen is mainly 

NO3
- (62-86% of the annual total nitrogen load), a common feature of agriculture-dominated 

waterheads (Pina-Ochoa and Álvarez-Cobelas, 2006; Hill, 2023; Li et al., 2023). The time series 

of flow-normalized NO3
- loads showed that the annual transport at the Po River closing section 

decreased by 23% since 1992 (Fig. 7) and the downward trend was evident in all seasons, 

except in summer (Fig. 7), highlighting that load decline was related to a discharge decrease. 

In fact, drought events have been exacerbated during the more recent decades and the Po 

River experienced temporary phases of low regime during 2003–2007, 2015–2017 and 2022 

(Zanchettin et al., 2008; Montanari et al., 2012; Marchina et al., 2019; Montanari et al., 2023). 

 

 

Figure 7: Temporal trend in flow-normalised NO3
- loads measured at the closing section of the 

Po River basin on an annual basis (on the left; t N yr-1) and during winter, spring, summer and 

autumn (on the right; t N season-1) since 1992. Lines show statistically significant trends. 

 

The link between climate change and N export into the Adriatic Sea appeared during the 

warmer periods, as springs and summers. There is an inverse correlation between the nitrogen 

load and the temperature, in fact when the water temperature of the Po River increased by 1 

°C, NO3
- loads decreased by approximately 7% and 4% in summer and spring, respectively (Fig. 

8). The strong negative relationship indicate that the warming of the Po River may could have 
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stimulated the NO3
- removal and/or reduction thought N biogeochemical process, decreasing 

the export to the Adriatic Sea and likely contributing to a partial mitigation of the 

eutrophication phenomena in the coastal waters.  

 

Figure 8: Correlation between flow-normalised NO3
- (t N month-1) and average water 

temperature (°C) measured at the closing section of the Po River basin in spring (on the left) 

and in the summer (on the right). Black lines show statistically significant trends. 

 

Direct confirmation of this conclusion was sought through seasonal controlled laboratory 

incubations of intact sediment cores, aimed at (1) determining the relative contribution of 

denitrification and DNRA to riverine NO3
- removal, and (2) quantifying the effects of water 

temperature on the rates of aerobic respiration and of dissimilatory nitrogen processes in river 

sediments. Manipulative laboratory experiments demonstrated the denitrification and DNRA 

process responded positively to water warming, increasing along the gradient temperature in 

each season (Fig. 9 and 10). Results showed that the denitrification rates were one order of 

magnitude higher than DNRA rates in the terminal section of Po River during each season and 

both processes were strongly correlated to the increase of water temperature. The activity of 

DNRA bacteria, favoured in highly reducing conditions, was likely limited to micro-niches (Kraft 

et al., 2014), due to the high oxygen availability, combined with low sediment organic carbon 

in Po River sediments and low sediments oxygen demand (SOD), resulting in the almost 

complete oxidation of the sandy sediments.  
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In general, total denitrification rates increased along the experimental temperature gradient 

that was set in each season (p < 0.001), with the denitrification rates of NO3
- present in water 

column (Dw) higher than the denitrification coupled to nitrification (Dn), except in the summer, 

when Dw was systematically lower than Dn, representing an average of 31% of Dtot, due to 

the low NO3
- availability (Fig. 9). Similar to the denitrification, the DNRA rates increased along 

the temperature gradient in each season, with the highest rates measured in the order of 

spring, winter, autumn, and summer. However, in winter the rates remained constant at the 

first three temperatures of the series, increasing at the last one (14 °C). The DNRA rates, 

splitted in DNRAw, the direct DNRA of NO3
- from the water column, and DNRAn, that is the 

DNRA rate coupled with nitrification, showed that DNRAw was higher than DNRAn in all 

seasons, except in summer (around 30% of DNRAtot), due to the low water NO3
- availability. 

The exceptionally low discharges that characterize the Po River in the year 2022 (Montanari et 

al., 2023) led to a reduction in nutrient runoff from the basin (Cozzi et al., 2018; Viaroli et al., 

2018) and consequently limited NO3
- availability in water, resulting in a greater relevance of 

Dn and DNRAn compared to Dw and DNRAw, respectively. These conditions confirmed that N 

processes are strongly correlated with temperature, but they are also dependent on other 

factors such as NO3
- availability which change with the seasons, in fact the highest processes 

rates appeared during spring period at the highest NO3
- concentration in sampling site. 

Consequently, denitrification can be considered as the main process responsible for the 

removal of NO3
- from the Po River water, in fact the Dw contributed on average >85% of the 

total NO3
- removal, in contrast to <15% of the total NO3

- dissimilatory reduction by DNRAw.  

In order to obtain macroscale feedback on the representativeness of laboratory 

measurements, in spring, when the eutrophication effect of riverine N loads on coastal zones 

is greatest, denitrification rates were scaled-up to a lowland reach of the Po, where laboratory 

incubations can be considered representative of sediment features and processes. The studied 

stretch (length around 90 km, area 45 km2) is located between Borgoforte (province of 

Mantua) and Pontelagoscuro (province of Ferrara), two sections where N loads can be 

estimated on the basis of monthly samples taken by ARPAE and flow measurements carried 

out by the Po River Authority (AdBPo). The calculated NO3
- load reduction between the two 

sections during the last two decades was in the same order of magnitude as the NO3
- removal 
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calculated by upscaling the measured denitrification rates to the whole river bed between the 

same two sections.  
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Figure 9: Total denitrification rates (µmol N m-2 h-1) splitted into Dw and Dn measured along 

the temperature gradients in the four seasons (note the different scale of the y-axis) in the Po 

River. Average values ± standard deviations are reported. 
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Figure 10: Total dissimilatory nitrate reduction to ammonium (DNRA) rates (µmol N m-2 h-1) 

splitted into DNRAw e DNRAn, measured along the temperature gradients in the four seasons 

(note the different scale of the y-axis) in the Po River. Average values ± standard deviations are 

reported. 

 

In addition to the calculations and experiments carried out on the freshwater lower reaches 

of the river, the study was extended to include the impact of saline intrusion in the Po Delta 
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on the nitrogen loads exported to the coastal areas of the Adriatic Sea. In particular, in 2022, 

the extreme drought of the Po River and low river discharge (Bonaldo et al., 2022) led to a 

significant saline intrusion during the late spring and summer, extending along the Po di Goro 

branch for a maximum of 35 km from the mouth (Po River District Authority, 2022), more than 

10 km than in the summer of 2021. The hypothesis, whether these conditions have an effect 

on the self-depuration capacity of the Po delta on NO3
- loads, was tested by incubations 

targeting benthic N metabolism. N processes were found to be strongly influenced by salinity 

conditions, which tended to favour recycling of N nutrients via DNRA rather than permanent 

removal via denitrification (Fig. 11). However, denitrification consistently outperformed DNRA 

along the salinity gradient, resulting in a factor of 7 of magnitude higher in freshwater and 

slightly saline sites, in fact the consumption of NO3
- by denitrification 86% and 89%, 

respectively. In contrast to the saline site the DNRA rates were slightly higher than the 

denitrification rates, in fact DNRA was responsible to the 74% of NO3
- recycled in NH4

+, due to 

the salinity induced sulphidic conditions, inhibiting the nitrification process (Æsøy et al., 1998; 

Bonaldo et al., 2022) and the loss of NO3
− via coupled nitrification–denitrification (Joye & 

Hollybaugh, 1995). The results showed the contributions of Dw and DNRAw were higher than 

those of Dn and DNRAn, respectively; except that the split DNRAn and DNRAw were different, 

in fact DNRAn (56% of total DNRA) was higher than the DNRAw. These results, due to the 

drought conditions of 2022, measured in the Po di Goro arm of the delta, can be extended to 

the NO3
- loads carried through the whole the Po River delta. 

In this second case study, represented by the southernmost branch of the Po Delta, the Po di 

Goro, it was not possible to verify the representativeness of the experimental measurements 

by referring them to transited loads, as both flow and concentration measurements of 

nitrogen species entering and leaving the Po Delta are not available.  This lack should be taken 

into account at the institutional level in order to assess the role of the Po Delta in reducing 

nitrogen loads in the current climate change scenario. 

  



 

35 
 

 

 

Figure 11: Denitrification and DNRA rates measured along the salinity gradient in the Po di 

Goro River. The rates are splitted in Dw and DNRAw, and Dn and DNRAn, indicated the rates 

supported by NO3
- from the water column and the rates coupled to nitrification, respectively. 

Average values ± standard deviations are reported. 
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Chapter 4: General conclusions 

The present study demonstrates that climate change may have a critical impact on the 

biogeochemical dynamics of N in large lowland rivers and deltas. The model chosen, i.e. the 

Po River, the largest river in Italy and one of the most important in the Mediterranean area, is 

fully representative as a hot-spot of nitrogen pollution and eutrophication and of the 

consequences of increasing water temperature and saline intrusion in a delta. 

A decreasing trend in N export from the Po has been observed over the last three decades, 

which is related to the increase in water temperature. The increase in water temperature has 

been associated with higher rates of microbial processes, especially denitrification. The results 

of this study are relevant for the eutrophication state and secondary productivity of the 

Adriatic Sea. The study of the effect of temperature increase on the river N metabolic capacity 

should also be studied in the middle reaches of the Po, especially in spring, when NO3
- loads 

are generally higher and more effective in triggering algal blooms and dystrophic crises in the 

coastal areas. 

In transitional waters such as the Po Delta, low freshwater river flow favours saltwater 

intrusion and reduces the dissipative capacity of the transitional area. Under these conditions, 

which were made even more extreme in 2022 by an exceptionally low rainfall and river flow, 

the capacity of the Po Delta to remove NO3
- was reduced by recycling nitrogen through DNRA. 

This unexpected positive feedback of climate change on eutrophication contrasts with the 

negative feedback observed in the upstream freshwater sections of the Po in the same year, 

as described above. 

The multiple functions of the different drivers of climate change make the river system and the 

associated deltaic areas complex to analyse and difficult to predict. Future investigation should 

clarify the specific role of extreme weather conditions on aquatic ecosystems and 

biogeochemical processes and on the river self-depuration capacity, including the relative 

effect of multiple stressors. To address the dynamics of NO3
- removal in rivers more 

comprehensively, the role of rising water temperatures should be considered as together with 

other effects of climate change, such as reduced nutrient runoff due to prolonged low rainfall 

or nutrient peaks after extreme rainfall events. These large-scale phenomena affecting NO3
- 
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availability for denitrification should be considered together with other local drivers of 

sediment nitrogen biogeochemistry (i.e., sediment organic matter quality and sulphide 

concentrations, the latter especially in transitional waters) or the effect of higher temperatures 

on phytoplankton uptake rates and hence N processing in the water column. In addition, 

further research is needed to extend the experimental results to the ecosystem scale, both in 

terms of nutrient load generation and nutrient export to coastal zones. This is a key issue for 

the effective implementation of environmental policies to control eutrophication and protect 

coastal zones. 
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a b s t r a c t 

Rivers worldwide are under stress from eutrophication and nitrate pollution, but the eco- 

logical consequences overlap with climate change, and the resulting interactions may be 

unexpected and still unexplored. The Po River basin (northern Italy) is one of the most agri- 

culturally productive and densely populated areas in Europe. It remains unclear whether 

the climate change impacts on the thermal and hydrological regimes are already affecting 

nutrient dynamics and transport to coastal areas. The present work addresses the long-term 

trends (1992–2020) of nitrogen and phosphorus export by investigating both the annual mag- 

nitude and the seasonal patterns and their relationship with water temperature and dis- 

charge trajectories. Despite the constant diffuse and point sources in the basin, a marked 

decrease (-20%) in nitrogen export, mostly as nitrate, was recorded in the last decade com- 

pared to the 1990s, while no significant downward trend was observed for phosphorus. The 

water temperature of the Po River has warmed, with the most pronounced signals in sum- 

mer ( + 0.13 °C/year) and autumn ( + 0.16 °C/year), together with the strongest increase in the 

number of warm days ( + 70%–80%). An extended seasonal window of warm temperatures 

and the persistence of low flow periods are likely to create favorable conditions for perma- 

nent nitrate removal via denitrification, resulting in a lower delivery of reactive nitrogen to 

the sea. The present results show that climate change-driven warming may enhance ni- 

trogen processing by increasing respiratory river metabolism, thereby reducing export from 

spring to early autumn, when the risk of eutrophication in coastal zones is higher. 
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Introduction 

Over the last century, nitrogen (N) and phosphorus (P) inputs 
have increased dramatically in human-impacted watersheds 
with a cascade of multiple negative impacts on aquatic envi- 
ronments in terms of water pollution, eutrophication, green- 
house gas emissions, ecosystem functioning, and biodiver- 
sity loss ( Battye et al., 2017 ; Glibert, 2017 ; Yuan et al., 2018 ). 
Watershed nutrient budgets provide insight into the relative 
importance of anthropogenic sources, i.e., the main determi- 
nants of riverine loads ( Romero et al., 2021 ), but the amounts 
of nutrients processed or transported downstream and ul- 
timately exported are closely linked to hydrological dynam- 
ics and internal biogeochemical cycling. Several temperature- 
dependent (e.g., organic matter mineralisation and biogeo- 
chemical N pathways in soils and waters) or precipitation- 
dependent (e.g., runoff and erosion processes) processes occur 
across landscapes and shape the timing and the magnitude of 
nutrient mobilisation ( Baron et al., 2013 ; Wagena et al., 2018 ; 
Goyette et al., 2019 ). Many rivers around the world are under 
stress due to eutrophication and nitrate (NO3 

−) pollution, but 
their ecological consequences overlap with the effects of cli- 
mate change and the resulting interactions may be complex, 
unexpected not yet fully understood ( Rozemeijer et al., 2021 ; 
Meerhoff et al., 2022 ; Costa et al., 2022 ). Climate change may 
affect the biogeochemical dynamics and the ecological func- 
tioning of rivers by influencing the amount and the timing 
of nutrient delivery from terrestrial ecosystems, and by alter- 
ing the dilution capacity and the extent of internal dissipation 

and recycling processes ( Goyette et al., 2019 ; Abily et al., 2021 ; 
Zheng et al., 2023 ). 

River networks are disproportionately important relative 
to their surface areas for processing anthropogenic N inputs. 
On a global scale, more than 75% of the N load generated in 

the catchments and transferred to rivers is removed along the 
terrestrial-freshwater-marine continuum ( Seitzinger et al., 
2006 ; Howarth et al, 2012 ). In these systems, microbial den- 
itrification is considered the main mechanism responsible 
for permanent N removal through the reduction of nitrate 
(NO3 

−) to nitrogen gas (N2 ) under hypoxic-anoxic conditions 
( Birgand et al., 2007 ; Reisinger et al., 2016 ; Hill, 2023 ). Warm- 
ing can affect denitrification both as a direct effect of en- 
zyme activity and as an indirect effect of temperature upon 

redox conditions. Higher water temperature decreases oxygen 

solubility and enhances sediment oxygen respiration, limit- 
ing oxygen penetration depth and resulting in a synergis- 
tic effect that stimulates denitrification ( de Klein et al., 2017 ; 
Velthuis and Veraart, 2022 ). In cases where denitrification is 
strongly dependent on NO3 

− supply from nitrifying bacteria, 
decreased oxygen at higher water temperatures may result in 

reduced nitrification, and consequently lower denitrification 

( Pina-Ochoa and Álvarez-Cobelas, 2006 ; Birgand et al., 2007 ). 
Simultaneously, a wide range of abiotic and biotic pro- 

cesses (e.g., sorption, particulate sedimentation, periphyton, 
and phytoplankton uptake) are responsible for P retention in 

river sediments and account for the temporary storage of this 
element ( Yuan et al., 2018 ; Goyette et al., 2019 ). Overall, rivers 
actively transform, temporarily store, and permanently re- 
move nutrients in a highly dynamic environment largely con- 

trolled by microbial activity, which is temperature-dependent 
and thus sensitive to global warming ( Salmon-Monviola et al., 
2013 ; Velthuis and Veraart, 2022 ; Hill, 2023 ). 

Nutrient transport and transformation are expected to 
change in response to changes in the seasonality of pre- 
cipitation patterns and snow accumulation, intensified cli- 
matic variability, and increased frequency and severity of ex- 
treme thermal and hydrological (floods and droughts) events 
( Howarth et al, 2012 ; Baron et al., 2013 ; IPCC, 2021 ). A better 
understanding of the combined and simultaneous effects of 
hydrological variability and temperature warming on current 
and future nutrient export from watersheds is essential for 
defining and implementing policies to effectively tackle eu- 
trophication in an era of climate change. 

Nitrogen pollution is a priority challenge in the Po River 
basin (northern Italy), one of the most agriculturally exploited 

and densely populated areas in Europe, and eutrophication is 
a major concern, especially in the receiving coastal lagoons 
and the Adriatic Sea. Between the 1960s and the 1990s, the 
temporal trajectory of the input-output N and P budgets in 

the Po River watershed was deeply affected by changes in 

land use, agricultural and livestock practices, and wastewa- 
ter treatment efficiency (e.g., de Wit and Bendoricchio, 2001 ; 
Artioli et al., 2008 ). In recent decades, the excess agricul- 
tural nutrients have remained stable ( Viaroli et al., 2018 ; 
Gervasio et al., 2022a ). Therefore, the basin can be considered 

as a case study to investigate the response of removal and 

recycling processes and downstream nutrient delivery to re- 
cent climatic anomalies. The effects of climate change in the 
Po River basin are already evident, as shown by alterations 
in precipitation intensity and patterns, temperature warm- 
ing, increased evaporation, and frequency of droughts and wa- 
ter stress periods ( Appiotti et al., 2014 ; Coppola et al., 2014 ; 
Formetta et al., 2022 ; Tarolli et al., 2023 ). Anyway, it is currently 
unclear whether climate change impacts on the hydrological 
cycle and temperature of the Po River are already affecting the 
river functioning in terms of nutrient removal, recycling, and 

delivery to the coastal zones and the Adriatic Sea. To fill this 
research gap, the present work addresses the long-term trends 
(1992–2020) of N and P export from the Po River basin by inves- 
tigating both the annual magnitude and the seasonal patterns 
and their relationship with the trajectories of water tempera- 
ture and discharge. The main hypothesis is that warming and 

an increase in the duration of low flow periods may enhance 
the rates of microbial processes and sustain more favorable 
conditions for denitrification and NO3 

− removal, resulting in 

a net decrease in N delivery to the Adriatic Sea. On the other 
hand, the increase in rainfall intensity and frequency may re- 
sult in enhanced erosion processes and sediment yields, and 

downstream P delivery may eventually be favored over N. 

1. Materials and methods 

1.1. Study area 

The Po River, with a length of 652 km from the Alps to the 
Adriatic Sea, is the longest river in Italy ( Fig. 1 ) and the largest 
one with an average annual discharge of ∼1,500 m3 /sec mea- 
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Fig. 1 – Map of the Po River basin (red line), its natural hydrological network (blue lines), and the administrative boundaries 
of the Northern Italy Regions (grey lines). The two monitoring stations (Piacenza and Pontelagoscuro) are indicated as black 

stars. 

sured at the Pontelagoscuro gauging station, right upstream 

of the deltaic system ( Zanchettin et al., 2008 ). The Po River 
basin extends over an area of ∼75,000 km2 , from the head- 
waters on the northern slope of Monviso (3,841 m asl, Cot- 
tian Alps) to the delta, which projects into the northern Adri- 
atic Sea. The river is fed from both the Alps and the Apen- 
nines by a network of more than 140 tributaries with a to- 
tal length of over 6,700 km and a secondary network of ar- 
tificial irrigation and drainage canals that is almost ten times 
larger ( Soana et al., 2019 ). The hydrological regime is charac- 
terized by two periods of low flow (winter and summer) and 

two flood periods (spring and late autumn) associated with 

snowmelt and precipitation that feed the tributaries descend- 
ing from the valleys of the Alps and the Apennines, respec- 
tively ( Montanari, 2012 ; Coppola et al., 2014 ; Ravazzani et al., 
2015 ). The basin crosses the transition zone between the sub- 
continental climate of Central Europe and the Mediterranean 

climate (warm-temperate climate). The average annual pre- 
cipitation is 1,200 mm, varying from a maximum of 2,000 mm 

in the Alpine sector to less than 700 mm in the deltaic re- 
gion ( Vezzoli et al., 2015 ; Beck et al., 2018 ). Water resources 
in the basin are intensively exploited, particularly for irriga- 
tion, hydropower generation, domestic, and industrial pur- 
poses ( Montanari et al., 2012 ). 

The basin includes the area with the highest economic in- 
come in Italy, where approximately 40% of the gross domes- 

tic product is produced. Cropland accounts for more than half 
of the land use in the basin, which encompasses a large part 
of the Padano–Veneta plain, the widest and most fertile allu- 
vial lowland in Italy ( ∼47,000 km2 ). The Po River lowland is 
the largest cultivated area in Italy and accounts for more than 

one-third of the national agricultural and livestock produc- 
tion. The Padano–Veneta plain is the most densely urbanized, 
industrialized, and agriculturally exploited area in Italy, result- 
ing in one of the European regions with the highest N and P in- 
puts to cropland and nutrient losses to surface and groundwa- 
ter ( Viaroli et al., 2018 ; Romero et al., 2021 ; Batool et al., 2022 ). 
The Po River accounts for approximately two-thirds of the to- 
tal freshwater discharge and nutrient inputs to the northern 

Adriatic Sea, making it a well-known eutrophication hotspot 
( Ludwig et al., 2009 ; Blaas and Kroeze, 2016 ; Malone and New- 
ton, 2020 ). 

1.2. Calculation of nutrient loads exported from the Po 
River basin 

Monthly, seasonal, and annual N and P loads exported to 
the Adriatic Sea were calculated using discharge and nu- 
trient concentration datasets collected for the period 1992–
2020 at the Pontelagoscuro gauging station (44 °53’19.34”N, 
11 °36’29.60”E; Ferrara, river kilometer 586), which is conven- 
tionally considered the basin closing section ( Fig. 1 ). Daily dis- 
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charge data were obtained from the Hydrological Annals pub- 
lished by the Environmental Protection Agency of the Emilia- 
Romagna Region (ARPAE), whose electronic versions are avail- 
able on the ARPAE Open Data Portal (Dexter Portal, https:// 
simc.arpae.it/dext3r/ ). Observed discharge data were derived 

from rating curves which convert river water levels, mea- 
sured every 15 min at the gauged cross section of interest, 
into flow rates (rating curve uncertainty < 10% of discharge 
value; Domeneghetti et al., 2012 ). Concentrations of total ni- 
trogen (TN), total phosphorus (TP), NO3 

−, ammonium (NH4 
+ ), 

and PO4 
3− (reactive phosphorus) were obtained from monthly, 

and in some cases, fortnightly, samples taken by ARPAE as 
part of the official surface water monitoring programme (Re- 
gional Open Data Portal, https://dati.arpae.it/group/acqua ). 
Dissolved inorganic nutrients were determined on filtered wa- 
ter samples (Whatman GF/F filters) by standard colorimetric 
methods based on the azo dye reaction for NO3 

− (detection 

limit > 0.2 mg N/L), the indophenol reaction for NH4 
+ detec- 

tion limit > 0.02 mg N/L), and the molybdate reaction for PO4 
3−

(detection limit > 0.01 mg N/L). Precision ranged between ±3% 

and ±5% for the three nutrient analyses. Total nitrogen and 

total phosphorus were determined on unfiltered samples by 
the persulphate oxidation method followed by the colorimet- 
ric determinations of NO3 

− and PO4 
3−. Sample collection and 

analytical determinations were performed according to stan- 
dard methods and analytical protocols outlined by national 
environmental regulations and adopted by the Regional Envi- 
ronmental Agencies in Italy ( APAT—IRSA/CNR, 2003 ). The an- 
alytical methods were comparable to those applied in a wide 
range of environmental studies (e.g., APHA, 2005 ). When TN 

concentrations were not available, TN values were calculated 

from DIN (NO3 
− + NH4 

+ ) concentrations using the equation 

TN = 0.93 � DIN + 0.75 ( r2 = 0.54; p < 0.001), previously obtained 

by plotting time series with simultaneous measurements of 
TN and DIN ( Gervasio et al., 2022a ). 

The method used to calculate loads was based on linear in- 
terpolation of daily nutrient concentrations between two con- 
secutive sampling events. Previous applications have shown 

that this method is accurate for large rivers with recurrent 
seasonal variations of nutrient concentrations ( Moatar et al., 
2005 ; Nava et al., 2019 ). Daily loads were calculated as the 
product of the measured daily discharge and nutrient con- 
centration (measured or interpolated) and then aggregated 

monthly according to the following equation: 

L = k ·
n ∑ 

j 

Ci · Qi (1) 

where L (tons/month) is the monthly load, Ci (mg/m3 ) is the 
daily concentration on day i measured or linearly interpolated 

between two consecutive measurements to represent unsam- 
pled days, Qi (m

3 /sec) is the average daily discharge on day i, 
n is the number of days in each month, and k (86.4x10−6 , from 

mg/sec to tons/day) is the unit conversion factor. 
Annual loads (tons N/year or tons P/year) were calculated 

by summing the monthly contributions. Trends in seasonal 
loads (tons N/season or tons P/season) were evaluated accord- 
ing to the following seasonal breakdowns: winter (January–
March), spring (April–June), summer (July–September), and au- 
tumn (October–December). 

The annual loads calculated by the interpolation concen- 
tration method were compared for consistency with those 
calculated by the flow-adjusted concentration method, pre- 
viously used to estimate the long-term trajectories of the 
reactive nutrient loads exported from the Po River basin 

( Cozzi et al., 2018 ; Viaroli et al., 2018 ). The flow-adjusted con- 
centration method is commonly adopted to assess annual 
loads as recommended by international conventions (e.g., 
OSPAR-Convention for the Protection of the Marine Environ- 
ment of the North-East Atlantic; Lenhart et al., 2010 ) and re- 
gional guidelines for the implementation of River Basin Man- 
agement Plans, as required by EU Directive 2000/60/EC (e.g., 
Po River District Authority, 2021 ). In fact, the method allows 
for the best weighting of the data when the chemical and flow 

data series have different temporal resolutions. However, this 
approach is not suitable for the calculation of monthly and 

seasonal loads because the Regional Environmental Agencies 
generally conduct only one sampling per month. A very good 

correlation was found between the annual values calculated 

using the two methods ( r2 = 0.99; p < 0.001), with an average 
discrepancy of less than 5% (Appendix A Fig. S1). 

To remove the effect of varying inter-annual hydrological 
conditions in the trend assessment of annual and seasonal 
nutrient export, monthly flow-normalized loads ( L n) were cal- 
culated as follows ( Sileika et al., 2006 ): 

L n = L · Kh (2) 

where Kh is the hydrological coefficient. The hydrological 
coefficient was obtained as the ratio of the long-term (pe- 
riod 1992–2020) average outflow for a given month to the 
monthly outflow for a given year. The annual normalized 

loads were calculated by summing up the monthly flow- 
normalized loads. 

1.3. Datasets of Po River water temperature and air 
temperature 

Water temperature time series representative of the middle- 
lower reach of the Po River were collected at two monitoring 
stations located at the cooling water intakes of two ther- 
moelectric power plants near the city of Piacenza (Emilia- 
Romagna Region, river kilometer 330) ( Fig. 1 ). Daily average 
water temperature data were recorded at La Casella Power 
Station operated by the ENEL group ( https://www.enel.com/it/ 
media/esplora/ricerca- foto/photo/2020/03/italia- centrale- la- 
casella ) and at Piacenza Power Station operated by the A2A 

Life Company Group ( https://www.a2a.eu/en/group ), and 

integrated to cover the period 1992–2020. Water temperature 
measurements were carried out using RTD probes with 

platinum Pt100 resistance thermometers with a nominal 
resistance of 100 � at 0 °C, defined according to IEC 751 (EN 

60751). Other sensor features: measuring range 0–40 °C, ac- 
curacy ±0.1 °C at 0 °C, 4-wire connection, signal conversion 

electronics with 4-20 mA output in the range 0–40 °C. 
A validation procedure was applied to reconstruct a con- 

tinuous three-decade time series from the daily water tem- 
perature values recorded at the two sites. The water temper- 
ature of the Po River was retrieved from the ARPAE database 
( https://dati.arpae.it/group/acqua ) for the two stations in the 

https://simc.arpae.it/dext3r/
https://dati.arpae.it/group/acqua
https://www.enel.com/it/media/esplora/ricerca-foto/photo/2020/03/italia-centrale-la-casella
https://www.a2a.eu/en/group
https://dati.arpae.it/group/acqua
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official monitoring network. The ARPAE Castel San Giovanni 
station (45 °05’30.0”N, 9 °26’44.2”E) is located close to the La 
Casella Power Station ( < 2 km), whereas the ARPAE Piacenza 
statio’ (45”03′ 37.9’N, 9”42′ 19.9"E) is located close to the A2A 

Piacenza Power Station ( < 1.5 km). Water temperatures were 
obtained from monthly sampling campaigns conducted on 

the same day (within < 2 hr) for the two stations as part of 
the ARPAE environmental monitoring program. The observa- 
tions made on the same day at the two ARPAE stations were 
consistent. Because of the very good correlation (Appendix A 

Fig. S2) and a discrepancy of less than 0.3 °C, on average, be- 
tween the observations, the merging of the two datasets was 
considered appropriate. Occasional missing data points (up to 
five consecutive days) owing to temporary maintenance oper- 
ations of the thermoelectric power plants were linearly inter- 
polated between two subsequent sampling events. From the 
daily temperature data, annual and seasonal trends in the av- 
erage, minimum, and maximum values were analysed accord- 
ing to the monthly clustering previously described for nutri- 
ent loads. The occurrence of warm days (i.e., the number of 
days with water temperatures above the long-term average) 
was assessed on an annual and seasonal scales. 

Nutrient loads transported seasonally and annually at the 
basin closing section (i.e., Pontelagoscuro) were related to 
the water temperature data recorded at the Piacenza section. 
Water temperature data that were both sufficiently detailed 

(daily) and recorded over the entire 1992–2020-time interval 
were not available for the Pontelagoscuro section. Although 

in the river reach between Piacenza and Pontelagoscuro the 
inflow of tributaries and groundwater does not substantially 
modify the thermal regime (data not shown), it should be 
noted that Pontelagoscuro is the most suitable section for cal- 
culating loads, as it is at the end of the basin before the delta, 
and Piacenza is the most suitable section for measuring tem- 
perature, as it is in the middle of the river, thus providing aver- 
age values of all the hydrological situations that contribute to 
the overall nutrient metabolism and denitrification capacity 
expressed by the river . 

Continuous air temperature measurements were obtained 

from a monitoring station located close to the course of the 
Po River, near the city of Piacenza (45”02′ 15.0’N, 9”42′ 03.5"E). 
Time series were retrieved from the ARPAE climate database 
( Antolini et al., 2016 ; https://dati.arpae.it/dataset/erg5- 
eraclito ) and analysed as previously described for the water 
temperature datasets. 

1.4. Calculation of nutrient loads from diffuse and point 
sources in the basin 

Changes in anthropogenic pressures in the Po River basin and 

in nutrient loads from diffuse (agriculture) and point sources 
(urban areas) were assessed by collecting census data at 10- 
years intervals over the last three decades. N and P loads from 

diffuse sources were quantified by calculating the soil budget 
(SB), i.e., accounting for the difference between inputs (live- 
stock manure, synthetic fertilizers, atmospheric deposition, 
and biological fixation in the case of N) and outputs via crop 

harvest ( Romero et al., 2021 ). Point sources (PS) N and P loads 
were quantified using resident population data and the per 
capita nutrient production coefficients corrected for the per- 

centage of sewerage systems connected to wastewater treat- 
ment plants and the depuration efficiency. The details of the 
calculation methods, sources of the census data and coeffi- 
cients are presented in Appendix A Tables S1, S2 and S3). 

1.5. Statistical analyses 

Parametric (linear regression) and non-parametric (Mann- 
Kendall, Sens’s slope and Pettitt’s test) tests were applied to 
the annual and seasonal historical data of temperature, river- 
ine nutrient loads, and discharge ( Helsel et al., 2020 ). The 
Mann–Kendall test was used to verify the presence of a sig- 
nificant monotonic trend in the time series, whereas Sen’s 
test quantified the magnitude of this change by calculating 
the slope of the linear interpolation model. The relationship 

between the water temperature and nutrient loads of the Po 
River (monthly values) was tested using Pearson’s correlation 

analysis. Statistical analyses were performed using the XL- 
STAT ( Addinsoft, 2022 ). In all cases, the trends and factors 
tested were considered to be statistically significant at p < 

0.05. 

2. Results and discussion 

2.1. Trajectories of annual and seasonal nutrient export 
from the Po River basin 

Over the last three decades, the annual TN load exported by 
the Po River to the Adriatic Sea showed high inter-annual vari- 
ability, ranging from ∼68,000 tons N/year (2017) to ∼238,000 
tons N/year (1996), while a significant negative trend was ob- 
served ( Fig. 2 a, Appendix A Table S4), with an average de- 
crease of 20% in the last decade compared to the ‘90s. Ni- 
trate was the most abundant form of N, accounting for 62%–
86% of the annual TN load ( Fig. 2 a), a common feature of 
agriculture-dominated watersheds ( Pina-Ochoa and Álvarez- 
Cobelas, 2006 ; Hill, 2023 ; Li et al., 2023 ). During the period 1992–
2020, a significant load reduction was also observed for NO3 

−

(23%), although the export varied greatly among years accord- 
ing to hydrological conditions, with the highest values occur- 
ring in 1996 and 2014 ( + 40%−54% of the long-term average an- 
nual discharge) and the lowest in 2007 and 2017 (−45% of the 
long-term average annual discharge). The annual NH4 

+ load 

was quantitatively much less relevant (1%−5% of TN load), 
but, similar to NO3 

−, reached a minimum in 2017 and a max- 
imum in 1996. During the study period, annual NH4 

+ export 
decreased by more than 50%, from ∼5,600 tons N/year in the 
early 1990s to less than 2,700 tons N/year in the last decade 
( Fig. 2 a, Appendix A Table S4). The annual loads of TP and 

PO4 
3−, accounting for on average of 40%, were characterized by 

a high inter-annual variability, mainly due to the highly vari- 
able hydrological conditions; however, in contrast to the loads 
of TN and its dissolved inorganic forms, without a significant 
decreasing trend in recent years ( Table 1 , Fig. 3 a). 

The decrease in nitrogen export to the Adriatic Sea was not 
related to changes in anthropogenic pressures in the catch- 
ment area or nutrient loads from diffuse (agriculture) and 

point sources (sewage). The soil N budget in agricultural land 

showed a steady constant excess in the last three decades 

https://dati.arpae.it/dataset/erg5-eraclito
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Fig. 2 – Trajectories of annual and seasonal N loads (TN, NO3 
−, and NH4 

+ ) and average discharge measured at the Po River 
closing section. 

Table 1 – Decadal changes (1990–2020) of the soil N budget (SB-N) and the N load from point sources (PS-N) in the Po River 
basin. All budget terms are expressed as ktons N/year. 

Year NMan NFert NFix NDep NHarv SB-N PS-N 

1990 214.1 ±30.6 231.0 ±3.2 194.3 ±33.3 31.9 ±4.7 336.8 ±22.3 334.5 ±94.1 40.3 ±1.8 
2000 221.6 ±31.8 217.8 ±3.0 174.4 ±28.0 31.9 ±4.8 372.6 ±24.6 273.1 ±92.2 22.1 ±2.2 
2010 221.9 ±29.4 170.9 ±2.3 149.7 ±25.5 24.3 ±3.7 290.8 ±22.3 276.0 ±83.2 22.9 ±2.4 
2020 222.2 ±31.0 195.4 ±2.7 126.5 ±21.2 24.5 ±3.7 270.1 ±18.8 298.4 ±77.4 23.4 ±2.5 

NMan = N in livestock manure; NFert = synthetic N fertilizers; NFix = biological fixation; NDep = atmospheric N deposition; NHarv = N export with 
crop harvest 

( Table 1 ). Total N inputs showed a slight decrease in 2010 com- 
pared to the previous two decades, but this was also asso- 
ciated with a decrease in crop N harvest, resulting in a net 
surplus that was not significantly different between the two 
periods, taking into account the uncertainty associated with 

the budget terms. In contrast to N, there was a marked de- 
crease in the soil P budget between 1990 and 2000, mainly 
due to the reduction in the use of synthetic fertilisers, which 

together with livestock manure are the main inputs to agri- 
cultural land ( Table 1 ). While the resident population of the 
Po River basin has remained almost stable over the last three 
decades ( ∼17 million), nutrient loads from point sources de- 
creased by about 45% between 1990 and 2000, and then re- 
mained almost constant until today. The reduction in nutri- 
ent loads from urban areas occurred exclusively in the first 
decade of the study period and followed a significant abate- 
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Fig. 3 – Trajectories of annual and seasonal P loads (TP and PO4 
3−) and average discharge measured at the Po River closing 

section. 

ment in direct discharges of untreated or poorly treated do- 
mestic wastewater into surface waters. Indeed, the enforce- 
ment of environmental policies and legislative acts aimed at 
controlling nutrient emissions from point sources, such as the 
construction of wastewater treatment plants, the introduc- 
tion of nitrification/denitrification processes, and the ban on 

polyphosphates in detergents in the early ‘90s, led to a marked 

reduction in N and P loads from domestic sources ( de Wit and 

Bendoricchio, 2001 ; Palmeri et al., 2005 ). Nitrogen load decline 
from urban areas may have been partly responsible for the de- 
crease of riverine NH4 

+ loads, but it was not in the order of 
magnitude to explain the decrease recorded for the riverine 
TN loads. Overall, nutrient loads from point sources have ac- 
counted for 3%–6% of the total nutrient inputs from diffuse 
agricultural sources over the last three decades ( Tables 1 and 

2 ). 
Previous experimental and modelling studies have quanti- 

fied the historical trajectories of annual nutrient export from 

the Po River basin (e.g., Cozzi et al., 2018 ; Viaroli et al., 2018 ), 

Table 2 – Decadal changes (1990–2020) of the soil P bud- 
get (SB-P) and the P load from point sources (PS-P) in the 
Po River basin. All budget terms are expressed as ktons 
P/year. 

Year PMan PFert PDep PHarv SB-P PS-P 

1990 62.8 ±4.2 55.38 ±0.7 0.67 ±0.1 53.1 ±3.1 65.8 ±8.1 6.5 ±0.3 
2000 57.4 ±3.2 37.95 ±0.5 0.67 ±0.1 63.36 ±4.0 32.7 ±7.8 3.5 ±0.6 
2010 57.71 ±3.1 27.92 ±0.4 0.61 ±0.1 50.72 ±4.0 35.5 ±7.5 3.6 ±0.6 
2020 49.9 ±2.7 27.1 ±0.4 0.50 ±0.1 51.70 ±4.0 25.8 ±7.1 3.7 ±0.6 

PMan = P in livestock manure; PFert = synthetic P fertilizers; PDep = at- 
mospheric P deposition; PHarv = P export with crop harvest 

but none of them have isolated the seasonal contributions and 

analysed their temporal evolution, although a preliminary in- 
vestigation of N export during the spring-summer months has 
been reported by Gervasio and co-authors (2022a) . The present 
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results clearly show that considering the overall decline in 

annual N loads may mask significant differences in the load 

trends at the seasonal scale. In the Po River, the main contri- 
butions to the annual TN loads were autumn (34% on aver- 
age, range 17%–56%) and winter (29% on average, range 14%–
42%), while spring and summer loads represented 15%–41% 

(23% on average) and 8%–21% (14% on average), of the corre- 
sponding annual values, respectively ( Fig. 2 ). The analysis of 
the seasonal trends showed a significant decline in summer 
and autumn for TN loads ( Fig. 2 d, e, Appendix A Table S4), de- 
creasing on average by 26% and 32%, respectively, in the last 
decade compared to the ‘90s, while this tendency was not de- 
tected in winter and spring when the temporal variation was 
more erratic ( Fig. 2 b, c, Appendix A Table S4). The seasonal 
distribution of NO3 

− and NH4 
+ overlapped with that of TN, 

with an average of two-thirds of the annual loads transported 

during the autumn-winter months. This is a common find- 
ing in watersheds with Mediterranean or temperate climates 
where most of the riverine N export occurs during the wet sea- 
son, when hydrological processes overwhelm the in-stream 

N metabolism ( McCrackin et al., 2014 ; Compton et al., 2020 ). 
The time series of NO3 

− loads exhibited a downward trend 

in summer and autumn ( Fig. 2 d, e, Appendix A Table S4), de- 
creasing by 32%, whereas no significant decline was observed 

in spring and winter, although the annual NO3 
− loads were 

reduced by 12%–22% in the last five years compared to the 
previous decades. No tendency towards reduced export was 
observed for P forms, except in summer ( Fig. 3 d, Appendix A 

Table S4). 
Over the last three decades, the hydrological conditions of 

the Po River have been characterized by large inter-annual os- 
cillations, but without any significant downward or upward 

trend. On a seasonal scale, only summer discharge showed 

a highly significant decrease with a breakpoint in the time 
series observed in 2002, the same year when the decline in 

summer TN and NO3 
− loads started (Appendix A Table S4, 

Table 3 ). In fact, the Po River experienced temporary phases of 
low regime during 2003–2007 and 2015–2017 ( Zanchettin et al., 
2008 ; Montanari et al., 2012 ; Marchina et al., 2019 ), the peri- 
ods most affected by prolonged droughts with a consequent 
strong reduction in nutrient loads transported to the coastal 
zones. 

After the flow normalisation procedure, highly significant 
downward trends were detected for loads of TN and the two 
dissolved inorganic species, NO3 

− and NH4 
+ , at both annual 

and seasonal scales, with the sole exception of summer (Ap- 
pendix A Table S4, Fig. 3 ), highlighting that a considerable con- 
tribution to the variability in summer nutrient transport was 
undoubtedly due to variations in water flow. The most marked 

decline of TN and NO3 
− loads occurred in spring (15%–19%) 

and autumn (18%–21%), whereas for NH4 
+ the decrease was 

generalized and always > 30% in the last decade compared 

to the ‘90s ( Fig. 4 ). In contrast to N, no significant downward 

trends were detected for the flow-normalized P loads ( Fig. 5 ). 
Assessing the intra-annual dynamics of nutrient loads is 

crucial for identifying those periods when the risk of eutroph- 
ication is particularly high. Phytoplankton growth and coastal 
biogeochemical dynamics are constrained by environmental 
factors that follow seasonal cycles ( Glibert, 2017 ; Cozzi et al., 
2018 ; Ricci et al., 2022 ), but seasonal patterns of nutrient loads 

are rarely analysed ( Gervasio et al., 2022a ), and there is a lack 
of systematic research predicting the effects of climate change 
on river nutrient cycling alongside the expected intra-annual 
export variations. This study provides the first evidence of 
long-term changes in N export from the Po River, demonstrat- 
ing a generalized decline over the years but with different ex- 
tent at the seasonal scale: lower N loads are transported to the 
Adriatic Sea throughout the spring-summer-early autumn pe- 
riod, when the risk of eutrophication in the coastal lagoons 
is higher. Summer N loads declined owing to a reduction 

in water flow, while downward trends in the other seasons 
are likely to be related to other drivers that require further 
investigation. 

2.2. Water temperature trends 

Since 1992, the annual average water temperature of the Po 
River has increased by almost 3.5 °C, corresponding to an 

overall rate of 0.12 °C/year and the warming accelerated in 

2004, when a breakpoint in the time series was detected 

( Table 3 ). The analysis of the daily river temperatures showed 

the existence of two phases: a condition of relative stability 
characterized the first decade of the series with an average 
value of 13.91 ±0.24 °C and low inter-annual variability, then a 
marked increase occurred, and the temperature varied widely 
among the years with a mean value of 15.95 ±0.97 °C ( Fig. 6 a). 
Highly significant upward trends were identified in all sea- 
sons, with the most pronounced warming signals in sum- 
mer (0.13 °C/year) and autumn (0.16 °C/year) starting in 2002 
and 2006, respectively ( Table 3 ), while the spring and winter 
increases averaged at 0.10 °C/year ( Fig. 6 a). The present out- 
comes were consistent with the analysis of the air temper- 
ature trends, which showed a significant warming in annual 
and seasonal values, with the highest slope in summer and 

the early 2000s as change point years in the time series (Ap- 
pendix A, Fig. S3, Table S5). This is in agreement with previ- 
ous long-term climate studies and model-based climate pro- 
jections demonstrating that warming has occurred through- 
out the Po River basin since the ‘80s, with more pronounced 

changes in summer followed by spring and elevated tempera- 
tures maintained until the mid-autumn ( Appiotti et al., 2014 ; 
Fioravanti et al., 2016 ; Vezzoli et al., 2015 ). 

The temperature increase measured for the Po River 
was found to be almost an order of magnitude (or at 
the very least two times) faster than the increases ob- 
served in other large temperate European rivers over simi- 
lar time periods ( Hannah and Garner, 2015 ; Arora et al., 2016 ; 
Hardenbicker et al., 2017 ; Ptak et al., 2022 ), suggesting that 
Mediterranean watercourses may be among the most vulner- 
able worldwide to the impacts of climate change and require 
more research attention. 

Similar to the trends observed for mean temperature, 
the minimum and maximum water temperature time se- 
ries showed marked warming since the 2000s and an in- 
creased inter-annual variability for both annual and the sea- 
sonal values ( Fig. 6 b, c, Table 3 ). The highest annual temper- 
ature values (up to 29–31 °C) were recorded in 2003–2007 and 

2015–2017, two periods characterized by both climatic anoma- 
lies (reduced precipitation, high air temperature in summer) 
and hydrological extremes (phases of low flow regime in 
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Table 3 – Summary of statistical results from the trend analysis performed on water temperature and discharge datasets. 
Values in bold are statistically significant at p = 0.05. Arrows indicate significant increasing or decreasing trends. 

Variable Period Linear 
regression 

Mann-Kendall Pettitt test 

p -value Kendall’s 
tau 

p -value Sen’s slope Trend K p -value Change 
point year 

Average 
water 
temperature 

Annual < 0.0001 0.695 < 0.0001 0.124 ↑ 200 < 0.0001 2004 
Winter < 0.0001 0.488 0.0002 0.103 ↑ 182 < 0.0001 2006 
Spring 0.0019 0.453 0.0006 0.093 ↑ 152 0.004 2002 
Summer < 0.0001 0.567 < 0.0001 0.134 ↑ 198 < 0.0001 2002 
Autumn < 0.0001 0.700 < 0.0001 0.160 ↑ 206 < 0.0001 2005 

Minimum 

water 
temperature 

Annual 0.0001 0.545 < 0.0001 0.120 ↑ 188 < 0.0001 2005 
Winter 0.0001 0.441 0.0008 0.101 ↑ 170 0.0004 2006 
Spring 0.0025 0.385 0.0036 0.094 ↑ 122 0.052 2003 
Summer < 0.0001 0.647 < 0.0001 0.157 ↑ 196 < 0.0001 2002 
Autumn 0.0003 0.451 0.0006 0.120 ↑ 146 0.0062 2005 

Maximum 

water 
temperature 

Annual < 0.0001 0.527 < 0.0001 0.162 ↑ 204 < 0.0001 2004 
Winter < 0.0001 0.438 0.0009 0.147 ↑ 154 0.0024 2010 
Spring 0.0007 0.481 0.0003 0.160 ↑ 182 < 0.0001 2001 
Summer < 0.0001 0.527 < 0.0001 0.162 ↑ 204 < 0.0001 2004 
Autumn < 0.0001 0.621 < 0.0001 0.224 ↑ 210 < 0.0001 2005 

Frequency of 
occurrence 

Annual < 0.0001 0.672 < 0.0001 0.005 ↑ 195 < 0.0001 2005 
Winter 0.0005 0.388 0.0034 0.013 ↑ 154 0.002 2006 
Spring 0.0068 0.410 0.0021 0.009 ↑ 143 0.0086 2002 
Summer < 0.0001 0.535 < 0.0001 0.018 ↑ 181 < 0.0001 2002 
Autumn < 0.0001 0.644 < 0.0001 0.014 ↑ 208 < 0.0001 2004 

Average 
discharge 

Annual 0.2225 -0.172 0.196 -11.591 102 0.193 2002 
Winter 0.8338 0.020 0.8955 2.161 56 0.6352 2008 
Spring 0.9554 -0.074 0.5865 -4.158 64 0.9118 2002 
Summer 0.0025 -0.379 0.0041 -17.511 ↓ 172 < 0.0001 2002 
Autumn 0.1210 -0.158 0.2373 -23.647 82 0.5262 2000 

Fig. 4 – Trajectories of flow-normalized seasonal TN (panel a), NO3 
− (panel b), and NH4 

+ loads (panel c) measured at the Po 

River closing section. 

the Po River) ( Zanchettin et al., 2008 ; Appiotti et al., 2014 ; 
Marchina et al., 2019 ). The highest warming rates for the 
Po River water were observed for maximum temperatures in 

spring, summer (0.16 °C/year) and autumn (0.22 °C/year) ( Fig. 6 ), 
together with the highest increase in the frequency of oc- 
currence, i.e. the number of days in each season with wa- 
ter temperature above the long-term average, that passed 

from ∼30% in the ‘90s to ∼80% and ∼70% in summer and 

autumn nowadays, respectively ( Fig. 7 ). Summer and au- 
tumn were also characterised by the most pronounced in- 
crease in air temperature and frequency of occurrence of 
warm days (Appendix A, Fig. S3, Fig. S4, Table S5). In paral- 

lel with the positive trends in water temperature, the occur- 
rence of warm days showed a noticeable increase at both the 
annual and the seasonal scales (Fig. 7; Table 3 ), suggesting 
an extension of the vegetative season length, as previously 
shown for the entire Mediterranean region ( Efthymiadis et al., 
2011 ) and other large European rivers ( Hardenbicker et al., 
2017 ). Water temperature trends were generally superimposed 

on air temperature trends, which is the main forcing fac- 
tor explaining long-term river temperature trajectories and 

inter-annual variability. The coupled effect of air tempera- 
ture warming, and reduced flow may explain why water tem- 
perature increased faster than air temperature, as found for 
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Fig. 5 – Trajectories of flow-normalized seasonal TP (panel a), and PO4 
3− loads (panel b) measured at the Po River closing 

section. 

Fig. 6 – Temporal trends of average (panel a), minimum (panel b), and maximum (panel c) temperature of the Po River water. 

other large European rivers ( Seyedhashemi et al., 2022 ). This 
effect is likely to be exacerbated in the future, as the Po 
River is expected to experience lower flows and more severe 
summer droughts because of reduced rainfall ( Vezzoli et al., 
2015 ). 

2.3. Impact of water temperature warming on in-stream 

nutrient cycling 

The link between climate change and eutrophication is con- 
troversial and currently under discussion. Several previous 
studies have reported an increased risk of eutrophication 

due to warming in lentic water bodies ( Jenny et al., 2016 ; 
Woolway et al., 2022 ). Although the scientific community 
has made remarkable progress in addressing the impacts 
of climate change in lakes and coastal zones ( Glibert, 2017 ; 
Meerhoff et al., 2022 ), the potential feedbacks between cli- 
matic anomalies, river functioning, and water quality are still 
understudied and far from being evidenced and proven. Nev- 
ertheless, their understanding is crucial for the definition and 

implementation of effective watershed management strate- 
gies to counteract eutrophication in heavily exploited areas, 
such as the Po basin. The intensification of extreme climatic 
events causes sharp fluctuations in hydrological conditions, 
with marked alternation between flash floods and periods 

of minimum flow, thereby affecting the rates of nutrient ex- 
port from agricultural soils to aquatic ecosystems, the wa- 
ter residence time and, consequently, the rates of perma- 
nent removal or temporary sequestration ( Baron et al., 2013 ; 
Goyette et al., 2019 ; Costa et al., 2022 ). Climate change is gen- 
erally expected to further delay European water quality goals 
by altering both the amount and timing of nutrient delivery 
from terrestrial ecosystems through changes in the magni- 
tude and seasonal patterns of precipitation ( Abily et al., 2021 ; 
Rozemeijer et al., 2021 ). Catchment-scale modelling studies 
developed for northern Europe have predicted boosted and ac- 
celerated annual riverine nutrient export in response to pro- 
jected increase in precipitation and rising leaching effects of 
increased water flows, and further enhanced by temperature- 
induced nutrient mineralisation in soils ( Øygarden et al., 2014 ; 
Plunge et al., 2022 ). In contrast, for the Mediterranean region, 
the climate models predicted a shift in the seasonal pattern 

of precipitation rather than a change in the total amount of 
precipitation, with more severe droughts in the summer and 

flash floods in the other seasons ( Sperna Weiland et al., 2021 ). 
The alternation between large floods and droughts is likely 
to disrupt biogeochemical dynamics in rivers, resulting in re- 
duced dilution effect during low flow periods and the rapid 

downstream delivery of large quantities of nutrients, particu- 
larly in particulate form, owing to the erosive power of intense 
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Fig. 7 – Frequency of occurrence of days with Po River water temperature above the long-term average (1992–2020). 
Long-term average values calculated from daily measurements were 15.2 °C, 8.4 °C, 17.8 °C, 22.9 °C, and 11.8 °C for the annual, 
winter, spring, summer, autumn periods, respectively. 

rainfall events ( Withers and Jarvie, 2008 ; Goyette et al., 2019 ; 
Abily et al., 2021 ). 

Contrary to previous studies in northern European catch- 
ments, a generalized negative trend in annual N loads was 
highlighted for the Po River, associated with a discharge re- 
duction only for the summer season. No significant varia- 
tions in annual P export were observed and this, together 
with the hydrological evidence, i.e., no significant long-term 

trend detected for the annual discharge, strongly supports 
the hypothesis that the riverine N load decline was not 
due to variations in load generation and transport but trig- 
gered by temperature-dependent effects increasing the river 

metabolic capacity. Highly significant negative seasonal corre- 
lations were found between monthly average water tempera- 
ture and TN loads and of its main dissolved inorganic species, 
i.e., NO3 

− and NH4 
+ ( Fig. 8 ). No significant relationship was 

found between water temperature and P export, highlighting 
that the main mechanisms responsible for P processing are 
not as strictly temperature dependent as N, which relies on 

key microbial processes such as nitrification and denitrifica- 
tion. In large turbid rivers, such as the Po, P cycling is likely 
less sensitive to temperature warming and the negative rela- 
tionship found between water temperature and P loads only 
in summer ( Fig. 9 ) likely reflects increased PO4 

3− uptake by 
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Fig. 8 – Correlations between monthly average water 
temperature and N loads measured at the Po River closing 
section. 

phytoplankton ( Withers and Jarvie, 2008 ). Differently to P, a 
1 °C increase in water temperature resulted in a 7% decrease 
of monthly TN and NO3 

− export in summer, almost 4% in 

spring and autumn, and about 2% in winter. Underlying bio- 
geochemical processes support the observed inverse relation- 
ship between water temperature and N loads ( Fig. 8 ). Water 
temperature warming is likely to stimulate heterotrophic ac- 
tivity, including denitrification, and create more favourable 
conditions for permanent NO3 

− removal ( de Klein et al., 2017 ; 

Fig. 9 – Correlations between monthly average water 
temperature and P loads measured at the Po River closing 
section. 

Velthuis and Veraart, 2022 ), resulting in lower N delivery to the 
coastal zones. 

The Po River basin is a global hotspot for NO3 
− pol- 

lution and eutrophication, and in recent years, denitrifica- 
tion rates have been widely measured in aquatic ecosystems 
within the basin (e.g., drainage canals, riverine wetlands, pit 
lakes and lagoons), as recently reviewed by Gervasio and co- 
authors (2022b) . On the contrary, denitrification has been lit- 
tle documented in the riverbed sediments of the main chan- 
nel. Evidence of riverine denitrification has been observed 

through the isotopic signature of river water collected from 

deltaic branches in summer ( Marchina et al., 2016 ). Some pre- 
liminary measurements of denitrification were performed re- 
cently in the lowland reach in mid-summer by incubation of 
intact sediment cores. The good agreement between NO3 

−

consumption and N2 production proved that denitrification 

is the dominant mechanism driving NO3 
− removal from the 

water column, with rates among the highest found in fresh- 
water and brackish environments ( Pina-Ochoa and Álvarez- 
Cobelas, 2006 ; Reisinger et al., 2016 ; Gervasio et al., 2022b ). 

Data on dissolved organic carbon in the lowland reach of 
the Po River are scarce ( Pettine et al., 1998 ) and its routine mea- 
surement has only recently been included in the institutional 
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monitoring programs. Concentrations average at 2.6 mg/L 
without any clear seasonal behavior, indicating that organic 
carbon is in equilibrium with NO3 

− availability (2.1 mg N/L, 
average value for the period 2018-2020). In fact, denitrifica- 
tion is an anaerobic respiration requiring organic carbon and 

NO3 
− in an approximate 1:1 ratio ( Taylor and Townsend, 2010 ). 

When process substrates (i.e., NO3 
− and labile organic carbon) 

are not limiting, denitrification has a strong positive temper- 
ature dependence and is therefore sensitive to warming, as 
are all biogeochemical reactions controlled by microbial ac- 
tivities ( de Klein et al., 2017 ; Velthuis and Veraart, 2022 ). This 
is consistent with the NO3 

− load time-series, which showed 

the most pronounced decline in summer and autumn, cor- 
responding to the most marked increase in water tempera- 
ture ( ∼3.5 °C and ∼4 °C in summer and autumn, respectively). 
Predicting the effects of climate change on denitrification in 

aquatic ecosystems is challenging because of the intertwined 

biogeochemical dynamics involved. Furthermore, experimen- 
tal evidence on the temperature dependence of denitrifica- 
tion is sparse and highly variable between systems. However, 
a comprehensive synthesis of empirical and modeling results 
obtained in freshwater sediments has suggested that, in the 
range 15–25 °C, denitrification rates may double upon a three- 
degree temperature rise ( Veraart et al., 2011 ). 

Nitrogen fate in rivers is not only affected by rising temper- 
ature, but other hydrological features depending on climate 
change, are also likely to impact the proximal drivers control- 
ling N processing. Water warming leads to significantly greater 
N removal efficiency during summer low flow conditions, 
when denitrification and biological uptake effectively control 
N loads and prevent delivery to downstream waters due to 
longer water residence time and higher ratio of bioactive sur- 
face area to water volume ( Birgand et al., 2007 ; Reisinger et al., 
2016 ). For the Po River, a significant increase in water temper- 
ature in all seasons, together with an extension of the veg- 
etative season length (i.e., an extended seasonal window of 
warm water temperatures) and prolonged durations of low 

flow periods, likely resulted in a longer residence time for 
NO3 

− and more opportunities for its removal in the river sed- 
iments along the lowland reaches. This evidence is supported 

by the inverse relationship between the number of warm days 
(i.e., days with water temperature above the long-term av- 
erage) and the export of dissolved inorganic N forms in the 
spring-summer period (Appendix A, Fig. S5). It cannot be ex- 
cluded that exceptional conditions of water scarcity and pro- 
longed drought may partially disconnect rivers from flood- 
plains, wetlands, and riparian ecosystems, reducing the ex- 
tent of flooded areas and thus the possibility of reactive N re- 
moval and the denitrification capacity of the whole river sys- 
tem ( Bernal et al., 2013 ; Cerco and Tian, 2021 ). 

The negative relationship between water temperature 
and NH4 

+ loads in all seasons, except summer, suggests 
that warming may also have stimulated nitrification ( Pina- 
Ochoa and Álvarez-Cobelas, 2006 ; Birgand et al., 2007 ). In the 
Po River, the water column is indeed generally well mixed, 
and the dissolved oxygen concentration is generally at or near 
100% saturation, making the oxygen status of the surface sed- 
iment suitable to support coupled nitrification-denitrification 

( Gervasio et al., 2022a ). This condition differs from that of 
other Mediterranean rivers which are experiencing declining 

oxygen levels correlated to upward trends of water tempera- 
tures ( Diamantini et al., 2018 ). On the other hand, prolonged 

summer low flow conditions may promote the establishment 
of thermal and/or saline gradients and lead to partial or com- 
plete stratification, preventing the complete mixing of the wa- 
ter column and the NH4 

+ oxidation in the benthic compart- 
ment due to limited oxygen availability at the sediment-water 
interface ( Gervasio et al., 2022b ; Tarolli et al., 2023 ). 

Despite the importance of bacterial denitrification in reg- 
ulating N fluxes along the terrestrial-freshwater-marine con- 
tinuum, the effect of ongoing hydrological variations and wa- 
ter temperature shifts on this process remains understud- 
ied. As data on the response of denitrification to tempera- 
ture are usually obtained from microcosm experiments, it 
is challenging to forecast larger scale effects. Inferring how 

microbial communities will respond to gradual temperature 
increases, such as those occurring in aquatic ecosystems, 
is not entirely possible from short-term laboratory studies 
( Veraart et al., 2011 ; de Klein et al., 2017 ), making the outcome 
of global environmental change on N removal efficiency diffi- 
cult to predict, despite the need to optimize future N budgets 
and management strategies. Watershed-scale studies have 
demonstrated a negative relationship between air tempera- 
ture and N export to coastal zones ( Schaefer and Alber, 2007 ; 
Salmon-Monviola et al., 2013 ; Wagena et al., 2018 ), suggest- 
ing that warming may lead to significantly higher denitrifi- 
cation efficiency across the landscape. Similarly, the results 
of the present work suggest that increased riverine denitri- 
fication associated with rising water temperatures may con- 
tribute to mitigate the N loads exported from Mediterranean 

catchments, with relevant implications to partially prevent 
coastal eutrophication. 

3. Conclusions 

The present study showed that for the Po River, downward 

trends in N export over the last three decades were corre- 
lated with upward trends in water temperature and an in- 
creasing number of warm days. The reduction of N loads can 

be seen as an unexpected consequence of climate change, en- 
hancing rates of microbial denitrification in river sediments, 
with potential negative feedback on coastal eutrophication. 
In human-impacted watersheds, the study of the generation, 
transport, and transformation of nutrient loads is a key issue 
for the implementation of environmental policies to control 
eutrophication and protect coastal zones. Future scenarios of 
nutrient export from catchments must consider the simul- 
taneous effects of hydrological changes and temperature in- 
creases that are already co-occurring. There is still a lack of 
scientific understanding of the net effects of climatic and hy- 
drological extremes (e.g., dry summers or springs with unusu- 
ally high temperatures) on the biogeochemistry of both fresh- 
water and coastal ecosystems. It is crucial to investigate the 
combined effects of multiple stressors such as temperature, 
nutrient pulses following flood events, saline intrusion, on the 
self-depuration capacity and the balance between N removal 
and recycling processes in lowland stretches and deltas in or- 
der to predict how climate change will alter N fate in rivers. 
Furthermore, to fully understand how climate change will af- 
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fect eutrophication, it is necessary to incorporate the results of 
experimental studies on the intrinsic temperature response of 
key nutrient cycling processes into catchment-scale models. 
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Appendix A Supplementary Data 

Section 1 

 

Figure S1: Correlation between annual NO3
- loads at the closing section of the Po River basin 

(tons N/year, 2000–2020) calculated by the flow-adjusted concentration method and by the 

linear interpolation method. 
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Figure S2: Relation between water temperature measured at Castel San Giovanni station and 

at Piacenza station. Data source: ARPAE (2000–2020; https://dati.arpae.it/group/acqua).  
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Section 2 

Collection of census data 

Statistics at the provincial level were obtained from the data warehouse of the National 

Institute of Statistics (ISTAT), published in the framework of the Annals of Agrarian Statistics 

(http://dati.istat.it/) and of the Annals of Resident Population (http://demo.istat.it/index.php). 

A total of 32 provinces (ranging in area from ~400 to ~6,900 km2) were included, either wholly 

or partially within the catchment boundary. According to the official EU nomenclature for 

regional statistics elaborated by EUROSTAT (2015), Italian provinces correspond to the NUTS-

3 territorial level. The statistical data were collected by consulting the printed volumes of the 

Annals for the years 1990 and 2000, and by web searches in the ISTAT data warehouse for the 

years 2010 and 2020. The values at the provincial level (of N and P loads from diffuse or point 

sources) were aggregated at the catchment scale by weighting, through GIS analysis (QGIS 

software, version 3.16), the values of each province based on the percentage of area included 

within the catchment boundaries. 

 

Calculation of nutrient loads from diffuse sources (soil budget-SB) 

Nutrient budgets in agricultural soils were calculated for the years 1990, 2000, 2010 and 2020, 

as follow: 

𝑆𝑁 − 𝑁 =  𝑁𝑀𝑎𝑛 + 𝑁𝐹𝑒𝑟𝑡 + 𝑁𝐹𝑖𝑥 + 𝑁𝐷𝑒𝑝 − 𝑁𝐻𝑎𝑟𝑣            (1) 

 

𝑆𝐵 − 𝑃 =  𝑃𝑀𝑎𝑛 + 𝑃𝐹𝑒𝑟 + 𝑃𝐷𝑒𝑝 − 𝑃𝐻𝑎𝑟𝑣                       (2) 

Where: 

NMan and PMan = N and P in livestock manure applied to agricultural soils  

NFert and PFert = synthetic N and P fertilizers applied to agricultural soils  

NFix = N2 fixation by N fixing crops 

NDep and PDep = atmospheric N and P deposition in agricultural soils 

NHarv and PHarv = N and P export from agricultural soils with crop harvest 

 

For each budget term, the type of data, equation and data sources are detailed below. 

Through a Monte Carlo analysis, an uncertainty has been attached to each budget term, 

obtained by propagating the errors in the coefficients used to calculate each specific item. The 

http://dati.istat.it/
http://demo.istat.it/index.php


uncertainty of the coefficients, expressed in terms of coefficient of variation (CV), was based 

on the best available information for the study area. Otherwise, values commonly used in 

watershed nutrient budgeting studies were assumed (Kroeze et al., 2003; Spiess, 2011; 

Cameira et al., 2019). It was assumed that all coefficients vary stochastically and 

independently around the mean with a normal probability distribution. For each simulation, a 

set of coefficients was randomly generated from probability distribution functions and a total 

of 1000 simulations were run. 

N and P inputs from livestock manure were calculated from a) livestock density data (divided 

into 8 main categories and 30 subcategories according to species, age, and purpose), b) live 

weight of each livestock category and c) N and P excretion rates of each livestock category 

(DM 07/04/2006, Decree of the Italian Ministry of Agricultural and Forestry Policy on 

disciplinary agronomic use; Table S1). Provincial livestock data were obtained from the Annals 

of Agrarian Statistics (http://dati.istat.it/). For livestock excretion rates, CVs of 25% (cattle) 

and 10% (other livestock categories) were used (DM 07/04/2006, Decree of the Italian 

Ministry of Agricultural and Forest Policies on disciplinary agronomic use; Xiccato et al., 2005). 

It was assumed that manure was only used for spreading on arable land within the province 

where each farm was located. 

N and P inputs (tons/year) from livestock manure were calculated as follows: 

 

𝑁𝑀𝑎𝑛, 𝑃𝑀𝑎𝑛 = ∑ (𝐸𝑥𝑐 ∙ 𝐿𝑊 ∙ 𝑁)/1000𝑙𝑖𝑣𝑒𝑠𝑡𝑜𝑐𝑘                      (3) 

 

Where: 

Exc = N and P excretion rates of each livestock category (kg/ton live weight/year) 

LW = live weight of each livestock category (tons) 

N = livestock density for each category (N° of heads) 

 

N and P inputs from synthetic fertilizers were estimated using official data on provincial-scale 

distribution retrieved from the Annals of Agrarian Statistics (http://dati.istat.it/) and 

converted into nutrient quantities using the average N and P content for each fertilizer type. 

The data included simple mineral N (calcium cyanamide, nitrates, ammonium sulphate, urea, 

and others N fertilizers), simple P fertilizers (simple superphosphate, triple superphosphate, 

http://dati.istat.it/
http://dati.istat.it/


and other P fertilizers), compound mineral fertilizers (NP, NK, KP and NPK compounds), 

organic and organo-mineral fertilizers and soil amendments.  It was assumed that the quantity 

distributed in each province corresponded to the quantity actually applied to the cropland in 

the same province. However, the data were cross-checked with the total nutrient demand 

calculated from the fertiliser application rates recommended for each crop by the Rural 

Development Programmes of the regions included in the Po catchment. A CV of 5% was 

assumed for the nutrient content of the fertiliser (Spiess, 2011). 

N input from biological fixation was calculated from a) the area of each N-fixing crop type 

(alfalfa and soybean) and b) the areal rates of symbiotic N fixation. Biological N fixation rates 

were estimated by multiplying the production per unit area (i.e., yield) by the N uptake 

coefficient of harvested portion (Table S2), corrected by a multiplicative factor expressing the 

ratio of total biomass produced to harvested biomass. CVs of crop yield and N uptake 

coefficients were assumed to be 15% and 25%, respectively (Kroeze et al., 2003; Spiess, 2011). 

Values of 1.7 and 1.3 were used for alfalfa and soybean, respectively, according to Anglade et 

al. (2015). The provincial area and yield for each crop were obtained from the Annals of 

Agrarian Statistics (http://dati.istat.it/). According to the Rural Development Programme of 

the Regions belonging to the Po River basin, N fertilization is not allowed for N-fixing crops.  

N input (tons N/year) from symbiotic fixation was calculated as follows:  

 

𝑁𝐹𝑖𝑥 = ∑ (𝑌 ∙ 𝑈𝑝𝑡 ∙ 𝐵𝐺𝑁 ∙ 𝑈𝐴𝐴)/1000𝑁−𝑓𝑖𝑥𝑖𝑛𝑔 𝑐𝑟𝑜𝑝                     (4) 

where: 

Y = yield of the harvest portion of each N-fixing crop (tons/ha)  

BGN = factor expressing the ratio of the total biomass produced with respect to harvested 

biomass 

Upt = N uptake coefficient of the harvest portion of N-fixing crop (kg N/ton) 

UAA = surface of each N-fixing crop (ha) 

 

Literature rates of 1–8 and 1–10 kg N/ha/year were uses for non-symbiotic N fixation in arable 

land and permanent crops, respectively (McKee and Eyre, 2000; Herridge et al., 2008; 

Butterbach-Bahl et al., 2011).  

http://dati.istat.it/


The spatialized mean of atmospheric deposition of oxidized N for the Po River basin varied 

between 8.5 (years 2010, 2020) and 9.5 kgN/ha/year (years 1990, 2000) according to the 

EMEP-Cooperative Programme for Monitoring and Evaluation of the Long-range Transmission 

of Air Pollutants in Europe (https://www.emep.int/). As conventionally done for N budget 

calculations at the watershed scale, only oxidized N species are considered, as deposition of 

reduced N species is likely to reflect local recycling, as NH3 is short-lived in the atmosphere 

(Hong et al., 2012). The CV of N deposition was assumed to be 15% (Spiess, 2011). For P input 

from atmospheric deposition, an average value of 0.2 kg P/ha/year, representative of 

Northern Italy, was used (Mosello et al., 2002; Guieu et al., 2010; de Fommervault et al., 2015). 

N and P inputs from atmospheric deposition (tons/year) were calculated as follows: 

 

𝑁𝐷𝑒𝑝, 𝑃𝐻𝑎𝑟𝑣 = 𝐴𝐷𝑒𝑝 ∙ 𝑈𝐴𝐴𝑡𝑜𝑡                        (5) 

where: 

ADep = areal values of atmospheric deposition of N and P (kg/ha/year) 

UAAtot = total agricultural surface (ha) 

 

N and P outputs from crop harvest were calculated using a) the area of each crop type 

cultivated in the study area, b) N and P uptake coefficients, and c) the yield of the harvested 

portion of each crop (Table S2). For N-fixing crops, the N amount exported from agricultural 

land was assumed to be equal to the amount fixed in above-ground biomass. Provincial area 

and yield for each crop type were obtained from the Annals of Agrarian Statistics 

(http://dati.istat.it/). CVs of crop yield and nutrient uptake coefficients were assumed equal 

to 15% and 25%, respectively (Kroeze et al., 2003; Spiess, 2011; Cameira et al., 2019). 

N and P outputs (tons/year) from crop harvest were calculated as follows: 

𝑁𝐻𝑎𝑟𝑣 , 𝑃𝐻𝑎𝑟𝑣 = ∑ (𝑌 ∙ 𝑈𝑝𝑡 ∙ 𝑈𝐴𝐴)/1000𝑐𝑟𝑜𝑝               (6) 

where: 

Y = yield of the harvest portion of each crop (tons/ha)  

Upt = N and P uptake coefficients of the harvest portion of each crop (kg/ton) 

UAA = surface of each crop (ha) 

 

Calculation of nutrient loads from point sources (PS) 

https://www.emep.int/
http://dati.istat.it/


N and P loads from point sources were quantified using resident population data (Annals of 

Resident Population, http://demo.istat.it/index.php) and per capita production coefficients 

(12.5 g N/day, 1.8 g P/day; Bertanza and Boiocchi 2022) corrected for the percentage of 

sewerage systems connected to wastewater treatment plants-WTTPs (primary, secondary and 

tertiary treatment) and the corresponding depuration efficiency (Po river basin District 

Authority, 2015; https://pianoacque.adbpo.it/piano-di-gestione-2015/; Emilia-Romagna 

Region, 2017; https://datacatalog.regione.emilia-romagna.it/catalogCTA/) (Table S3).  

http://demo.istat.it/index.php
https://pianoacque.adbpo.it/piano-di-gestione-2015/
https://datacatalog.regione.emilia-romagna.it/catalogCTA/


 

Table S1: Livestock categories, live weights, and N and P excretion rates.  

Category Sub-category 
Live 

weight 
(kg) 

N excretion rate 
(kg N/ton live 
weight/year) 

P excretion rate 
(kg P/ton live 
weight/year) 

Cattle cattle <1 year 220 67 18  
cattle 1-2 year: males 350 84 25  
cattle1-2 year: females 300 120 25  
cattle >2 years: males for 
reproduction 

800 84 25 

 
cattle >2 years: heifers for 
breeding 

600 120 25 

 
cattle >2 years: heifers for 
slaughtering 

600 84 25 

 
cattle >2 years: dairy cows 600 138 35  
cattle >2 years: cows for meat 
and/or work 

600 120 26 

Buffaloes buffalo calves 200 67 18  
famale buffaloes 600 138 35  
other buffaloes 300 84 25 

Equidae horses 350 69 26  
other (donkeys and mules) 200 69 26 

Goats goats 50 99 40  
other goats 25 99 40 

Sheep breeding females: dairy sheep 60 99 32  
breeding females: other sheep 50 99 32  
other sheep 35 99 32 

Pigs piglets < 20 kg 15 110 31  
pigs 20-50 kg  40 110 31  
pigs for fattening 50- 80 kg 65 110 31  
pigs for fattening 80- 110 kg 95 110 31  
pigs for fattening >110 kg 120 110 31  
males for reproduction 250 110 31  
sows 180 101 32 

Poultry broilers 1 250 68  
laying hens 1.9 230 94  
turkeys 6.5 167 68 

Rabbits breeding females 3.5 143 95  
other rabbits 1.7 143 95 

  



Table S2: N and P uptake coefficients of the main crops (harvested portions) considered in 

the budget calculations. 

Type Crop 
N uptake 

coefficient 
(kg N/ton) 

P uptake 
coefficient 
(kg P/ton) 

Cereals common wheat and spelt 21.0 3.9 
durum wheat 22.8 3.9 

rye 19.3 3.1 

barley 18.1 3.1 

oats 19.1 2.6 

grain maize 14.9 3.1 

sorghum 15.9 3.1 

other cereals 18.0 3.1 

Industrial crops potato 4.2 0.4 

sugar beet  2.2 0.7 

rape and turnip rape  3.4 5.7 

sunflower 28.0 5.1 

soya beans  58.2 5.9 

Fresh vegetables tomato for processing  2.6 0.3 

 other fresh vegetables 5.0 1.3 

Temporary 
grassland 

alfalfa 27.0 2.2 

other multi-annual temporary grass  21.5 2.4 

annual grass: green maize consumed 
directly  

4.0 0.7 

annual grass: green maize for silage  4.0 0.7 

other monophytous annual grass, cereal  4.0 0.7 

other annual grass 26.0 1.3 

Permanent 
grassland 

meadows 19.7 3.9 

pastures 8.0 6.5 

Permanent 
woody crops 

vineyard 2.0 0.3 

apple-tree  0.6 0.1 

peach-tree  1.3 0.3 

apricot-tree  1.3 0.2 

pear-tree  0.6 0.1 

nectarine-tree  1.4 0.3 

kiwi-tree  1.5 0.2 

  



Table S3: Percentage of resident population connected to wastewater treatment plants 

with primary, secondary, and tertiary treatments and correspondent nutrient removal 

efficiency. 

year 

Primary 
treatment 

(% of 
population) 

Removal 
(%) in 

WTTPs 
with 

primary 
treatment 

Secondary 
treatment 

(% of 
population) 

Removal (%) in 
WTTPs with 
secondary 
treatment 

Tertiary 
treatment 

(% of 
population) 

Removal (%) in 
WTTPs with 

tertiary 
treatment 

  N P  N P  N P 

1990 50 15 20 50 60 58 0 72 58 
2000 5 15 20 26 60 70 69 72 70 
2010 3 15 20 27 60 70 70 72 70 
2020 3 15 20 27 60 70 70 72 70 
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Section 3 

Table S4: Summary of statistical results from the trend analysis performed on nutrient load 

datasets. Values in bold are statistically significant at p=0.05. Arrows indicate significant 

increasing or decreasing trends. 

Variable Period 

Linear 

regression 
Mann-Kendall Pettitt test 

p-value 
Kendall’s 

tau 
p-value Sen’s slope Trend K p-value 

Change 

point 

year 

TN load 

Annual 0.0262 -0.266 0.0447 -1780.045 ↓ 112 0.1036 2002 

Winter 0.5144 -0.088 0.5115 -170.710  56 0.619 2015 

Spring 0.2388 -0.207 0.1194 -423.409  90 0.364 2002 

Summer 0.0280 -0.286 0.0310 -293.398 ↓ 140 0.0128 2002 

Autumn 0.0197 -0.261 0.0489 -852.509 ↓ 108 0.1294 2000 

Flow-
normalized TN 

load  

Annual 0.0049 -0.360 0.0065 -703.853 ↓ 136 0.018 2010 

Winter 0.0093 -0.281 0.0340 -226.507 ↓ 144 0.0058 2010 

Spring 0.0005 -0.429 0.0012 -300.727 ↓ 124 0.0472 2006 

Summer 0.8542 0.044 0.7498 8.362  66 0.9878 2016 

Autumn 0.0013 -0.443 0.0008 -378.030 ↓ 170 0.0002 2009 

NO3
- load 

Annual 0.0127 -0.310 0.0190 -1533.585 ↓ 114 0.0832 2002 

Winter 0.5357 -0.059 0.6662 -115.265  54 0.5352 2015 

Spring 0.2179 -0.222 0.0950 -227.593  94 0.2898 2002 

Summer 0.0090 -0.275 0.0373 -231.433 ↓ 138 0.0146 2002 

Autumn 0.0138 -0.300 0.0232 -705.060 ↓ 108 0.1298 2000 

Flow-

normalized 

NO3
- load 

Annual 0.0214 -0.271 0.0409 -639.659 ↓ 126 0.0368 2011 

Winter 0.0263 -0.256 0.0533 -173.576  150 0.0044 2010 

Spring 0.0035 -0.374 0.0046 -184.579 ↓ 128 0.0306 2006 

Summer 0.4266 -0.054 0.6936 -18.165  58 0.6994 2006 

Autumn 0.0014 -0.414 0.0017 -397.842 ↓ 162 0.0012 2009 

NH4
+ load 

Annual <0.0001 -0.571 <0.0001 -147.600 ↓ 198 <0.0001 2004 

Winter <0.0001 -0.478 0.0003 -50.652 ↓ 196 <0.0001 2004 

Spring 0.0007 -0.468 0.0003 -27.055 ↓ 166 0.0008 2005 

Summer 0.2384 -0.157 0.2373 -7.321  80 0.587 1999 

Autumn 0.0007 -0.478 0.0003 -64.543 ↓ 174 0.0002 2005 

Flow-

normalized 

NH4
+ load 

Annual <0.0001 -0.566 <0.0001 -118.324 ↓ 210 <0.0001 2005 

Winter <0.0001 -0.556 <0.0001 -58.623 ↓ 202 <0.0001 2004 

Spring 0.0012 -0.448 0.0007 -22.822 ↓ 184 0.0002 2008 

Summer 0.7373 -0.030 0.8365 1.089  72 0.8216 2009 

Autumn <0.0001 -0.576 <0.0001 -63.706 ↓ 194 <0.0001 2005 

TP load 

Annual 0.0682 -0.202 0.1287 -95.631  80 0.5852 2014 

Winter 0.8924 -0.054 0.6936 -4.854  58 0.6926 2015 

Spring 0.4634 -0.162 0.2227 -24.331  72 0.811 2013 

Summer 0.0138 -0.310 0.0190 -27.015 ↓ 118 0.0642 2002 

Autumn 0.0719 -0.212 0.1108 -57.694  84 0.4936 2005 

Annual 0.1347 -0.123 0.3580 -27.297  82 0.524 2013 

Winter 0.3392 -0.148 0.2684 -8.644  104 0.1644 2009 



 

Table S5: Summary of statistical results from the trend analysis performed on air temperature 

datasets. Values in bold are statistically significant at p = 0.05. Arrows indicate significant 

increasing trends. 

 

Flow-

normalized TP 

load 

Spring 0.2462 -0.187 0.1595 -9.203  64 0.9208 1999 

Summer 0.2088 -0.217 0.1027 -10.335  78 0.6318 2013 

Autumn 0.3102 -0.128 0.3387 -16.583  84 0.4708 2013 

PO4
3- load 

Annual 0.1594 -0.256 0.0533 -39.780  112 0.0976 2002 

Winter 0.4715 -0.157 0.2373 -6.159  64 0.9126 2015 

Spring 0.9853 0.000 1.000 -0.144  56 0.6054 1996 

Summer 0.3090 -0.217 0.1027 -7.174  118 0.0636 2002 

Autumn 0.1322 -0.335 0.1130 -20.511  110 0.1066 2000 

Flow-

normalized 

PO4
3- load 

Annual 0.6299 -0.143 0.2850 -14.531  114 0.0896 2008 

Winter 0.1447 -0.217 0.1027 -7.607  134 0.2360 2008 

Spring 0.6201 0.049 0.7215 1.240  50 0.3932 2015 

Summer 0.4445 0.049 0.7215 1.155  54 0.541 2018 

Autumn 0.4518 -0.069 0.613 -4.650  102 0.1736 2007 

Variable Period 

Linear 

regression 
Mann-Kendall Pettitt test 

p-value 
Kendall

’s tau 
p-value Sen’s slope Trend K p-value 

Change 

point 

year 

Average air 

temperature 

Annual 0.0002 0.473 0.0003 0.049 ↑ 152 0.0036 2001 

Winter 0.2255 0.148 0.2684 0.027  84 0.4738 2013 

Spring 0.0280 0.335 0.0113 0.049 ↑ 128 0.0290 2002 

Summer 0.0006 0.438 0.0009 0.075 ↑ 152 0.0034 2002 

Autumn 0.0216 0.286 0.0310 0.050 ↑ 114 0.0818 2001 



 

Figure S3: Temporal trends of average air temperature recorded at Piacenza station near the 

Po River course. Data source: ARPAE climatic “Eraclito” database 

(https://dati.arpae.it/dataset/erg5-eraclito). 
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Figure S4: Number of days with air water temperature above the long-term average (1992–

2020). Long-term average values calculated from daily measurements were 14.3°C, 6.0 °C, 

18.4°C, 23.4°C, and 9.1°C for the annual, winter, spring, summer, autumn periods, respectively. 

Dashed lines show statistically significant trends. 
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Figure S5: Correlation between the number of days with water temperature above the long-

term average (1992–2020) and DIN (NO3
-+NH4

+) loads measured at the Po River closing section 

in spring and summer. Long-term average values calculated from daily measurements of water 

temperature were 17.8°C and 22.9°C for the spring and summer periods, respectively. 
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Abstract
Temperature is one of the most fundamental drivers governing microbial nitrogen (N) dynamics in
rivers; however, the effect of climate change-induced warming on N processing has not been
sufficiently addressed. Here, annual, and seasonal (spring and summer) N loads exported from the
Po River watershed (Northern Italy), a worldwide hotspot of eutrophication and nitrate pollution,
are investigated in relation to water temperature trends over the last three decades (1992–2019).
Despite large inter-annual variations, from the early 1990s, the Po River experienced a significant
reduction in total N loads (−30%) represented mainly by nitrate, although agricultural N surplus
in croplands and other watershed conditions have remained constant. In parallel, the Po River
water is steadily warming (+0.11 ◦C yr−1, for average annual temperature) and the number of
warm days is increasing (+50%, in the spring–summer period). The inverse relationship between
water temperature and N loads strongly indicated that the higher temperatures have boosted the
denitrification capacity of river sediments along the lowland reaches. Overall, over the last three
decades, annual total N loads declined by around one-third due to a near 3 ◦C increase in
temperature and this evidence was even more marked for the summer season (−45% for total N
loads and+3.5 ◦C for temperature). Based on these observations, it is suggested that near-term
effects of climate change, i.e. warming and an increase in the duration of low-flow periods in
rivers, may have negative feedback on eutrophication, contributing to partially buffer the N export
during the most sensitive period for eutrophication.

1. Introduction

Anthropogenic reactive nitrogen (N) inputs in agri-
cultural watersheds have dramatically increased
during the 20th century, with multiple detrimental
environmental effects including water pollution,
eutrophication, aquatic ecosystem functioning, biod-
iversity loss, and human health impacts [1–3]. The
interaction between land use, hydroclimatic, and
biogeochemical drivers over space and time mainly
influences N use efficiency in croplands, runoff rates,
and riverine N export from watersheds [4–6]. The
amounts of N that reach coastal zones depend on
an array of processes occurring across the landscape

(e.g. crop uptake, leaching from the soil, nitrifica-
tion, denitrification, etc) that are temperature- and
precipitation-dependent. Thus, the alteration of the
hydrological cycle and thermal regimes under cli-
mate change scenarios is expected to significantly
affect both themagnitude and timing of N processing
and delivery to inland waters and ultimately the sea
[7–9]. Changes in precipitation frequency, intensity,
and duration alter watershed hydrological cycles by
emphasizing extreme hydrologic events (floods and
droughts) and, consequently, the seasonality of N
load generation and transport from land to aquatic
ecosystems via runoff. Reductions in precipitation
and higher evaporation rates are expected to decrease

© 2022 The Author(s). Published by IOP Publishing Ltd
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discharge in summer, whereas higher winter rainfall
or periods with short-term but heavy precipitation
likely result in increased discharge and N leaching
from agricultural areas outside the growing season
[10, 11].

Studies on climate change and river water qual-
ity have almost exclusively focused on assessing the
impact of altered hydrological regimes on runoff and
nutrient loss from croplands and riverine transport.
However, the impact of climate change on watershed
biogeochemical cycles (N in particular) depends not
only on changes in precipitation and runoff but also
on water temperature changes. While trends in cli-
matic variables (i.e. air temperature and precipita-
tion) arewell documented inmanywatershedsworld-
wide, studies concerning the trajectories of riverwater
temperature are still limited due to the scarcity of
long-term and high-resolution datasets. Thus, the
effect of climate warming on the thermal regime and
thus on microbial activity and N budget of river
systems is still understudied [e.g. 12–14]. Warmer
waters may stimulate, both directly and indirectly, the
N-removal capacity of rivers, thereby reducing the
amount of N transported to coastal zones. Denitri-
fication, the anaerobic reduction of nitrate (NO−

3 )
to N gas, is regarded as one of the main regulating
ecosystem functions provided by rivers and is a cru-
cial process that counteracts eutrophication [15, 16].
Like all microbial processes, denitrification is con-
trolled by temperature, and higher water temperat-
ures also enhance sediment oxygen demand and the
extent of hypoxic or anoxic conditions in the benthic
compartment [17, 18].

An interesting scientific question is how water-
sheds react to climate change with respect to N
inputs to water bodies and the resulting timing of
in-stream transformation, removal, and transport
processes. For example, increasing water temperat-
ure induced by climate change, especially in sum-
mer, may strengthen the N-removal capacity of
rivers, thereby attenuating the N loads transported
to coastal zones during the most eutrophication-
sensitive period. Studies targetingNbudgets inwater-
sheds and related N loads and processing in rivers are
usually conducted on an annual scale [4, 6, 19].Whilst
annual N export is a useful indicator in temporal
or comparative studies, is not sufficient for assessing
eutrophication risk. The management of the timing
and impacts of N export requires the detailed quanti-
fication of seasonal N loads, particularly in spring and
summer when eutrophication potential is the highest
in terminal water bodies [20, 21].

In the Mediterranean region, which is charac-
terized by warm dry summers and wet winters, the
impacts of climate change may be among the most
severe worldwide [5, 22, 23]. The Po River basin
(Northern Italy) is a worldwide hotspot of eutroph-
ication and NO−

3 pollution and, as such, represents
a useful study area that has been experiencing high

flow variation and increased frequency and severity
of air temperature anomalies and drought over the
last few decades [19, 24–28]. Comprehensive studies
have demonstrated a significant increase in bothmin-
imumandmaximum temperature extremes in all sea-
sons in Northern Italy, although the strongest warm-
ing trends have been detected from the early 1980s in
summer, with an average rate of change of approxim-
ately 0.5 ◦C every 10 years together with an increasing
frequency of heatwaves, which has resulted in a longer
growing season [29–32].

In human-impacted watersheds, the study of N
load formation, transport, and delivery is a key issue
for implementing environmental policies aimed at
protecting the coastal zones, with strong implications
for productive sectors and urban wastewater man-
agement, and it must necessarily consider the climate
change that is altering the inland waters. At present, it
remains unknown whether climate change and water
temperature affect in-stream N processing and trans-
port in the Po river. To address this knowledge gap,
for the first time, the present study explored the rela-
tionship between the Po River water temperature and
N loads over the last three decades (1992–2019). The
main hypothesis is that the occurrence of higher tem-
peratures over longer periods boosts the sedimentary
microbial processes responsible for N removal (i.e.
nitrification and denitrification) and, thus, decreases
N export to the Adriatic Sea, particularly during the
spring and summermonths, themost sensitive period
for eutrophication.

2. Materials andmethods

2.1. Study area
The Po River is the longest river in Italy, flowing east-
ward across Northern Italy for over 650 km (figure 1),
and is also the largest river, with an average discharge
of ∼1500 m3 s−1 at its closing section [33]. The Po
drainage basin extends over an area of ∼75 000 km2,
a large portion of which constitutes the widest and
most fertile lowland in Italy (∼47 000 km2). The
Po River is supported by both Alpine and Apen-
nine’s tributaries, fed mainly by snowmelt and rain-
fall, respectively, resulting in an annual flow regime
that is characterized by two flood periods (in spring
and late autumn) and two low-water periods (in sum-
mer and winter) [34]. The basin covers the transition
zone between the sub-continental climate of Central
Europe and the Mediterranean climate, with an aver-
age annual precipitation of approximately 1200 mm
[35]. The Po River basin is densely urbanized and
an intensely exploited area, accounting for 40% of
Italy’s gross domestic product and 35% of national
agricultural production. With some of the highest
rates of N losses to surface water and groundwater
[19, 36, 37], this region is responsible for approxim-
ately two-thirds of the total nutrient inputs to the
Northern Adriatic Sea [38–40].
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Figure 1.Map of the Po River basin and its hydrographic network. The blue line represents the main Po River course, and the two
monitoring stations are indicated as black triangles. The borders of the Italian Regions are shown as gray lines with the following
main cities indicated: Turin (TO), Milan (MI), Parma (PR), Mantua (MN), and Ferrara (FE).

2.2. Datasets of river water temperature
Accurate and continuous water temperature data-
sets, representative of the middle-lower reach of the
Po River, were acquired from two monitoring sta-
tions, operated by energy companies, located at the
cooling water intake of the power plants. Daily aver-
age water temperature data were recorded near the
city of Piacenza (Emilia-Romagna Region, stream
kilometer 330) at La Casella Power Station by the
ENEL group (Italian multinational manufacturer
and distributor of electricity and gas; www.enel.com/
it/media/esplora/ricerca-foto/photo/2020/03/italia-c
entrale-la-casella) from 1992 to 2005, and at Piacenza
Power Station by the A2A Life Company Group
(www.a2a.eu/en/group) from 2006 to 2019, giving
a complete dataset for the period 1992–2019. Water
temperature measurements were carried out using
resistance temperature detector (RTD) probes with
platinum Pt100 resistance thermometers having a
nominal resistance of 100 Ω at 0 ◦C defined accord-
ing to IEC 751 (EN 60751) .Other sensor character-
istics: measuring range 0–40 ◦C; accuracy ±0.1 ◦C
at 0◦ C; 4-wire connection; signal conversion elec-
tronics with 4–20 mA output in measuring range
0 ◦C–40 ◦C. The validation procedure to reconstruct
a continuous three-decade time series is reported
in the supplementary material 1. From temperature
daily data, the annual and seasonal trends in average
values were analyzed for the spring (April–June) and
summer (July–September) periods.

2.3. Calculation of riverine N loads
Monthly NO−

3 and ammonium (NH+
4 ) loads and

total nitrogen (TN) exported to the Adriatic Sea

were calculated using discharge and concentration
datasets for the study period (1992–2019) at
the closing section of the Po River basin, which
is conventionally located at Pontelagoscuro
(44◦53′19.34′′N, 11◦36′29.60′′E) near the city of
Ferrara (Emilia-Romagna Region; stream kilo-
meter 586). Daily average discharge was acquired
from the permanent records of a gauge oper-
ated by the Environmental Agency (ARPAE) of
the Emilia-Romagna Region and retrieved from
the ‘Hydrological Annals—Second Part’ pub-
lished by ARPAE, the electronic versions of which
are available on the Regional Open Data Portal
(https://simc.arpae.it/dext3r/). Nitrogen species con-
centrations were obtained from fortnightly (or
monthly) sampling campaigns carried out by ARPAE
under the framework of the environmental monit-
oring program (https://dati.arpae.it/group/acqua).
Sample collection and analysis were performed
in accordance with standard methods and analyt-
ical protocols adopted by regional environmental
agencies [41]. When not provided, TN concen-
trations were calculated from the concentrations
of DIN (NO−

3 + NH+
4 ) according to the formula

TN = 0.93 × DIN + 0.75 (r2 = 0.54; p < 0.001),
obtained by relating time series including simultan-
eous TN and DIN measurements.

Nutrient loads were calculated as the product
of the daily discharge and nutrient concentra-
tion (measured fortnightly or monthly and inter-
polated to daily intervals) and aggregated into
monthly means. The method employed for the
monthly load calculation was based on the lin-
ear interpolation of concentration values between
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two subsequent sampling events [42, 43], as
follows (1):

L= k ·
n∑

j=1

Cint
j ·Qj (1)

where Cj
int is the daily N species concentration

(g N m−3) linearly interpolated between two meas-
ured samples, Qj is the daily discharge (m3 s−1), n
is the number of days in each month, and k is a
conversion coefficient to take the recorded period
into account (e.g. 365 d for annual loads). Sea-
sonal load trends in the spring and summer periods
(t N season−1) were evaluated according to the fol-
lowing monthly clustering: April–June (spring) and
July–September (summer). Annual loads (t N yr−1)
were computed by summing up all the monthly con-
tributions. To validate the annual loads calculated by
the interpolation concentrationmethod, the obtained
values were compared to those calculated by flow-
adjusted concentration method. Flow-adjusted con-
centrations are commonly employed for assessing
annual loads and are recommended in monitoring
guidelines [44] and international conventions (e.g.
OSPAR-Convention for the protection of the mar-
ine environment of the North-East Atlantic) [45],
but they are not valid for calculating monthly (and
thus seasonal) loads because the environmental mon-
itoring quality programs typically carry out just one
sampling permonth. A very good correlation between
the annual values calculated by the two methods was
found (r2 = 0.99, p < 0.001) and a discrepancy of
about 5% on average (see supplementary material 2).

With the aim of assessing if long-term nutrient
load trends might be mediated by the Po River water
temperature trends, monthly flow-normalized loads
(Ln) were calculated according to [46] to remove the
effects of varying inter-annual hydrological condi-
tions on N transport:

Ln= L ·Kh (2)

whereKh (hydrological coefficient). The hydrological
coefficient was obtained as the ratio of the long-
term (period 1992–2019) average outflow of a spe-
cific month to the monthly outflow of a particular
year. The annual normalized loads were computed by
summing up the monthly normalized loads. Simil-
arly, the seasonal normalized loads were calculated by
summing up the normalized loads from April to June
and from July to September, for spring and summer
period, respectively.

2.4. Reconstruction of historical changes in diffuse
and point N sources
Because the Po River basin is among the most agri-
culturally productive and densely populated areas in
Italy, changes in agricultural practices and popula-
tions could result in changes in riverine N load-
ing. The temporal evolution of diffuse and point N

sources in the watershed was checked by collecting
census data at an almost 10 year time interval for
agricultural land occupied by different crop types
and production systems, numbers of farmed animals,
synthetic fertilizer application practices, and human
population. Statistics were integrated in a N budget-
ing approach previously applied to several sub-basins
of the Po River system [37, 47, 48]. Details regarding
the data sources, computational methods, and uncer-
tainty assessment of the diffuse and point N sources
are presented in supplementary material 3.

2.5. Statistical analyses
Annual and seasonal time series of temperature, riv-
erine N loads, and water flow were analyzed using
parametric (linear regression) and non-parametric
tests (Mann–Kendall, Sen’s slope, and Pettitt’s test).
Pearson correlation analysis was used to investigate
the relationship between temperature and riverine N
loads. All statistical tests were performed using the
software R (Core Team, 2021) with the Kendall pack-
age for the Mann–Kendall test and the Trend pack-
age [49] for the other analyses. The tested factors
and trends were considered statistically significant at
p < 0.05. Details of the statistical tests are presented in
supplementary material 4.

3. Results and discussion

3.1. Nitrogen load trends
During the period 1992–2019, the annual TN
loads at the closing section of the Po River basin
showed a significant negative trend (p < 0.05,
figure 2(a)), decreasing by nearly 33%, correspond-
ing to a reduction of approximately 2000 t yr−1.
Depending on outflow variations linked to pre-
cipitation, the TN export varied greatly among
years, ranging between ∼68 000 t N yr−1 (2007
and 2017) and ∼237 000 t N yr−1 (1996). As is
commonly found in agricultural settings [15, 16],
the nitrate load accounted, on average, for >75%
(range = 62%–86%) of the TN load, whereas the
contribution of NH+

4 was comparatively minor
(range = 1%–5%) (figure 2(a)). Compared to the
early 1990s, the NO−

3 load declined over the study
period by more than 30% (p < 0.05, figure 2(a)),
showing inter-annual variations that coincided with
those detected in the TN load. The highest annual
NO−

3 export (∼160 000 t yr−1) occurred in 1996,
while the lowest amount (∼50 000 t N yr−1) occurred
in both 2007 and 2017. Over the study period, the
annual NH+

4 load decreased by approximately two-
thirds (p < 0.001, figure 2(a)) from ∼6300 t N yr−1

in the early 1990s to less than 2000 t N yr−1 in recent
years. The hydrological conditions have also varied
significantly during this period, although there has
been no significant long-term trend in the annual
outflow. For example, 2007 and 2017 were extremely
dry, with outflow values 42%–45% lower than the
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Figure 2. Temporal trends in nutrient loads (NH+
4 , NO−

3 ,
and other N forms) and outflow measured at the closing
section of the Po River basin on an annual basis (panel (a)),
in spring (panel (b)), and in summer (panel (c)).
NH+

4 +NO−
3 + other N forms= TN. Note that the Y-axis

differs between the panels.

long-term average and corresponding to lower N
transport. Conversely, 2014 was an extremely wet
year with an annual outflow >50% higher than the
long-term average, and consequently higher N trans-
port. In the Po River, early signals of climate change

effects have been reported over the last three decades,
when hydrological extremes have become progress-
ively amplified [19, 33, 34], with large floods followed
by persistent drought conditions [50, 51].

The trajectories of riverine N loads were not
related to human pressures, productive sectors and
the associated generation of N loads from diffuse and
point sources. Indeed, the N balance across the cro-
plands of the Po River basin revealed a steadily con-
stant surplus during the 1990–2019 period, averaging
∼180 kt N yr−1 (figure 3). The total N input during
this period was estimated to exceed 600 kt N yr−1,
mostly derived bymanure spreading (36%), synthetic
fertilizers (33%) and biological fixation (26%). The
total N output during the study period was estim-
ated to exceed 430 kt N yr−1, mainly associated with
crop harvesting (74%). Total watershed N inputs to
croplands showed a slight decline in 2010 (∼14%)
with respect to the previous two decades, but this was
coupled to a decrease also in total N outputs (∼15%)
resulting, if the associated uncertainty is considered,
in a net budget (i.e. surplus) not significantly different
over the studied period.While the human population
in the Po River basin has remained relatively constant
over the last three decades at∼17 million, important
legislative acts aimed at improving urban wastewa-
ter treatment plants (e.g. Directive 91/271/EEC) were
followed by an appreciable reduction in the direct
discharge of untreated or poorly treated domestic
wastewater [28]. Nitrogen loads from point sources
decreased by nearly 45% between 1990 and 2000 and
then remained almost constant until 2019 (figure 3)
and this may have been partly responsible for the
clear decrease of riverine NH+

4 loads. Despite this, the
decrease was not in the order of magnitude to explain
the decrease recorded for the riverine TN loads. Over-
all, over the entire investigated period, N loads from
urban areas accounted for less than 5% of the total
N input from diffuse agricultural sources. Since the
early 1990s, NO−

3 pollution has become the main
concern for surface water and groundwater in the
Po River basin because the measures introduced by
the European Directives for controlling widespread
agricultural and livestock sources (i.e. 91/676/EEC,
2000/60/EC) have been largely ineffective [27, 52].
Recent studies have shown that in agricultural land-
scapes, artificial water bodies such as irrigation canals
and drainage ditches may act as natural wetlands in
terms of provision of biogeochemical services, i.e. the
mitigation of N excess via denitrification [47, 53].
The capillary network of artificial waterways crossing
the Po River plain was implemented over the centur-
ies, from the Etruscan age to the 1960s, with mul-
tiple purpose, i.e. irrigation, drainage, and flood con-
trol [54–56]. It is reasonable to hypothesize that the
N amount removed via denitrification by the whole
canal network remained stable along the three dec-
ades analyzed in the present study and thus it is very
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Figure 3. Decadal changes (1990–2019) in diffuse and point N sources (kt N yr−1) in the Po River basin.

unlikely to explain the major reduction observed in
the Po River NO−

3 loads, whose cause is to be found
elsewhere.

Spring and summer nutrient loads represented
on average 19%–24% and 13%–14% of the corres-
ponding annual values, respectively (figures 2(b) and
(c)). Summer TN and NO−

3 loads exhibited high
inter-annual variations, ranging from ∼8000 (2003)
to ∼3000 t N season−1 (2002), and from ∼5500
(2003) to ∼27 600 t N season−1 (2002), respectively.
The analyzed dataset contained years with rather
extreme summertime hydrological conditions; the
summers of 2002 and 2014 were very wet, with out-
flow 56%–66% higher than the long-term summer
average. In contrast, the summers of 2003 and 2007
were extremely dry, with outflow 39%–53% lower
than the 1992–2019 average. The period from 2003
to 2007 was characterized by frequent and persistent
summer drought that culminated in daily discharge
frequently <300 m3 s−1. Of the six most-prolonged
drought events recorded during the last century, four

occurred between 2003 and 2007, with the lowest
daily discharge of∼170m3 s−1 occurring in July 2006
[33, 57, 58]. The time series of summer loads exhib-
ited a negative trend for TN and NO−

3 (p < 0.01,
figure 2(c)), decreasing on average by 42%–47%,
while a significant downward trend, if tested by linear
regression, was not detected in spring when load vari-
ations among years were more erratic (figure 2(b)).
Differently to TN and NO−

3 , NH
+
4 loads decreased by

nearly 62% in spring (p < 0.01; figure 2(b)), whereas
linear regression was no statistically significant in
summer (figure 2(c)).

Summer outflow decreased by nearly 34% (1.3%
per year), highlighting that drought events have
been exacerbated during the more recent decades
as previously demonstrated by hydrological studies
[25, 33, 34]. The calculation of flow-normalized loads
showed that the annual transport of TN, NO−

3 , and
NH+

4 at the Po River closing section decreased by
15%, 14%, and 61%, respectively, along the entire
investigated period (figures 4(a), (d), and (g)). The
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Figure 4. Temporal trends in flow-normalized N loads (TN, NO−
3 , and NH+

4 ) measured at the closing section of the Po River
basin on an annual basis (panels (a), (d), and (g)), in spring (panels (b), (e), and (h)), and in summer (panels (c), (f), and (i)).
Note that the Y-axis differs between the panels. Dashed lines show statistically significant trends.

results of the Mann–Kendall and Sen’s slope analyses
on flow-normalized nutrient loads showed negative
Z values, confirmed by a negative slope, indicating
downward trends since 1992 both at the annual and
seasonal scale (table 1). The Pettitt’s test showed that
the decline in seasonal nutrient loads began in 2006
(figures 4(b), (c), (e) and (f)), except for NH+

4 for
which trends began in 2008 for spring (figure 4(h))
and in 2009 for summer (figure 4(i)), resulting in
annual loads started to decrease around 2010.

3.2. Water temperature trends
Significant positive trends in the annual, spring, and
summer water temperature series of the Po River
were identified for the 1992–2019 period (figure 5),
as demonstrated by the positive Sen’s slope values
(table 1). The annual average temperature increased
during this period by ∼3 ◦C, corresponding to an
overall warming rate of 0.11 ◦C yr−1, although
the pattern of change showed two moments: the
annual series from 1992 to 2002 were characterized
by relative stability with an average temperature of
13.87 ± 0.22 ◦C and low inter-annual variability;

while an abrupt increase occurred after 2002 with a
slope ofmore than 0.18 ◦C yr−1 and high fluctuations
among the years (average 15.88± 0.88 ◦C) (figure 5).
The highest annual temperatures (up to∼17 ◦C)were
recorded in 2007 and 2015, 2 years marked by signi-
ficant thermal (high air temperature) andmeteorolo-
gical (low precipitation) signals [26, 32]. Seasonally,
the average spring and summer water temperatures
increased by nearly 2 ◦C (0.07 ◦C yr−1) and 3.5 ◦C
(0.13 ◦C yr−1) over the monitoring period, respect-
ively (figures 5(b) and (c)), with the most marked
warming trends and inter-annual variability starting
in 2002 (table 1). These temperature increases resul-
ted to be faster than the average increases observed
in other large European and American rivers in tem-
perate zones during similar periods [59, 60]. How-
ever, the present outcomes agree with previous stud-
ies indicating a major contribution to warming from
the hottest period of the annual cycle with stronger
positive trends for late spring–summer months and a
significant advance of spring warming [61–65].

Meteorological stations located nearby the Po
River course showed a significant positive trend for
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Table 1. Results of the statistical analyses.

Linear regression Mann–Kendall Sen’s slope Pettitt

Period p-value p-value S Z Q K Year

Flow-normalized
TN loading

Annual 0.001 <0.001 −132 −2.59 −744.77 134 316 2010
Spring 0.001 <0.001 −170 −3.34 −326.40 33 282 2006
Summer — <0.001 −74 −1.44 −66.61 20 519 2006

Flow-normalized

NO−
3 loading

Annual 0.05 <0.001 −92 −1.80 −630.06 104 556 2011
Spring 0.001 <0.001 −152 −2.98 −221.59 24 275 2006
Summer — <0.001 −26 −0.49 −19.93 15 024 2006

Flow-normalized

NH+
4 loading

Annual <0.001 <0.001 −214 −4.21 −126.44 5493 2005
Spring 0.01 <0.001 −160 −3.14 −22.02 700 2008
Summer — <0.001 −36 −0.69 −3.37 745 2009

Temperature Annual <0.001 <0.001 236 4.64 0.12 14.0 2002
Spring 0.01 <0.001 160 3.14 0.09 17.1 2002
Summer <0.001 <0.001 192 3.77 0.14 21.1 2002

Outflow Annual — <0.001 −62 −1.20 −0.39 60.45× 109 2002
Spring — <0.001 −122 −2.39 −0.14 12.60× 109 2002
Summer 0.05 <0.001 −20 −0.37 −0.03 17.29× 109 2002

Figure 5. Annual (black line), spring (blue line), and summer (red line) average temperatures of the Po River water between 1992
and 2019. Dashed lines show statistically significant trends.

air temperature, recording an increase of about 2 ◦C
in annual and summer average values and an increase
of about 1 ◦C in spring average values over the
last three decades (figures S2 and S3, supplement-
ary material 1). The present data was confirmed by
previous meteorological studies that have demon-
strated how the air temperature in Po River basin
has been affected by warming in the period 1952–
2002, recording an increase of over 1 ◦C for aver-
age annual values [66] and detecting stronger posit-
ive anomalies in the mountain areas compared to the
lowlands and the delta region [67]. Further studies

have demonstrated an increase in annual maximum
temperatures with linear and constant trends of about
0.5 ◦C every 10 year and predicted a raise of 3 ◦C–
4 ◦C by the end of the last decade, as it happened [68]
and an even higher temperature anomaly for the next
decades [66].

Pettitt’s test on the Po River water temperature
highlighted a positive trend starting in 2002 (table 1)
and this was consistent with themostmarked increase
in air temperature detected from the beginning of
the 2000s (figure S3, supplementary material). Des-
pite long-term increases in river water temperatures
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Figure 6. Numbers of days annually (black bars), in spring (blue bars), and in summer (red bars) having water temperature above
the long-term average for the Po River (1992–2019). Long-term average values calculated from daily measurements were 15 ◦C,
18 ◦C, and 23 ◦C for the annual, spring, and summer periods, respectively. Dashed lines show statistically significant trends.

being correlated to increases in air temperatures, sur-
prisingly, the warming trend of the Po River water
was stronger than the atmosphere, when the latter is
supposed to contribute to the warming of the former.
These unusual data may be ascribed to the joint effect
of rising air temperature and reduced outflow on river
temperature trends [65].

In parallel to the upward temperature trends, the
annual occurrence of warm days (i.e. the number of
days with water temperatures above the long-term
average) increased by more than 50% for both the
spring and summer periods (figure 6). This condition
was in agree with previous studies reporting, for the
Mediterranean area, a significant increase of the days
with warm temperature extremes [69–71], suggest-
ing that the growing season length is increasing. The
occurrence of warm days in summer is often related
to low-flow conditions, as was the case for the period
from 2003 to 2007, which was characterized by pro-
longed drought in the Po River basin. However, this
has not been the case in the last decade, indicating that
the Po River is becoming more sensitive and vulner-
able to such extreme temperature events with ongo-
ing climate change, as demonstrated for other large
European rivers [64].

3.3. Negative feedback between climate change and
eutrophication
The present outcomes demonstrated that the Po
River water is steadily warming, with the number
of warm days increasing over time and higher water
temperatures corresponding to lower N loads dur-
ing the entire spring–summer period, the time of
year when the risk of coastal zone eutrophication is
greatest [72, 73]. Indeed, highly significant negat-
ive (p < 0.0001) correlations were detected between
average water temperature and monthly loads of TN
and NO−

3 (figures 7(a)–(d)). When the temperature
increased by 1 ◦C, TN and NO−

3 loads decreased by
approximately 7% and 4% in summer and spring,

respectively. A weaker but still significant negat-
ive correlation (p < 0.05) was also found between
the average water temperature and monthly NH+

4

loads in spring (figure 7(e)). The inverse relationship
observed between temperature and TN loads (mainly
NO−

3 ) strongly indicates that the higher water tem-
peratures recorded during the last few decades have
stimulated NO−

3 removal via denitrification in the
river sediments along the lowland reaches (figure 7).
This likely act to partially buffer the eutrophication
risk in the coastal waters. While several studies sug-
gest that water temperature increases may alter the
biodiversity and biological structure and function-
ing of rivers [59, 74], the resulting effects on ecosys-
tem functions (i.e. N removal) and, ultimately, the
regulation of ecosystem services (i.e. self-depuration
capacity) remains unclear and warrant greater atten-
tion. Experimental laboratory studies have shown
that warming boosts nitrification and denitrifica-
tion rates alongside enzymatic reactions in freshwa-
ter sediments [17, 18, 75], but there is a lack of sys-
tematic research forecasting global warming effects
on N cycling in rivers and expected changes in N
loads [76]. When a suitable substrate, NO−

3 , and
labile carbon are available, denitrification generally
responds positively to increases in water temperat-
ure. At the closing section of the Po River, dissolved
organic carbon during the spring–summer months
average 1.8 mg l−1, indicating that organic carbon
is balanced with respect to NO−

3 availability (aver-
aging 1.7 mg N l−1, 1992–2019 period) according
to a theoretical ratio of ∼1 based on denitrifica-
tion stoichiometry [77]. The dissolved organic car-
bon concentrations in the lower reaches of the Po
River tally with those measured in other agricultural
rivers [78, 79], which demonstrates that denitrifica-
tion is not likely limited by the organic carbon supply.
Higher water temperatures decrease oxygen solubil-
ity and increase sediment oxygen respiration, thereby
limiting the oxygen penetration depth and result-
ing in a synergistic indirect effect that strengthens
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Figure 7. Correlations between average water temperature and flow-normalized nutrient loads (TN, NO−
3 , and NH+

4 ) measured
at the closing section of the Po River basin in spring (panels (a), (c), and (e)) and summer (panels (b), (d), and (f)). Note that the
Y-axis differs among the panels. Dashed lines show statistically significant correlations.

the denitrification capacity [17, 75]. The inverse rela-
tionship between water temperature and NH+

4 loads
in spring also suggests that warming may stimu-
late nitrifying activity (figure 7(e)). Po River water
column is indeed thoroughly mixed, thus dissolved

oxygen concentrations are typically at or near 100%
saturation, and the oxygenation of surface sediments
is likely sufficient to support coupled nitrification–
denitrification. However, as is widely reported, when
water NO−

3 concentrations exceed 0.5 mg N l−1,

10



Environ. Res. Lett. 17 (2022) 084031 M P Gervasio et al

denitrification is expected to be fueled mainly by
NO−

3 diffusing from the water column to the anoxic
sediment layers [15, 16].

All biogeochemical NO−
3 dissimilative pathways,

including denitrification and DNRA (dissimilat-
ory NO−

3 reduction to NH+
4 ), may be affected

by water warming, both as a direct temperature
effect on enzyme activity and as indirect temperat-
ure effect on sediment redox conditions (i.e. oxy-
gen shortage because of decreased oxygen solubil-
ity or enhanced consumption rates). Organic carbon
availability generally determines whether denitrific-
ation or DNRA will dominate in NO−

3 reduction,
with organic enrichment and reducing (sulfidic) con-
ditions under persistent stratification shifting NO−

3

reduction towards more pronounced DNRA, with
internal NO−

3 recycling to NH+
4 [80, 81]. However,

this is not the case in the Po River where sedi-
ments are sandy and organic matter content is gen-
erally low [82]. Stimulation of DNRA by increased
water temperature cannot be completely excluded,
but this would have contributed to NH+

4 accumula-
tion in water, a condition not evidenced. On the con-
trary, the inverse relationship between water temper-
ature and NH+

4 loads suggested that warming might
also have stimulated nitrifying activity as, in the Po
River, the water column is constantly mixed and oxy-
gen saturated, a condition favoring NH+

4 consump-
tion via nitrification–denitrification coupling. Des-
pite direct measurements are still lacking, on the
base of the evidence reported here, DNRA is likely
a negligible pathway of N cycling in the Po River
sediments.

The links between climate change and eutroph-
ication are being debated and outcomes of many
previous studies pointed towards an aggravation of
eutrophication due to warming lentic water bod-
ies [83]. Differently, warming and an increase in
the duration of low-flow conditions might enhance
the denitrification capacity of the river as a whole
and partially reduce the risk of eutrophic conditions
in the coastal zones. As temperatures are projected
to increase in temperate regions over the coming
decades, the present outcomes suggest an enhanced
future denitrification, representing a natural way to
counteract the harmful effects of eutrophication. Air
temperatures are expected to rise across the entire Po
River basin during all seasons and water temperatures
will likely track this trend with the most significant
changes occurring in summer alongside reductions
in discharge [84]. A decrease in eutrophication phe-
nomena in the PoRiver delta and nearby coastal zones
may be expected, in the medium term, due to neg-
ative feedback between climate change and eutroph-
ication in association with a potential water quality
improvement.

4. Conclusions

The present study demonstrated that water tem-
perature is a critical factor regulating N dynamics
in rivers and water temperature increase associ-
ated with climate change may exert primary con-
trol on watershed-scale N export. The observed Po
River temperature increase was likely associated with
enhanced rates of microbial processes and more
favorable conditions for denitrification and NO−

3

removal. Rivers are under pressure from eutrophic-
ation and warming, but an increased temperature-
driven N dissipation capacity may ameliorate the
quality of riverine water conveyed during the spring–
summer period, partially preventing the degradation
of coastal zones. As microbial communities drive
key N cycle biogeochemical processes, understand-
ing their response to climate change provides import-
ant insight into the river functioning regulation both
now and in the future. Scenarios of in-streamN loads
and export changes will benefit from further research
into the relationships between climatic conditions
and denitrification. The direct connection between
climate warming and NO−

3 removal efficiency high-
lighted here demonstrates that differentiating climate
change effects on denitrification during the spring
and summer months is crucial for evaluating the N
load delivery to the sea during those times of the year
when the risk of eutrophication is greatest.
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Supplementary Materials 1 

Datasets of air and water temperature 

Po River water temperature was retrieved from the ARPAE (Regional Environmental 

Protection Agency of the Emilia-Romagna region) database 

(https://dati.arpae.it/group/acqua) for two stations belonging to the official monitoring 

network. The ARPAE Castel San Giovanni station (45°05'30.0"N, 9°26'44.2"E) is close to La 

Casella Power Station (less than 2 km), while the ARPAE Piacenza station (45°03'37.9"N, 

9°42'19.9"E) is close to A2A Piacenza Power Station (less than 1.5 km). Water temperatures 

were obtained from monthly sampling campaigns carried out, the same day (within a few 

hours) for the two stations, under the framework of the ARPAE environmental monitoring 

program. Observation taken the same day at the two ARPAE stations were consistent. Due to 

the very good correlation (Fig. S1) and a discrepancy of less than 0.3°C, on average, between 

observations, we considered appropriate to combine the two datasets (from 1992 to 2005 for 

La Casella Power Station and from 2006 to 2019 for A2A Piacenza Power Station) to 

reconstruct a continuous three-decade time series. 

 

 

Figure S1: Correlation between water temperature measured at Castel San Giovanni station 

and Piacenza station. Black line shows statistically significant correlation; statistical data are 

https://dati.arpae.it/group/acqua


on the right top of the panel. Data source: ARPAE (1992-2019; 

https://dati.arpae.it/group/acqua). 

 

 

 

Figure S2: Map of six monitoring air stations of Eraclito (ARPAE climatic datasets) located near 

the city of Piacenza and the Po River course (modified from Basemap of ArcMap 10.2.2; 

source: Esri, Maxar, GeoEye, Earthstar Geographics, CNES/Airbus DS, USDA, USGS, AeroGRID, 

IGN, and the GIS User Community). 

https://dati.arpae.it/group/acqua


 

Figure S3: Temporal trend of annual, spring and summer average air temperature recorded at 

six monitoring stations near the city of Piacenza and the Po River course. Dashed lines show 

statistically significant trends. Data source: ARPAE climatic “Eraclito” database 

(https://dati.arpae.it/dataset/erg5-eraclito).  

https://dati.arpae.it/dataset/erg5-eraclito


Supplementary Materials 2 

Validation of annual riverine N load calculation 

 

Figure S4: Correlation between annual nitrate loads calculated by the linear interpolation 

method and by flow-adjusted concentration method.  



Supplementary Materials 3 

Collection of census data 

Statistics were retrieved, at the provincial scale, from the data warehouse of the National 

Institute of Statistics (ISTAT), published in the framework of the Annals of Agrarian Statistics 

(http://dati.istat.it/) and of the Annals of Resident Population 

(http://demo.istat.it/index.php). A total of 32 provinces (surface from ~400 to ~6900 km2), 

either totally or partially included within the basin boundary, were considered. According to 

the official EU division for regional statistics elaborated by EUROSTAT (2015; [1]), Italian 

provinces correspond to the NUTS-3 territorial level. The collection of statistical data was 

carried out through the consultation of printed volumes of Annals for the years 1990 and 2000 

and through web searches in the ISTAT data warehouse for the years 2010 and 2019. Province-

level N budgets were aggregated at the catchment scale by weighting, via GIS analysis (QGIS 

software, version 3.16), each province values based on the percentage of surface included 

within the watershed boundaries. 

 

Calculation of N loads from diffuse sources 

The N loads from diffuse sources were quantified by calculating the N balance across the 

agricultural lands (AL), accounting for the net difference between inputs (livestock manure, 

synthetic fertilizers, atmospheric deposition, and biological fixation) and outputs (crop 

harvest, ammonia volatilization, and denitrification) across the AL. Nitrogen budget was 

calculated for the years 1990, 2000, 2010 and 2019, as follow: 

 

𝑁 𝑏𝑢𝑑𝑔𝑒𝑡 =  𝑁𝑀𝑎𝑛  + 𝑁𝐹𝑒𝑟  +  𝑁𝐹𝑖𝑥 + 𝑁𝐷𝑒𝑝 – 𝑁𝐻𝑎𝑟𝑣 –  𝑁𝑉𝑜𝑙 –  𝑁𝐷𝑒𝑛                                                                

(1) 

 

Where: 

NMan = livestock manure  

NFert = synthetic fertilizer  

NFix = N2 fixation by N fixing crops 

http://dati.istat.it/
http://demo.istat.it/index.php


NDep = atmospheric deposition on AL 

NHarv = export from AL with crop harvest 

NVol = ammonia volatilization in AL 

NDen = denitrification in AL 

For each budget term, type of data, equation and data sources are detailed below. An 

uncertainty was associated to each budget term obtained by propagating the errors of the 

coefficients used to calculate each specific item. Uncertainty of the coefficients, expressed in 

term of coefficient of variation (CV), was based on the best available information for the 

investigated area. Otherwise, values commonly used in watershed nutrient budgeting studies 

were assumed [2; 3; 4]. 

N input from livestock manure was calculated by means of a) livestock density data (divided 

in 8 major categories and 30 sub-categories according to type, age, and purpose), b) live 

weight of each livestock category, and c) N excretion rate of each livestock category corrected 

for the N amount volatilised as NH3 during animal housing and manure storage (DM 

07/04/2006, decree of the Italian Ministry of Agricultural and Forest Policies about agronomic 

utilization disciplinary; Table S1). Livestock data at the provincial level were acquired from the 

Annals of Agrarian Statistics (http://dati.istat.it/). CVs of 25% (cattle) and 10% (other livestock 

categories) were used for livestock N excretion rates (DM 07/04/2006, decree of the Italian 

Ministry of Agricultural and Forest Policies about agronomic utilization disciplinary; [5]). 

N input (t N yr-1) from livestock manure was calculated as follows: 

 

𝑀𝑎𝑛 = ∑ (𝐸𝑥𝑐 𝑙𝑖𝑣𝑒𝑠𝑡𝑜𝑐𝑘 ∙ 𝐿𝑊 ∙ 𝑁) ∙
1

1000
                                                                                                                          (2) 

where: 

Exc = N excretion rate of each livestock category (kg N t-1 live weight yr-1) 

LW = live weight of each livestock category (t) 

N = livestock density for each category 

 

N input from synthetic fertilizers was estimated using official data on provincial-scale 

distribution retrieved from the Annals of Agrarian Statistics (http://dati.istat.it/) and 

http://dati.istat.it/
http://dati.istat.it/


converted into N amounts by means of the average N content for each fertilizer type. Data 

included simple mineral N fertilizers (calcium cyanamide, nitrates, ammonium sulphate, urea, 

and others N fertilizers), compound mineral fertilizers (NP, NK, and NPK compounds), organic 

and organo-mineral fertilizers and soil amendments. The assumption was that the quantity 

distributed in each province was equivalent to the quantity effectively applied on croplands 

of the same province. However, data was cross-checked with the total N demand calculated 

from the N fertilizer application rate recommended for each crop by the Rural Development 

Programs of the Regions included within the Po River catchment. CV of 5% was assumed for 

fertilizer N content [3]. 

 

N input from biological fixation was calculated by means of a) surface of each N-fixing crop 

type (alfalfa and soybean) and b) areal rates of symbiotic N fixation. Rates of biological N 

fixation were estimated by multiplying the production per unit of surface (i.e. yield) by the N 

uptake coefficient of the harvested portions (Table S2) corrected for a multiplicative factor 

expressing the ratio of total biomass produced to harvested biomass. CVs of crop yield and N 

uptake coefficients were assumed equal to 15% and 25%, respectively [2; 3]. According to 

Anglade et al. [6], a value of 1.7 and 1.3 was used for alfalfa and soybean, respectively. 

Provincial surface and yield for each crop type were retrieved from the Annals of Agrarian 

Statistics (http://dati.istat.it/). According to the Rural Development Program of the Regions 

belonging to the Po river basin, no N fertilization is allowed for N-fixing crops.  

N input (t N yr-1) from symbiotic fixation was calculated as follows: 

𝐹𝑖𝑥 = ∑ (𝑌 𝑁−𝑓𝑖𝑥𝑖𝑛𝑔 𝑐𝑟𝑜𝑝 ∙ 𝑈𝑝𝑡 ∙ 𝐵𝐺𝑁 ∙ 𝑈𝐴𝐴) ∙
1

1000
                                                                                                      

(3) 

where: 

Y = yield of the harvest portion of each N-fixing crop (t ha-1)  

Upt = N uptake coefficient of the harvest portion of N-fixing crop (kg N t-1) 

BGN = factor expressing the ratio of total biomass produced with respect to harvested biomass 

UAA = surface of each N-fixing crop (ha) 

 

http://dati.istat.it/


Literature rates of 1-8 and 1-10 kg ha−1 yr−1 were adopted for non-symbiotic N fixation in arable 

land and permanent crops, respectively [7; 8; 9].  

Spatialized average value of atmospheric oxidized N deposition for the Po River basin varied 

between 8.5 (years 2010, 2019) and 9.5 kg ha−1 yr−1 (years 1990, 2000) according to the EMEP-

Co-operative Programme for Monitoring and Evaluation of the Long-range Transmission of Air 

Pollutants in Europe (https://www.emep.int/). As conventionally done for N budget 

calculations at the watershed scale, only the oxidized N species are considered, since the 

deposition of reduced N species likely reflects local recycling being NH3 short-lived in the 

atmosphere [10]. CV of N deposition was assumed equal to 15% [3]. 

 

N output from crop harvest was calculated by means of a) surface of each crop type cultivated 

in the study area, b) N uptake coefficient and c) yield of the harvested portion of each crop 

(Table S2). For N-fixing crops, the N amount exported from agricultural land was assumed 

equal to that fixed in the above-ground biomass. As crop residues are usually left on the fields, 

N in crop residues was not accounted as an output in the budget.  Provincial surface and yield 

for each crop type were retrieved from the Annals of Agrarian Statistics (http://dati.istat.it/). 

CVs of crop yield and N uptake coefficients were assumed equal to 15% and 25%, respectively 

[2; 3]. 

N output (t N yr-1) from crop harvest was calculated as follows: 

𝐻𝑎𝑟𝑣 = ∑ (𝑌 𝑐𝑟𝑜𝑝 ∙ 𝑈𝑝𝑡 ∙ 𝑈𝐴𝐴) ∙
1

1000
                                                                                                                           (4) 

where: 

Y = yield of the harvest portion of each crop (t ha-1)  

Upt = N uptake coefficient of the harvest portion of each crop (kg N t-1) 

UAA = surface of each crop (ha) 

 

Direct measurements of N losses to the atmosphere via ammonia volatilization and 

denitrification are still very limited for the Italian agriculture, in terms of national territory 

coverage, representativeness of the employed method, and type of fertiliser and application 

strategies tested [11; 12]. Thus, N outputs from ammonia volatilization and denitrification in 

https://www.emep.int/
http://dati.istat.it/


agricultural soils were estimated by published emission factors expressing the percentage loss 

of the supplied N, according to the budget methodology previously applied to other sub-basins 

of the Po River system [13; 14]. Ammonia volatilization factors of 5-60%, 1-30%, 2-10%, and 

1-4% were associated to animal manure, urea plus ammonium sulphate, nitrates and other N 

fertilizers, respectively [12; 15]. About 60% of the volatilised ammonia was assumed to be re-

deposited locally and only the remaining 40% was considered as a true N output from the 

agricultural system.  

Nitrogen output from denitrification was assumed to be proportional to the total organic and 

chemical N application to AL and varied on average from 5 to 15% of the supplied N, spanning 

the main soil types of the study area, according to a review of a vast body of literature [14].  

 

Calculation of N loads from point sources 

Nitrogen load from point sources was quantified by employing resident population data 

(Annals of Resident Population, http://demo.istat.it/index.php) and per capita N production 

coefficient (12.5 g N d−1; [16]) corrected for the percentage of sewage systems connected to 

wastewater treatment plants-WTTPs (primary, secondary and tertiary treatments) and the 

correspondent depuration efficiency (Po river basin District Authority, 2015; 

https://pianoacque.adbpo.it/piano-di-gestione-2015/; Emilia-Romagna Region, 2017; 

https://datacatalog.regione.emilia-romagna.it/catalogCTA/) (Table S3).  

http://demo.istat.it/index.php
https://pianoacque.adbpo.it/piano-di-gestione-2015/
https://datacatalog.regione.emilia-romagna.it/catalogCTA/


Table S1: Livestock categories, live weights, and N excretion rates.  

Category Sub-category 
Live weight 

(kg) 
N excretion rate 

(kg N t-1 live weight yr-1) 

Cattle cattle <1 year 220 67  
cattle 1-2 year: males 350 84  
cattle1-2 year: females 300 120  
cattle >2 years: males for reproduction 800 84  
cattle >2 years: heifers for breeding 600 120  
cattle >2 years: heifers for slaughtering 600 84  
cattle >2 years: dairy cows 600 138  
cattle >2 years: cows for meat and/or work 600 120 

Buffaloes buffalo calves 200 67  
famale buffaloes 600 138  
other buffaloes 300 84 

Equidae horses 350 69  
other (donkeys and mules) 200 69 

Goats goats 50 99  
other goats 25 99 

Sheep breeding females: dairy sheep 60 99  
breeding females: other sheep 50 99  
other sheep 35 99 

Pigs piglets < 20 kg 15 110  
pigs 20-50 kg  40 110  
pigs for fattening 50- 80 kg 65 110  
pigs for fattening 80- 110 kg 95 110  
pigs for fattening >110 kg 120 110  
males for reproduction 250 110  
sows 180 101 

Poultry broilers 1 250  
laying hens 1.9 230  
turkeys 6.5 167 

Rabbits breeding females 3.5 143  
other rabbits 1.7 143 

  



Table S2: Nitrogen uptake coefficients of the main crops (harvested portions) 

considered in the calculation of N budget. 

Type Crop 

N uptake 

coefficient 

(kg N ton-1) 

Cereals common wheat and spelt 21.0 

durum wheat 22.8 

rye 19.3 

barley 18.1 

oats 19.1 

grain maize 14.9 

sorghum 15.9 

other cereals 18.0 

Industrial Crops potato 4.2 

sugar beet  2.2 

rape and turnip rape  3.4 

sunflower 28.0 

soya beans  58.2 

Fresh Vegetables tomato for processing  2.6 

 other fresh vegetables 5.0 

Temporary 

grassland 

alfalfa 27.0 

other multi-annual temporary grass  21.5 

annual grass: green maize consumed directly  4.0 

annual grass: green maize for silage  4.0 

other monophytous annual grass, cereal  4.0 

other annual grass 26.0 

Permanent 

grassland 

meadows 19.7 

pastures 8.0 

Permanent woody 

crops 

vineyard 2.0 

apple-tree  0.6 

peach-tree  1.3 

apricot-tree  1.3 

pear-tree  0.6 

nectarine-tree  1.4 

kiwi-tree  1.5 

 

  



Table S3: Percentage of population connected to wastewater treatment plants with 

primary, secondary, and tertiary treatments and correspondent N removal efficiency. 

year 

Primary 

treatment 

(% of 

population) 

N removal 

(%) in 

WTTPs with 

primary 

treatment 

Secondary 

treatment  

(% of 

population) 

N removal 

(%) in WTTPs 

with 

secondary 

treatment 

Tertiary 

treatment  

(% of 

population) 

N removal 

(%) in WTTPs 

with tertiary 

treatment 

1990 50 15 50 60 0 72 

2000 5 15 26 60 69 72 

2010 3 15 27 60 70 72 

2019 3 15 27 60 70 72 
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Supplementary Material 4 

Statistical analyses 

Linear regression test was applied to detect statistically significant temporal trends of water 

temperature, N loadings and water flow, and the correlation between water temperature and 

N loading. Linear regression lines were determined by the least-squares method. Data usually 

fit a straight line and if the slope is different from zero, the trend will be significant.  

 

Mann-Kendall test [1; 2; 3] assumes the null hypothesis (H0) of the absence of trend in the 

time series data over time, and the alternative hypothesis (H1) of the existence of a trend. 

Statistics is calculated as: 

𝑆 =  ∑ ∑ 𝑠𝑖𝑔 (𝑋𝑗 − 𝑋𝑖)
𝑛
𝑗=𝑖+1

𝑛−1
𝑖=1                                                                                                                                       (5) 

𝑉𝐴𝑅(𝑆) =
1

10
[𝑛(𝑛 − 1)(2𝑛 + 5) − ∑ 𝑡𝑝(𝑡𝑝 − 1)(2𝑡𝑝 + 5)

𝑞
𝑝=1 ]                                                                             

(6) 

𝑍 =  

{
 
 

 
 

𝑆−1

√𝑉𝐴𝑅 (𝑆)
 𝑖𝑓 𝑆 > 0

0 𝑖𝑓 𝑆 = 0
𝑆+1

√𝑉𝐴𝑅 (𝑆)
 𝑖𝑠 𝑆 < 0

 

}
 
 

 
 

                                                                                                                                                (7) 

 

where:  

𝑠𝑖𝑔 (𝑋𝑗 − 𝑋𝑖) =  {

+1 𝑖𝑓 (𝑋𝑗 − 𝑋𝑖) > 0

0 𝑖𝑓 (𝑋𝑗 − 𝑋𝑖) = 0

−1 𝑖𝑓 (𝑋𝑗 − 𝑋𝑖) < 0

}                                                                                                                        

(8) 

Xj and Xi are the time series observations in chronological order and n is the length of time 

series, tp is the number of ties for pth value, and q is the number of tied values. The Kendall 

Score (S) is the number of positive differences minus the number of negative differences; if S 

is a positive number, observations obtained later in time tend to be larger than observations 



made earlier, opposite if S is a negative number. VAR(S) represents the variance of S and 

positive (negative) value of Z indicates that the data tend to increase (decrease) over the time. 

The Sen’s slope non-parametric test [4] was used to analyse the slope of the time series data 

(Q), as: 

𝑄 =
𝑋𝑖−𝑋𝑗

𝑗−𝑖
                                                                                                                                                               (9) 

where Xi and Xj indicate data value at time j and i, respectively. This method is applied as a 

support to Mann Kendall’s test, to evaluate the magnitude of time series trend. Positive values 

indicate increasing trends and negative values indicate downward trends. 

Pettitt test [5] identifies the existence of a changing point in the dataset: the null hypothesis 

(H0) of the is that there is no change in the time series, while the alternative hypothesis (H1) is 

that there is a shift in the central tendency. The non-parametric statistics is defined as: 

𝐾𝑇 = 𝑚𝑎𝑥|𝑈𝑡,𝑇|                                                                                                                                                 (10) 

 

𝑈𝑡,𝑇 = ∑ ∑ 𝑠𝑔𝑛(𝑋𝑖 − 𝑋𝑗)
𝑇
𝑗=𝑡+1

𝑡
𝑖=1                                                                                                                   (11) 

and Xi and Xj are the value of the time series, and KT indicates the position in the dataset where 

the change point is located. 

 

 

References 

[1] Mann, H. B. (1945). Nonparametric tests against trend. Econometrica: Journal of the 

econometric society, 245-259. https://doi.org/10.2307/1907187  

[2] Kendall, M.G. (1975). Rank Correlation Methods, 4th edition, Charles Griffin, London. 

[3] Gilbert, R. O. (1987). Statistical methods for environmental pollution monitoring. John 

Wiley & Sons. 

[4] Sen, P. K. (1968). Estimates of the regression coefficient based on Kendall's tau. Journal of 

the American statistical association, 63(324), 1379-1389. 

https://doi.org/10.2307/1907187


[5] Pettitt, A. N. (1979). A non‐parametric approach to the change‐point problem. Journal of 

the Royal Statistical Society: Series C (Applied Statistics), 28(2), 126-135. 

https://doi.org/10.2307/2346729 

https://doi.org/10.2307/2346729


Appendix II: One submitted article entitled: “Contrasting 

effects of climate change on denitrification and nitrogen load 

reduction in the Po River (Northern Italy)” 

 

Paper III: Gervasio, M. P.*, Soana, E., Gavioli, A., Vincenzi, F., & Castaldelli, G. (under review). 

Contrasting effects of climate change on denitrification and nitrogen load reduction in the Po 

River (Northern Italy). Submitted to Environmental Science and Pollution Research (ESPR-D-24-
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Abstract: 

An increase in water temperature is one of the main factors that can potentially modify 

biogeochemical dynamics in rivers, such as the removal and recycling of nitrogen (N). This 

effect of climate change on N processing has not been described in the literature and 

deserves attention, as it may have unexpected impacts on eutrophication. Intact sediment 

cores were collected seasonally at the closing section of the Po River, the largest Italian 

river and one of the main N inputs to the Mediterranean Sea. Benthic oxygen fluxes, 

denitrification, and dissimilatory nitrate reduction to ammonium (DNRA) rates were 

measured via laboratory dark incubations. Different temperature treatments were set up 

for each season based on historical data and future predictions. Higher water 

temperatures enhanced sediment oxygen demand and the extent of hypoxic conditions in 

the benthic compartment, favoring anaerobic metabolism. Indeed, warming water 

temperature stimulated nitrate (NO3
-) reduction processes, although NO3

- and organic 

matter availability were found to be the main controlling factors shaping the rates 

between seasons. Denitrification was the main process responsible for NO3
- removal, 

mainly supported by NO3
- diffusion from the water column into the sediments, and was 

more favorable than N recycling via DNRA. The predicted increase in the Po River water 

temperature due to climate change may exert unexpected negative feedback on 

eutrophication by strongly controlling denitrification and contributing to partial buffering 

of N export in the lagoons and coastal areas, especially in spring. 

 

Keywords: climate change, nitrogen, water temperature, denitrification, DNRA, Po River 
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1. Introduction: 

Rivers are heavily affected by anthropogenic activities, particularly by nitrogen (N) 

input from agricultural sources, mostly in the form of nitrate (NO3
-) (Lassaletta et al., 

2009; Sutton et al., 2011). Nitrogen loads can affect the trophic state of rivers and, 

when delivered to terminal water bodies, fuel eutrophication triggering algal blooms 

in both transitional and coastal zones (Dodds, 2006; Glibert, 2017). The generation of 

N loads, their transport across land-river and river-sea interfaces, and eutrophication 

dynamics are strongly influenced by land use, river morphology, and hydrological and 

thermal conditions, all of which are subject to climate change (Hou et al., 2019; 

Romero et al., 2013; Tu, 2009). 

Extreme meteorological events such as floods and droughts, which have increased in 

frequency in recent years, directly impact river discharge and the generation and 

delivery of nutrient loads to water bodies, transport dynamics within the hydrological 

network, and microbial processes of N transformation and removal (Abily et al., 2021; 

Zheng et al., 2023). Among microbial reactions occurring in sediments, denitrification, 

the anaerobic respiration that converts NO3
- to di-nitrogen gas (N2), the final product, 

and nitrite (NO2
-) and nitrous oxide (N2O), as intermediate products. Denitrification 

removes NO3
- permanently and is the most important process supporting the self-

depuration capacity of rivers (Hill, 2023; Piña-Ochoa and Álvarez-Cobelas, 2006; 

Seitzinger, 1988). An alternative microbial pathway for NO3
- reduction is the 

dissimilatory nitrate reduction to ammonium (DNRA), which converts NO3
- to 

ammonium (NH4
+), using the same substrates as denitrification (NO3

- and organic 

carbon). However, denitrification removes reactive N permanently from the aquatic 

ecosystem, whereas DNRA recycles it (Giblin et al., 2013). 

River denitrification is controlled by several factors, such as oxygen concentration at 

the water-sediment interface, and the availability of NO3
- and labile organic carbon 

(Ballard et al., 2019; Hu et al., 2023; Piña-Ochoa and Álvarez-Cobelas, 2006). One of 

the most important environmental drivers influencing denitrification is water 

temperature (De Klein et al., 2017; Veraart et al., 2011). Warming boosts 

denitrification alongside enzymatic reactions, but water temperature increase also 

has an impact on the process by regulating two of the aforementioned determinants 
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of denitrification, i.e., oxygen concentration and availability of labile organic matter 

(De Klein et al., 2017; Speir et al., 2023). Indeed, all biogeochemical NO3
- dissimilatory 

pathways are affected by water warming, both as a direct effect of temperature on 

enzyme activity and an indirect effect on sediment redox conditions (Brin et al., 2017). 

In general, whether denitrification or DNRA dominates NO3
- reduction depends on the 

availability of labile organic carbon in the sediments  (Nizzoli et al., 2010; Aalto et al., 

2021). Under climate change scenarios, a reduction in rainfall, runoff, and river flow 

is likely to lower NO3
- concentrations (Oduor et al., 2023), thereby negatively affecting 

river denitrification. On the other hand, the expected increase in water temperature 

is likely to stimulate the process. Several studies have isolated the effect of 

temperature on denitrification through manipulative experiments (e.g., Silvennoinen 

et al., 2008; Velthuis and Veraart, 2022; Speir et al., 2023). Nevertheless, there is a 

lack of systematic research predicting the consequences of warming on the self-

depuration capacity of large rivers, given their peculiar role in processing 

anthropogenic N inputs along the land-sea continuum. 

The Po is the largest Italian river in terms of watershed extension and annual discharge 

at the closing section and is one of the major rivers in the Mediterranean region 

(Struglia et al., 2004). Its catchment is one of the most industrialized and intensively 

farmed catchments in the world (Moatti and Thiébault, 2016), making it a hotspot for 

NO3
- pollution. The Po River contributes two-thirds of the total freshwater discharge 

and nutrient inputs conveyed to the Adriatic Sea (Grilli et al., 2020; Viaroli et al., 2018) 

and is the major basin for riverine N export to the Mediterranean Sea (Romero et al., 

2021). In the last decades, the Po River basin was strongly affected by the increasing 

frequency of extreme events due to climate change (Appiotti et al., 2014; Coppola et 

al., 2014; Marchina et al., 2017). For example, rainfall in the basin and river discharge 

in 2022 were the lowest in historical records since 1961 (Montanari et al., 2023) and 

water temperature was the highest measured in the last two decades (Gervasio et al., 

2023). Following these extreme hydrological and thermal conditions, experimental 

work was carried out on intact sediment cores sampled from the lower course of the 

Po River to measure benthic denitrification and DNRA rates. The aim of the present 
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study was to assess the seasonal effect of temperature and NO3
- availability on the 

river buffering capacity against N pollution and eutrophication in the coastal zone. 

 

2. Materials and methods 

2.1. Study area  

The Po River is the longest and most important Italian river, flowing from the Alps to 

the Adriatic Sea, with an average annual discharge of 1500 m3 s-1 at the Pontelagoscuro 

station, the basin closing section (Fig. 1; Zanchettin et al., 2008). The basin covers an 

area of approximately 71,000 km2 across Italy, a quarter of the national territory. The 

river has more than 140 tributaries and a capillary network of artificial irrigation and 

drainage canals (Soana et al., 2019). The basin is subject to a mix of subcontinental and 

warm-temperature climates (the Mediterranean climate), which split the annual 

hydrological regime into two low-flow periods (winter and summer) and two 

recharging periods (spring and autumn) fed by snowmelt and rainfall (Coppola et al., 

2014; Montanari, 2012; Ravazzani et al., 2015). In recent decades, the Po River basin 

has experienced the effects of climate change, with an increase in extreme storm 

events (Brunetti et al., 2004; Domeneghetti et al., 2015; Giambastiani et al., 2017), 

long drought periods, and water temperature warming (Gervasio et al., 2022; Bonaldo 

et al., 2023; Soana et al., 2023). The Po River crosses the Po Valley, the most fertile and 

extensively cultivated area in Italy, and is the main source of irrigation water for crops. 

Since the 1960s, the intensification of agriculture and livestock farming has made the 

Po River the main source of nutrient inputs to the North Adriatic Sea, triggering algal 

blooms during warm periods (Penna et al., 2004; Spillman et al., 2007). 

  

2.2.  Sampling activities and seasonal temperature gradients 

Sediment cores were sampled in the Po River at Pontelagoscuro (red star in Fig. 1), the 

closing section of the basin (Ferrara, 44°53'16.9"N, 11°36'26.6"E), located 90 km from 

the main mouth to the Adriatic Sea, in winter (February), spring (May), summer (July), 

and autumn (November). Water column parameters (temperature, electrical 
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conductivity, and oxygen concentration) were measured in situ using a 

multiparametric probe (YSI Model 85-Handheld Dissolved Oxygen, Conductivity, 

Salinity and Temperature System, Yellow Springs, OH, USA) during the sampling days. 

Sampling, pre-incubation, and incubation were performed according to standardized 

protocols (Dalsgaard, T., 2000). The experimental design consisted of 25 intact 

sediment cores (plexiglass liners, internal diameter 4.5 cm, length 20 cm) for each 

seasonal sampling, five of which were randomly assigned to each of the four water 

temperature levels chosen and incubated in the dark to determine oxygen fluxes, 

denitrification, and DNRA rates. The remaining five cores were used for sediment 

characterization. 

After collection, intact sediment cores were submerged in tanks with site water 

continuously aerated using aquarium pumps, and transported to the laboratory. 

Approximately 60 liters of bottom water were collected and brought to the laboratory 

for core maintenance, pre-incubation, and incubation. During each seasonal 

incubation, the temperature range was established from the historical temperature 

data of Po River (1992-2022), monitored monthly by the Regional Environmental 

Protection Agency of the Emilia – Romagna, Lombardy and Veneto Regions (ARPAE, 

ARPA of Lombardy Region, and ARPAV, respectively) in five sections covering the lower 

Po River stretch, before the Po River Delta, (Sermide, (S1), Stellata–Bondeno (S2), 

Pontelagoscuro, our sediment sampling site, Polesella (S3) and Serravalle (S4); 

indicated with black dots in Fig. 1). Four different temperatures were applied in each 

seasonal incubation, covering the following ranges: 5–14 °C in winter (January, 

February, March), 13–22 °C in spring (April, May, June), 21–30 °C in summer (July, 

August, September) and 9–18 °C in autumn (October, November, December) (Table 1). 

The minimum of each seasonal range corresponded to the seasonal minimum 

temperature measured in the Po River from the 1990s to the present, while the 

maximum of the ranges was established based on the maximum values expected in 

the near future owing to climate warming. In the period 2041-2070, air temperatures 

are expected to increase throughout the Po basin in all seasons, with positive 

anomalies of up to 3 °C (Vezzoli et al., 2015). Intermediate temperatures correspond 

to the most frequent seasonal mean temperatures over 30 years. The experimental 
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temperature in the incubation tanks was controlled using a thermostat (Fig. 2b) and 

continuously monitored during each incubation using a multi-parameter probe.  

 

Fig. 1 Map of the Po River course (blue line) and its basin (bordered with red line and 

grey area on top) located in Northern Italy (modified by ArcGIS 10.8.2, ESRI). The red 

star indicates the sampling station in Pontelagoscuro. The black dots indicate the 

monitoring temperature stations belonging to the Regional Agency for Environmental 

Prevention of Emilia – Romagna, Lombardy and Veneto Regions: Sermide (S 1), Stellata 

- Bondeno (S 2), Polesella (S 3), and Serravalle (S 4), situated in province of Ferrara 

(Italy) 
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Table 1 Water temperature treatments applied to core incubations in each season (°C). 

Season 

T 

(°C) 

T 

(°C) 

T 

(°C) 

T 

(°C) 

Winter 5 8 11 14 

Spring 13 16 19 22 

Summer 21 24 27 30 

Autumn 9 12 15 18 

 

2.3.  Seasonal incubation procedure 

Each core was equipped with a rotating Teflon-coated magnet driven by an external 

magnet connected to a motor (40 rpm). Inside the cores, the magnet was suspended 

a few centimeters above the sediment-water interface to gently mix the water column 

while avoiding resuspension (Fig. 2a). To allow for acclimatization, each target 

temperature level was set in the early afternoon of the day before the start of 

incubation. According to standardized protocols (Dalsgaard, T., 2000; Owens and 

Cornwell, 2016), intact sediment cores were incubated in batch mode to measure 

benthic dark oxygen fluxes (sediment oxygen demand, SOD). Dark incubations were 

chosen to simulate in situ conditions, where light penetration is limited by turbidity 

and the benthic compartment is in the dark (Braga et al., 2017). The water in each tank 

was replaced with fresh water to maintain dissolved nutrient concentrations close to 

those in situ. Before the incubation of the benthic fluxes, O2 was measured using a 

multiparametric probe inside each core. The water level in the tanks was lowered to a 

few centimeters below the top of the cores, and each liner was sealed with a plexiglass 

lid (Fig. 2a). The incubation time ranged between 1.5 and 4 h to maintain the O2 

concentration within 20% of the initial value (Table 2). At the end of the incubation 

period, the O2 concentration in each core was measured in the same manner as that 

at the beginning. After the first incubation, the water in the tanks was replaced and 

the cores were submerged for approximately 2 h to stabilize the system. In the second 

incubation, the Isotope Pairing Technique (IPT; Nielsen, 1992) was applied to measure 
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the denitrification and DNRA rates. As in the first incubation, the water level in the 

tank was lowered to just below the top of the cores to isolate them. An aliquot of a 

stock solution of 15 mM 15NO3
− (Na15NO3, Sigma Aldrich, ≥98 atom% enrichment) was 

added to each core to obtain a final labelled NO3
− enrichment of approximately 50%. 

Then, the cores were capped to start the IPT incubation. The NO3
− concentrations were 

measured in each core before and after the addition of 15NO3
− to calculate the 14N:15N 

ratio in the NO3
− pool. At the end of the incubation period, the entire sediment column 

was mixed with the water column to homogenize the dissolved N2 pools in the water 

column and pore water. Slurry samples were transferred to glass-tight vials (12 mL, 

Exetainer®, Labco Limited, UK), flushing at least 3 times the vial volume, and fixed with 

200 µL of 7 M ZnCl2 to stop microbial activity. The IPT samples were analyzed for 29N2 

and 30N2 using Membrane Inlet Mass Spectrometry (MIMS) (Bay Instruments, MD, 

USA; Kana et al., 1994). 

An additional aliquot (30 mL) of the slurry from each core was used to determine the 

DNRA rate from the production of 15 NH4
+ (Gervasio et al., 2023; Magri et al., 2022). To 

determine the exchangeable NH4
+ pool, the slurry was treated with 2 g of KCl (2 M), 

shaken for 30 min, and centrifuged (1800 rpm for 15 min). The supernatant was then 

filtered through Whatman GF/F glass fiber filters, stored in 20 mL-scintillation vials and 

frozen for subsequent analysis. Slurry samples were purged with air to eliminate 29N2 

and 30N2 pools produced during IPT incubation, transferred to 12 mL-Exetainers and 

treated with an alkaline hypobromite solution to oxidize NH4
+ to N2 (Warembourg, 

1993). After the oxidation procedure, the 29N2 and 30N2 concentrations were measured 

using MIMS. 
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Fig. 2: a) Schematic representation of the incubation system with a central magnet and 

the example of sediment core situated in each tank; b) image of the incubation tank 

(on the left) connected to the thermostatic system (on the right) to regulate the 

experimental temperature for each seasonal incubation. 
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Table 2: Chemical (temperature, O2, and NO3
- concentrations) and physical conditions 

(organic matter content in river sediments) at Pontelagoscuro site during the four 

seasonal campaigns. Standard deviations are reported (±). 

Seasons 

Temperature 

(°C) 

O2 

(mg L-1) 

NO3
- 

(µM) 

NO2
- 

(µM) 

NH4
+ 

(µM) 

OM 

(%) 

Winter 8 11.7 201 ± 0.5 2 ± 0.1 4 ± 1 1.6 ± 0.5 

Spring 20 10.9 126 ± 6 1 ± 0.1 5 ± 1 0.6 ± 0.01 

Summer 29 8.3 40 ± 3 1 ± 0.3 4 ± 1 0.4 ± 0.03 

Autumn 14 10.2 190 ± 4 2 ± 0.5 0.2 ± 0 1.7 ± 0.4 

 

2.4.  Calculation of SOD, denitrification and DNRA rates 

Hourly dark fluxes of O2 (SOD, µmol O2 m−2 h −1) were calculated from the rate of 

change of concentrations with time according to the following equation (Owens and 

Cornwell, 2016):  

𝑺𝑶𝑫 =
(𝑪𝟎−𝑪𝒇) ∙ 𝑽

𝑨 ∙ 𝒕
                                                                                                                  (1) 

Where C0 and Cf (µM) are the O2 concentrations at the beginning and end of 

incubation, respectively, A (m2) is the area of the sediment core, V (L) is the water 

volume of the sediment core, and t (h) is the incubation time, which was different for 

each temperature in each seasonal experiment.  

Denitrification rates (µmol N m−2 h −1) were calculated on 29N2 and 30N2 production, as 

the equations below (Nielsen, 1992): 

𝑫𝟏𝟓 =  𝒑𝟐𝟗 +  𝟐𝒑𝟑𝟎                                                                                                           (2) 

𝑫𝟏𝟒 = 𝑫𝟏𝟓  ∙  (
𝒑𝟐𝟗

𝟐𝒑𝟑𝟎
)                                                                                                             (3) 

where D15 is the denitrification rate of the added 15NO3
−, D14 is the total denitrification 

rate of 14NO3
−, and p29 and p30 are the production rates of 29N2 and 30N2, respectively. 

The total denitrification rate (Dtot) was divided into two components as follows: 
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𝑫𝒕𝒐𝒕 = 𝑫𝒘 + 𝑫𝒏                                                                                                                  (4) 

𝑫𝒘 = (
𝑵𝑶𝟑

−𝟏𝟒

𝑵𝑶𝟑
−𝟏𝟓 ) ∙ 𝑫𝟏𝟓                                                                                                            (5) 

𝑫𝒏 = 𝑫𝟏𝟒 − 𝑫𝒘                                                                                                                  (6) 

where Dw (µmol m−2 h −1) is the denitrification rate of NO3
- diffusing from the water 

column to the anoxic sediment layer, while Dn (coupled nitrification-denitrification; 

µmol N m−2 h −1) is the denitrification rate of NO3
- produced within the oxic sediment 

layer by nitrification. 

DNRA rates were calculated according to (Risgaard-Petersen, N., & Rysgaard, S., 1995), 

as follows: 

𝑫𝑵𝑹𝑨 =  𝒑𝑵𝑯𝟒
+ ·

𝑫𝟏𝟒

𝑫𝟏𝟓
                                                                                                          (7) 

𝑫𝑵𝑹𝑨𝒘 =
𝑵𝑶𝟑

−𝟏𝟒

𝑵𝑶𝟑
−𝟏𝟓 · 𝒑𝑵𝑯𝟒

+                                                                                                    (8) 

𝑫𝑵𝑹𝑨𝒏 = 𝑫𝑵𝑹𝑨 − 𝑫𝑵𝑹𝑨𝒘                                                                                             (9) 

 

where pNH4
+ is the production of 15NH4

+, DNRAw represents the direct DNRA of NO3
- 

from the water column, and DNRAn is the DNRA rate coupled with nitrification. 

  

2.5.  Sediment characterization  

The cores for sediment characterization were extracted and sliced into two layers: 

upper 0-1 cm and 1-2 cm sections. Aliquots from the two layers were rapidly 

homogenized and subsamples of 5 mL were collected using plastic syringes to 

determine their physical properties. Fresh sediments were dried at 50 °C to constant 

weight for 72 h and then they were set at 350 °C for 3 h into a muffle furnace. The 

dried samples were used to determine the organic matter content (OM, %) via weight 

loss during ignition. 
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2.6. Statistical analyses 

Benthic fluxes of oxygen, denitrification, and DNRA rates were statistically analyzed 

using linear mixed effects (LME) to analyze differences in temperature and in seasons. 

The factor “season” is proxy for two variables that vary seasonally and interact in 

controlling denitrification. In the LME test, a random effect was applied to consider all 

replicate samples at each temperature. The sample size was equal in all tests. The 

statistical analyses were run in RStudio (RStudio-2023.06.0-421), using the lme4 

package. The focus of the test was to compare the differences in seasonal SOD, 

denitrification and DNRA rates by taking into account the fixed factors of season 

(winter, spring, summer and autumn) and different temperatures in each season, and 

the correlation between both factors. Moreover, Pearson’s correlation was used to 

explore the relationship between water temperature and benthic oxygen fluxes. 

 

3. Results 

3.1. Historical water temperature of the Po River 

Historical data on the Po River temperature, monitored at five stations along an 80-km 

stretch of the river centered on the section where the cores were taken 

(Pontelagoscuro), showed a gradual increase over the last decades (1992-2022). The 

upward trend was particularly marked in summer and autumn (nearly +5 °C; Fig. 3). 

Summer average temperature ranged from 22 (1996) to 27 °C (2022), showing a 

significant upward trend equivalent to a raise of 0.15 °C yr-1. In autumn, the trend was 

similar in slope to summer (0.16 °C yr-1), with values varying between 10 (1998) and 15 

°C (2014). Although the average winter and spring temperature trends were not 

statistically significant, a slight increase was observed, with values ranging from 7 to 

10 °C and from 17 to 20 °C, respectively. 

Temporal trends in the minimum Po River water temperature were significant in all 

seasons except autumn. Minimum winter temperatures ranged from 3 to 7 °C and 

increased at a rate of 0.14 °C yr-1, while spring values varied between 10 and 15 °C with 

an upward rate of 0.17 °C yr-1. Finally, summer minimum temperatures ranged from 
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15 to 23 °C, showing the most pronounced warming signal (0.25 °C yr-1). In contrast, 

the maximum temperatures did not show any significant trends in any season. 

 

 

Fig. 3: Historical average, minimum, and maximum water temperatures (°C) of the 

Lower Po River since 1990’s in each season, monitoring from Sermide to Serravalle 

section. Solid lines show significant trend. a) Winter: January – March period; b) spring: 

April – June period; c) summer: July – September period; d) autumn: October – 

December. Solid lines show statistically significant trends. 
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3.2.  Oxygen fluxes 

The oxygen concentration measured in situ during the four sampling campaigns ranged 

from 8.3 mg L-1 in summer, to 11.7 mg L-1 in winter, corresponding to approximately 

100% saturation of the water column throughout the year (Table 2). The sediment 

oxygen demand increased with temperature in all seasonal incubations (Fig. 4). The 

average values in winter, spring, summer, and autumn were 561 ± 120, 799 ± 159, 1210 

± 116, and 389 ± 120 µmol O2 m-2 h-1, respectively. The raise along the temperature 

gradient averaged at 60 µmol O2 m-2 h-1 °C-1 in all seasons, except in spring when the 

highest SOD values were detected. The SOD in spring ranged from 453 ± 42 to 1186 ± 

119 µmol O2 m-2 h-1 at 13 and 22 °C, respectively, and increased along the temperature 

gradient with a raise of 82 µmol O2 m-2 h-1 per degree. In summer incubation, SOD had 

the highest values due to the highest temperatures, from 936 ± 43 µmol O2 m-2 h-1 at 

21 °C to 1937 ± 86 µmol O2 m-2 h-1 at 30 °C. On the contrary, the lowest values appeared 

during the autumn incubation, when SOD fluxes ranged between 156 ± 39 to 955 ± 84 

µmol O2 m-2 h-1 (at 9 and 18 °C, respectively). Finally, the winter SOD ranged from 323 

± 36 to 891 ± 62 µmol O2 m-2 h-1 at 5 and 14 °C, respectively. 

The results of the spring experiments were within the range of two extreme seasons: 

summer and winter. In fact, the SOD at the highest spring temperature had the same 

values as those of the summer SOD at the lowest temperature, and the lowest spring 

temperature had the same values as the highest winter temperature. The lowest 

values, - 156 ± 39 and 216 ± 23 µmol O2 m-2 h-1, were recorded during the autumn 

period at the first two temperatures tested, 9 and 12 °C, respectively, due to the low 

experimental temperature and initial O2 concentration in situ (Table 2).  
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Fig. 4: Sediment oxygen demand (SOD, µmol O2 m-2 h-1) measured along the 

temperature gradients in the four seasons. Average values ± standard deviations are 

reported. Trend slopes, coefficient of determination (r2), and p-value of linear 

regression models are reported at the bottom of the figure. 

 

3.3.  Denitrification and DNRA rates 

Denitrification and DNRA rates showed wide seasonal variations related to both NO3
- 

availability and temperature. Total denitrification rates increased along the 

experimental temperature gradient that was set in each season (Fig. 5). In winter, the 

total denitrification rates ranged from 38 ± 3 µmol N m-2 h-1 at 5 °C to 186 ± 16 µmol N 

m-2 h-1 at 14 °C, with a rise of 16 µmol N m-2 h-1 °C-1. The highest rates were measured 

in spring incubation, increasing from 41 ± 5 to 591 ± 29 µmol N m-2 h-1 at 13 and 22 °C, 
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respectively, with a rise of 61 µmol N m-2 h-1 °C-1. The summer rates increased from 14 

± 8 µmol N m-2 h-1 at 21 °C to 40 ± 5 µmol N m-2 h-1 at 30 °C, with a slightly increase, 

i.e. only 3 µmol N m-2 h-1 °C-1 and, finally, the autumn denitrification rates ranged from 

14 ± 5 to 49 ± 14 µmol N m-2 h-1 at 9 and 18 °C, respectively, with a raise of 4 µmol N 

m-2 h-1 °C-1. Dw dominated Dn, accounting for an average of 76% of Dtot in the winter 

and spring incubations. In fact, in winter Dw ranged from 38 ± 3 to 127 ± 8 µmol N m-

2 h-1 at 5 and 14 °C, respectively, while it showed the highest values in spring 

incubations, ranging from 30 ± 4 to 482 ± 70 µmol N m-2 h-1 at 13 and 22 °C, 

respectively. In contrast, in the summer incubations, Dw was systematically lower than 

Dn, representing an average of 31% of Dtot. During summer experiment, Dn increased 

along gradient temperature, ranging from 8 ± 3 to 32 ± 3 µmol N m-2 h-1 at 21 and 30 

°C, respectively, while the same upward trend was not detected for Dw. Autumn Dw 

represented 95% of Dtot and increased along the temperature gradient, ranging from 

13 ± 5 to 49 ± 15 µmol N m-2 h-1 at 9 and 18 °C, respectively. A strong denitrification 

response to temperature was observed, with an increase in the temperature gradient 

in all seasons (p < 0.001; Table 3). Statistical analysis showed a strong correlation 

between the N process and temperature in each season (Table 3), and the interaction 

between temperature and season was also significant, as the effect of temperature 

was evident in all seasons; nevertheless, the average rates differed among seasons 

(Table 3). In this case the main factor that influences the seasonal variability of 

conditions was NO3
- availability, due to the variability of OM (%) content in the Po River 

sediments may be consider negligible (Table 3). 

On average, the denitrification rates were one order of magnitude higher than those 

in the DNRA. DNRA increased along the temperature gradient in all seasons except 

winter, when the rates remained constant at the first three temperatures of the series 

(average 14 µmol N m-2 h-1), increasing up to 31 ± 6 µmol N m-2 h-1 at the last one (14 

°C). The highest DNRA rates were measured in spring, ranging from 11 ± 3 to 53 ± 24 

µmol N m-2 h-1 at 13 and 22 °C, respectively. The rates in summer and autumn were 

very low in comparison to the other seasons (Fig. 6; note the difference in scale of the 

y-axis) and follow a significant linear increase with temperature, from 1 ± 0.7 to 10 ± 1 
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µmol N m-2 h-1, at 21 and 30 °C, in summer, and from 1.3 ± 0.6 to 8 ± 1 µmol N m-2 h-1, 

at 9 and 18 °C, in autumn, respectively. 

In winter and spring, DNRAw increased along the temperature gradient (Fig. 6), 

representing an average of 77 and 64% of DNRAtot, respectively. In summer, DNRAw 

increased slightly along the temperature gradient but represented less than 30% of 

DNRAtot. Finally, in autumn, DNRAw increased along the temperature gradient and 

accounted for >95% of the DNRAtot. 
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Fig. 5: Total denitrification rates (µmol N m-2 h-1) splitted into Dw and Dn measured 

along the temperature gradients in the four seasons: a) winter; b) spring, c) summer; 

d) autumn (note the different scale of the y-axis). Average values ± standard deviations 

are reported. 
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Table 3: Results of the linear mixed-effects models on the effect of temperature, 

season, and their interaction with SOD, denitrification (Dw, Dn, and Dtot), and DNRA 

rates (DNRAw, DNRAn, and DNRAtot). Significant p-values (<0.05) are bolded. 

Variable Temperature Season Temperature x Season 

 F p F p F p 

SOD 548.8 <0.0001 24.9 <0.0001 1.3 0.2835 

Dw 3.1 0.0809 79.3 <0.0001 26.5 <0.0001 

Dn 5.1 0.0264 14.7 <0.0001 5.6 0.0018 

Dtot 40.5 <0.0001 434.9 <0.0001 149.9 <0.0001 

DNRAw 5.7 0.0194 12.9 <0.0001 0.7 0.5429 

DNRAn 5.9 0.0180 8.7 0.0001 2.4 0.0729 

DNRAtot 0.0 0.9627 18.0 <0.0001 2.3 0.0843 
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Fig. 6: Total dissimilatory nitrate reduction to ammonium (DNRA) rates (µmol N m-2 h-1) 

splitted into DNRAw e DNRAn, measured along the temperature gradients in the four seasons: 

a) winter; b) spring, c) summer; d) autumn (note the different scale of the y-axis). Average 

values ± standard deviations are reported. 

 

4. Discussion and conclusion 
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An increase in the water temperature of a river has several consequences. As water 

temperature increases, oxygen solubility and diffusion into the sediment decrease 

(Butcher and Covington, 1995; Rajesh and Rehana, 2022; Veraart et al., 2011; 

Muruganandam et al., 2023). Simultaneously, temperature warming stimulates 

sediment respiration rates and SOD, which in turn results in the vertical extension of 

the hypoxic-anoxic area within superficial sediments. Thus, this thicker anoxic 

sediment layer becomes suitable for denitrification because enzymes that sequentially 

reduce NO3
- to N2, i.e., NO3

-, NO2
-, NO and N2O reductase, are inhibited by oxygen  

(Bonnett et al., 2013; Hobbs et al., 2013; Adouani et al., 2015).  

In this study, denitrification responded positively to water warming, increasing along 

a temperature gradient in each season. There was a significant interaction between 

temperature and season (Table 3), indicating that the effect of temperature on 

denitrification was also dependent on other seasonal factors such as NO3
- availability 

(Myrstener et al., 2016), which influenced the breakdown of total denitrification into 

Dw and Dn.   

On average, increasing temperature and higher NO3
- availability in the water column 

stimulate anaerobic processes, allowing the contribution of Dw to increase with 

respect to Dn (Dong et al., 2000). In fact, it has been widely reported that total 

denitrification rates are mainly supported by Dw when NO3
- concentrations in the 

water column exceed 50 µM (Piña-Ochoa and Álvarez-Cobelas, 2006; Nizzoli et al., 

2010; Racchetti et al., 2011), according to the winter and spring results. In winter, the 

total denitrification rates and, consequently, the Dw rates, were low owing to low 

temperatures, despite the high NO3
- concentrations compared with the other seasons. 

In spring, the total denitrification and Dw rates were the highest owing to high 

temperatures and NO3
- availability, followed by the same drift along the temperature 

gradient. In contrast, summer denitrification rates were limited by NO3
- availability, 

despite high temperatures. The exceptionally low discharges that characterize the Po 

River (Montanari et al., 2023) led to a reduction in nutrient runoff from the basin (Cozzi 

et al., 2018; Viaroli et al., 2018) and consequently limited NO3
- availability in water, 

resulting in a greater relevance of Dn compared to Dw, as previously reported also for 

deltaic system sediments (Gervasio et al., 2023). 
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Another exception occurred in autumn, when denitrification rates were low despite 

the water temperature and NO3
- availability (Table 1, 2). However, although no specific 

measurements were made in this study, our results support the hypothesis that the 

sediment content of labile organic matter was lower in autumn than in other seasons 

as a result of a decrease in river primary productivity and sedimentation of labile 

phytoplanktonic material and an increase in lignocellulosic debris transport from the 

catchment after moderate rainfall in the week prior to sampling. The hypothesis was 

that the shift in the ratio of highly biodegradable autochthonous material to refractory 

lignocellulosic material from the catchment slowed heterotrophic bacterial 

metabolism in the sediment and, hence, NO3
- reduction processes (Hu et al., 2019; 

Warneke et al., 2011). This hypothesis is supported by the low SOD flux measured in 

autumn (Fig. 4). SOD is strongly correlated with the availability of labile organic matter 

in river sediments, the mineralization of which primarily involves oxygen (Hargrave, 

1972). Thus, oxygen consumption can be considered a proxy for mineralization rates 

(Seiter et al., 2005; Song et al., 2016). The low SOD in autumn at the same 

temperatures and with approximately the same sediment total organic matter content 

measured in spring, when the SOD was almost three times higher, highlights the role 

of organic matter quality (Myrstener et al., 2016) and variation throughout the year in 

the Po River. 

Similar to denitrification, DNRA rates were temperature dependent in each seasonal 

experiment. According to Roberts et al. (2014), the total DNRA increased along the 

temperature gradient in each season, with the highest rates measured in the order of 

spring, winter, autumn, and summer. The two contributions of DNRA, that are DNRAw, 

and DNRAn, followed the same increase along the temperature gradient, with the 

exception of DNRAw in summer, owing to lower NO3
- availability in the water column. 

In each season, DNRAw dominated DNRAn, except in summer, when the low water 

NO3
- availability resulting from the extremely dry summer of 2022 resulted in higher 

DNRAn rates than DNRAw, although the total rates were the lowest measured 

throughout the year. 

A previous study showed that DNRA outperforms denitrification in organic-rich 

brackish sediments of the Po River (Gervasio et al., 2023), with rates positively related 
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to the C/N ratio, as stimulated by labile carbon availability (Nizzoli et al., 2010). The 

sediments of the Po River were poor in organic matter in all seasons (Table 1), 

particularly the minimum values were measured in summer, highlighting the 

conditions under which DNRA is inhibited (Wei et al., 2020). These results contradict 

those of other studies showing that increasing temperatures can promote reducing 

conditions in the sediment by favoring DNRA over denitrification (Yin et al., 2002). In 

winter, the DNRA had similar values at three of the four experimental temperatures. 

This was due to the high O2 availability in the water column of the Po River, which was 

thoroughly mixed and well-oxygenated in all seasons, especially in winter (Table 2) 

(Frascari et al., 2006). High oxygen availability, together with low sediment organic 

carbon and low SOD, likely led to the complete oxidation of the sandy sediments, 

limiting the activity of DNRA bacteria to micro-niches and resulting in low rates, which 

were unaffected by the experimental temperature increase (Kraft et al., 2014). Finally, 

in autumn, the DNRA rates were low despite NO3
- availability (Table 2). This evidence 

is consistent with the hypothesis previously discussed for denitrification regarding the 

role of labile organic matter availability because DNRA and denitrification rely on the 

labile organic fraction of the total organic matter content in river sediments (Jiang et 

al., 2020; Guo et al., 2022; Jaiswal et al., 2023).  

Overall, denitrification was found to be the main process responsible for the removal 

of NO3
- from the Po River (Zhang et al., 2024), with a positive trigger by temperature 

increase, especially in spring when NO3
- availability is maximal, as well as the risk of 

eutrophication in the Adriatic Sea. Instead, the temperature increase did not favor N 

recycling via DNRA to the extent that it exceeded denitrification, which generally 

occurs in sediments under strongly reducing conditions (Yuan et al., 2023). In the Po 

sediments, DNRA contributed on average of 13% of the total NO3
- dissimilatory 

reduction, while most of the NO3
- was permanently removed by denitrification, 

especially in autumn, when denitrification accounted for >90% of the total NO3
- 

removal. 

In conclusion, the direct link between water warming induced by climate change and 

denitrification positive response described in this study may have implications for 
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water quality improvement in the Adriatic Sea, due to the potential reduction of N 

loads especially in spring, when riverine nutrients trigger the most eutrophication. 

The present outcomes suggest that recent increases in Po River water temperature 

could have increased the rate of NO3
- loss via denitrification and ultimately caused the 

downward trends of N loads discharged to the Adriatic Sean observed in the last 

decades (Gervasio et al., 2022; Soana et al., 2023). Future studies should seek direct 

confirmation of this conclusion by scaling up to ecosystem scale experimental rates 

measured along water temperature gradients in sections characterized by different 

substrate availability (i.e., NO3
- in the water column and organic matter in the 

sediments). Their multiple functional relationships make in fact the effects of climate 

change on rivers very complex to analyze and difficult to predict. Further investigations 

are needed to examine how other climatic factors such as reduced flow and extreme 

rainfall events may interact with temperature increases in terms of both the dynamics 

of nutrient load generation and nutrient export to the sea from temperate and 

Mediterranean basins. This is a key issue in the effective implementation of 

environmental policies to control eutrophication and protect coastal zones. 
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Abstract: In transitional environments, the role of sediments biogeochemistry and denitrification is
crucial for establishing their buffer potential against nitrate (NO3

−) pollution. The Po River (Northern
Italy) is a worldwide hotspot of eutrophication. However, benthic N dynamics and the relevance
of denitrification in its delta have not yet been described. The aim of the present study was to
quantify the contribution of denitrification in attenuating the NO3

− loading transported to the sea
during summer. Benthic fluxes of dissolved inorganic nitrogen (N) and denitrification rates were
measured in laboratory incubations of intact sediment cores collected, along a salinity gradient, at
three sections of the Po di Goro, the southernmost arm of the Po Delta. The correlation between
NO3

− consumption and N2 production rates demonstrated that denitrification was the main process
responsible for reactive N removal. Denitrification was stimulated by both NO3

− availability in the
Po River water and organic enrichment of sediment likely determined by salinity-induced flocculation
of particulate organic load, and inhibited by increasing salinity, along the river–sea gradient. Overall,
denitrification represented a sink of approximately 30% of the daily N loading transported in middle
summer, highlighting a previously underestimated role of the Po River Delta.

Keywords: denitrification; Po River; nitrate loading; eutrophication; river sediment

1. Introduction

Rivers draining agricultural and urban basins export high quantities of reactive ni-
trogen (N) causing eutrophication-related phenomena in the coastal zones. As the N
availability in receiving water bodies increases, excessive algal growth is stimulated and
the eventual organic matter results in bottom water anoxia and cascading effects such as
biodiversity loss, and alterations in food web structure and function [1,2]. At the same time,
riverine sediments are active sites for biogeochemical reactions, such as denitrification,
which acts as a natural buffer against nitrate (NO3

−) pollution [3,4]. Denitrification, the
stepwise reduction of NO3

− to nitrogen gas (N2) under anaerobic conditions, is widely
recognized as the dominant biogeochemical process responsible for permanent N removal
in rivers and transitional environments [5–7]. Anammox, the anaerobic oxidation of am-
monium, can also remove inorganic N by combining ammonium (NH4

+) with nitrite
(NO2

−) and releasing N2; however, its occurrence is generally irrelevant if compared to
denitrification in freshwater sediments [8,9].

Spatially distributed global models have demonstrated that denitrification occurring
in river networks may remove, on average, 20–50% of the total land-based N input, in-
dicating they are important filters for the N loadings transported toward the sea and
therefore play a considerable role in mitigating eutrophication effects [7,10]. Although the
denitrification capacity of the river networks has been recognized, most studies on the
regulation of denitrification have addressed headwater streams because of their intense
water–streambed interactions (i.e., a high ratio between bioreactive surfaces and water
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volumes), sustaining significant in-stream N retention [11,12]. The nitrate (NO3
−) supply

to the benthic compartment is mainly controlled by diffusion from the water column; thus,
N loss may decline with increasing channel size and depth because of less contact and
exchange, making the denitrification process progressively less effective [13]. However,
lowland rivers, deltas, and estuaries of agricultural basins in temperate zones may be ideal
sites for denitrification, showing the typical features of eutrophic environments, such as
elevated NO3

− concentrations in water, organic carbon availability, and favorable tem-
peratures during the spring–summer period [7,14,15]. Conversely, salinity increase along
the river–sea gradient has been demonstrated to inhibit the denitrification activity of the
sediments [16,17].

In eutrophic deltas, reduced flow and water mixing during the summer, concomitant
with the establishment of steep thermal and/or saline gradients, may lead to partial or
full stratification. Under these conditions, discriminating the source of NO3

− fueling
sedimentary denitrification, from the water column or nitrified at the water/sediment
interface, is crucial for understanding benthic N metabolism [10]. Moreover, hypoxic or
anoxic conditions may be established more frequently in stratified bottom waters, where
NH4

+ released from the sediments is not oxidized to NO3
− and may accumulate [18,19].

The Po River Basin (Northern Italy) is one of the most densely populated and agri-
culturally exploited areas in Europe and is a well-known hotspot of eutrophication and
NO3

− pollution. Although several studies have addressed the N cycle in a wide variety
of aquatic ecosystems in the basin, such as drainage canals, wetlands, lakes, and brackish
coastal lagoons (e.g., [20–23]), the fate of the Po River N loadings through the delta remains
unknown as they are measured at the closure of the basin, which is approximately 60 km
upstream from the delta and more than 90 km from the outlet into the Adriatic Sea. Deter-
mining the factors controlling denitrification in lowland rivers and deltas is a crucial step
in efforts to protect coastal zones from eutrophication caused by N excess. The quantitative
relevance of denitrification in attenuating in-stream N loading during the season most
sensitive to eutrophication has not been well established.

The aims of the present study were (i) to measure benthic denitrification in the Po
River branch, namely the Po di Goro, taken as a case study representative of the other
deltaic branches; (ii) to study the effect of water stratification along a 30 km salinity
gradient, from the full riverine reach to the mouth to the sea; and (iii) to assess the role of
denitrification in buffering N loadings to the Adriatic Sea in summer, the most sensitive
period for eutrophication.

2. Materials and Methods
2.1. Study Area

The study area was the southernmost arm of the Po River Delta, named Po di Goro
River, crossing northeast Italy for over 48 km, marking the borderline between the Emilia-
Romagna and Veneto regions (Figure 1) The average annual discharge of the Po di Goro
accounts for approximately 5% of the Po River discharge measured at Pontelagoscuro, more
than 90 km upstream of the main river mouth and conventionally considered the basin
closing section [24]. The Po di Goro River is partly connected to the Goro lagoon in its lower
reach till the mouth to the Adriatic Sea. The Sacca di Goro, a shallow coastal lagoon, has
suffered in the past from eutrophication, macroalgal blooms followed by summer anoxia,
dystrophic crises, and massive deaths of farmed mollusks [25]. Freshwater and saltwater
stratification and partial mixing are typical summer phenomena in the terminal Po di Goro
River [26]. In recent years, an increase in salt intrusion has been detected in the lower Po di
Goro River. For instance, the monitoring network of the Regional Environmental Protection
Agency of the Emilia-Romagna region (ARPAE) has evidenced in summer a mean saltwater
intrusion of approximately 13 km from the mouth to the sea.
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Figure 1. Study area. Location of the Po di Goro arm in Italy with the Po River Basin border reported
in dark blue (map on the left). In the map on the right, the blue line represents the Po di Goro course
and in light blue is indicated the Po River. Grey bubbles are the main study sites where sediment
cores were sampled; while grey triangles indicate other monitoring stations along the Po di Goro
(modified from basemap of ArcMap, ArcGIS 10.2.2., ESRI, Redlands, California).

In the present study, intact sediment cores were sampled in middle summer (end of
July 2021) at three sections of the Po di Goro River along a salinity gradient: Mesola (M,
44◦56′04.1′′ N and 12◦15′03.9” E), Conca Gorino (G, 44◦49′02.9′′ N and 12◦21′11.3′′ E), and
Lanterna Vecchia (LV, 44◦47′59.0′′ N and 12◦23′00.3′′ E), located 25, 5, and 1.5 km upstream,
respectively, from the outlet into the Adriatic Sea (Figure 1; Table 1). The study area covered
an overall surface of 7 km2, and the three stations showed different characteristics. The
M site was fully freshwater (340 µS cm−1), the water column was thoroughly mixed, and
the NO3

− concentration (~90 µM) showed summer values typical of the terminal reach
of the Po River [27]. At the bottom of G site, water was slightly saline, up to 11.2 ppt,
while complete water stratification occurred at LV. In fact, in LV surface water, salinity
was ~0.8 ppt and in depth ~18.1 ppt, due to salt intrusion from the Adriatic Sea. Nitrate
availability decreased from ~60 µM to ~40 µM moving from G to LV (Table 1). During the
sediment sampling campaign, profiles of physicochemical water variables (temperature,
oxygen, electrical conductivity, and salinity) were monitored at different stations along the
river course, demonstrating that freshwater conditions along the entire water depth extend
from the M site to the location named Valle Dindona located approximately 5 km upstream
from the G site.

Table 1. Features of the three sampling sites during the July campaign. Values of the bottom waters
are reported.

Site
Distance from the

Outlet (km) Salinity (ppt) NO3− (µM) NH4
+ (µM) Total N (µM)

Mesola (M) 25 0.2 90 3 115
Conca Gorino (G) 5 11.2 59 13 122

Lanterna Vecchia (LV) 1.5 18.1 44 5 113

2.2. Sediment and Water Sampling

Measurements of sedimentary features, sediment oxygen demand, inorganic N fluxes
(NO3

−, NH4
+, and N2), and denitrification rates at the three sampling sites were performed

in middle summer. Sampling and pre-incubation were performed according to standard-
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ized procedures [28]. The experimental design consisted of the collection of seven intact
sediment cores (plexiglass liners, internal diameter 4.5 cm, length 20 cm) at each site, of
which five replicates were used for dark flux and denitrification measurements, and two
replicates for sediment characterization. Only cores with visually undisturbed sediments
and clear overlying water were used for further treatment. The sediment level of the
collected intact cores was adjusted to approximately 9 cm on average, leaving an overlying
water column of approximately 8 cm. Water column parameters (temperature, oxygen
content, electrical conductivity, and salinity) were measured in situ with a multiparametric
probe (YSI Model 85—Handheld Dissolved Oxygen, Conductivity, Salinity and Tempera-
ture System, YSI, Incorporated, Yellow Springs, OH, USA). After collection, the sediment
cores were submerged in three different tanks with site water continuously aerated with
aquarium pumps, and they were transported to the laboratory within a few hours. At
each site, approximately 60 L of bottom water were collected using a Van Dorn bottle and
brought to the laboratory for core maintenance, pre-incubation, and incubation periods.

2.3. Measurement of Benthic Fluxes and Denitrification Rates

In the laboratory, the sediment cores were maintained with the top open and aerated
overnight in the dark. Each core was equipped with a Teflon-coated magnet, driven by
a central magnet rotating at 40 rpm, which was suspended a few centimeters above the
sediment surface to mix the water column while avoiding resuspension (Figure 2a,b). Water
was stirred throughout the whole pre-incubation and incubation periods. Intact sediment
cores were incubated in a batch mode according to standardized protocols developed
for the measurement of benthic fluxes of gases and nutrients [28,29]. Incubations were
performed in the laboratory at 25 ◦C, simulating the typical middle summer conditions
in the Po River Delta. Dark fluxes of dissolved O2 (SOD, sediment oxygen demand) and
dissolved inorganic N (N2, NO3

−, NO2
−, NH4

+) across the water–sediment interface were
quantified via start–end incubations lasting 2 h in order to maintain O2 concentration
within 20% of initial value [28]. Light penetration is generally very limited where the
turbidity is high, such as in the Po River Delta; thus, the benthic compartment is assumed
always to be in the dark. After overnight pre-incubation, five cores from each site were
incubated in the dark. The water inside each tank was replaced with fresh water from
each site in order to maintain near in situ dissolved nutrient concentrations. To initiate
incubation, the water level in the tanks was lowered a few centimeters below the top of
the cores and each liner was sealed with a rubber lid. Temperature and O2 concentrations
were measured with a multiparametric probe directly inside each core at the beginning
and end of the incubation period. Simultaneously, water samples were collected from each
core with a glass 60 mL syringe, filtered through Whatman GF/F glass fiber filters and
transferred to polyethylene vials to analyze dissolved inorganic N compounds. In addition,
samples for N2:Ar were collected, transferred into 12 mL glass-tight vials (Exetainer, Labco,
High Wycombe, UK) allowing abundant overflow, and preserved by adding 100 µL of
7 M ZnCl2 to stop microbial activity. After the first incubation, the water in the tanks was
replaced and the cores were submerged for approximately 1 h to stabilize. The isotope
pairing technique (IPT [28,30]) was applied to measure denitrification rates on the same
set of cores used for benthic flux determinations. At the beginning of the incubation, the
water level in the tank was lowered just below the top of the cores, and aliquots of a stock
solution of 15 mM 15NO3

− (Na15NO3, Sigma Aldrich) were added to the cores to obtain a
final labelled NO3

− enrichment of approximately 50%. The IPT incubation lasted 2 h from
when the cores were capped. The NO3

− concentrations were measured in each core before
and after the addition of 15NO3

− to calculate the 14N:15N ratio in the NO3
− pool. At the

end of the incubation period, the entire sediment column was mixed with the water column
to homogenize the dissolved N2 pools in the water column and porewater. An aliquot of
the slurry was transferred to a 12 mL Exetainer and fixed with 200 µL of 7 M ZnCl2.
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Figure 2. Laboratory design: (a) laboratory tank of one experimental site with sampling cores and
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2.4. Analytical Methods, Calculation of Benthic Fluxes and Denitrification Rates

NO2
− and NH4

+ were analyzed via standard spectrophotometric methods using
a Jasco V-550 spectrophotometer. NO2

− was determined using sulfanilamide and N-(1-
naphtyl)-ethylenediamine (detection limit 0.1 µM [31]). NH4

+ was analyzed using salicylate
and hypochlorite in the presence of sodium nitroprusside (detection limit 0.5 µM [32]).
NO3

− was analyzed using Technicon AutoAnalyser II (detection limit 0.4 µM [33]).
The N2:Ar ratio (water samples from the incubation of benthic fluxes) and the abun-

dance of 29N2 and 30N2 (slurry samples from the IPT incubation) were analyzed via mem-
brane inlet mass spectrometry (MIMS) at the Laboratory of Aquatic Ecology, University of
Ferrara (Bay instrument, MD, USA [34]). For MIMS analyses, the samples, after equilibra-
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tion at 20 ◦C, were pumped through an under-vacuum gas-permeable silicone membrane.
The extracted gases passed through (i) a liquid nitrogen cryogenic trap to remove carbon
dioxide and water vapor, (ii) a copper reduction column controlled by a muffle furnace
operating at 600 ◦C to remove oxygen, and finally (iii) a second liquid nitrogen trap be-
fore ionization and detection by a PrismaPlus quadrupole mass spectrometer [35,36]. The
concentration of N2 was calculated from the measured N2:Ar ratio multiplied by the the-
oretical saturated Ar concentration at the sampling water temperature determined from
gas solubility tables [37]. Benthic N2 fluxes include coupled nitrification/denitrification
and anammox. However, several studies showed that contribution of anammox to N2
production in organic-rich freshwater ecosystems is generally negligible [3,38,39].

Dark fluxes were calculated from the rate of change in concentrations with time,
according to the following equation [29]:

Fx =
(C0 −Cf)·V

A·t

where Fx (µmol m−2 h−1) is the flux of a general compound, C0 and Cf (µM) are the
concentrations of the compound at the beginning and the end of incubation, respectively, V
(L) is the water volume of the core, A (m2) is the area of the sediment core, and t (h) is the
time of incubation. Negative values indicate fluxes from the water column to the sediment,
whereas positive values indicate fluxes from sediment to the water column.

Denitrification rates were calculated as described by [29]:

D15 = p29 + 2p30D14 = D15·
(

p29
2p30

)
where D15 is the denitrification rate of the added 15NO3

−, D14 is the total denitrification rate
of 14NO3

−, and p29 and p30 are the production rates of 29N2 and 30N2, respectively. The
denitrification of NO3

− diffusing to the anoxic sediment layer from the water column (Dw)
and the denitrification of NO3

− produced within the oxic sediment layer by nitrification
(Dn) were calculated according to [30]:

Dw =
14NO−3
15NO−3

·D15Dn = D14 −Dw

where 14NO3
− is the ambient nitrate and 15NO3

− is the labelled nitrate added to each core.

2.5. Sediment Characterization

The cores for sediment characterization (Figure 2c) were processed as follows. The
upper 0–1 cm section was sliced, and rapidly homogenized and sediment subsamples of
5 mL were used to determine the physical properties. Bulk density was determined as
the ratio of wet weight to volume. Porosity and water content (%) were determined from
weight loss of a known fresh sediment volume, after drying at 50 ◦C to constant weight for
72 h. Finally, the dried samples (approximately 0.5 g) were placed into a muffle furnace at
350 ◦C for 3 h to quantify the organic matter content (OM, %), based on the weight loss
by ignition.

2.6. Riverine N Loadings in the Po di Goro and Importance of NO3
− Removal via Denitrification

Daily total N loadings transported by the Po di Goro River to the Adriatic Sea in the
middle summer (July and August) months were calculated using official concentration
and discharge datasets collected for the period 2014–2019. Nitrogen species concentra-
tions were obtained by monthly sampling campaigns carried out at the Serravalle station
(44◦58′43.6′′ N and 11◦59′51.9′′ E) in the framework of the ARPAE environmental monitor-
ing program (https://dati.arpae.it/, accessed on 23 October 2021). The station is located
on the main course of the Po River just before the diversion of the Po di Goro branch.

https://dati.arpae.it/
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Sample collection and analysis were performed in accordance with standard methods and
analytical protocols [40]. The daily average discharges of the Po River (Pontelagoscuro
station, 44◦53′19.34′′ N and 11◦36′29.60′′ E) were acquired from the permanent records of
a gauge operated by ARPAE. Discharge datasets were retrieved from the “Hydrological
Annals—Second Part” published by ARPAE and available on the Regional Open Data
Portal (https://simc.arpae.it/dext3r/, accessed on 23 October 2021). The discharge of the
Po di Goro River was calculated as a function of the discharge measured at Pontelagoscuro
by employing a predictive experimental equation obtained from data reviewed by the Envi-
ronmental Agency of the Veneto Region (Supplementary Materials, Figure S1). Daily total
N loadings were calculated by multiplying monthly concentrations by average monthly
discharge and compared to the amount potentially removed by the entire sampled reach of
the Po di Goro River obtained by scaling up the experimentally measured denitrification
rates. The proportion of the N amount removed in the reach versus the total N loading
entering that reach was considered as the denitrification efficiency.

2.7. Statistical Analysis

Differences among the three sampling sites in inorganic N fluxes, denitrification rates
and SOD measured by core incubations were tested via one-way ANOVA and pairwise
multiple comparisons of means (post hoc test, Tukey’s test). Normality (Shapiro–Wilk
test) and homoscedasticity (Levene’s test) were examined, and all datasets fulfilled the
requirements for parametric tests. Statistical analysis was performed using SigmaPlot 11.0
(Systat Software, Inc., San Jose, CA, USA), and the overall significance level was set at p ≤
0.05.

3. Results and Discussion
3.1. Factors Controlling NO3

− Removal via Denitrification in the Po di Goro Sediments

Nitrate fluxes were always negative, indicating that consumption from the overlying
bottom water occurred in the sediments of the Po di Goro River owing to benthic processes
(Figure 3a). Nitrate removal rates differed among sampling sites (Table 1), with higher
values at M and G sites (on average −402 ± 169 and −397 ± 193 µmol N m−2 h−1,
respectively) than at LV site (−83 ± 41 µmol N m−2 h−1), reflecting a decrease in water
NO3

− availability along the river–sea gradient from the fully riverine reach (~90 µM)
to the outlet into the Adriatic Sea (~40 µM). Similarly, the N2 fluxes and Dtot and Dw
rates were significantly different among the three sampling sites (Figure 3a, Table 2). The
highest Dtot rates were measured at the M site and were almost equivalent to the rates
of N2 production and NO3

− consumption (422 ± 99 and −424 ± 103 µmol N m−2 h−1,
respectively), exceeding, by a factor of four on average, the rates measured at LV, the site
nearest to the sea. At LV, the lowest NO3

− availability in the water resulted in the lowest
rates of N2 production and Dtot measured for the Po di Goro sediments. The post hoc
Tukey’s test showed significant differences in N fluxes (NO3

− and N2) and denitrification
rates between M and LV and between G and LV sites, but not between M and G sites
(Table 2).

Nitrate fluxes measured in single cores sampled from the Po di Goro River ranged
between−640 µmol N m−2 h−1 and−48 µmol N m−2 h−1 and were highly correlated with
both Dw rates (p < 0.0001) and N2 effluxes (p < 0.0001) (Figure 3b,d; Table S2). The highest
consumption of NO3

− corresponded to the highest Dw rates and also to the maximum rates
of N2 production (Figure 3b,d). The generally good correlation between NO3

− demand
and N2 effluxes detected in all the sampled sites demonstrated that denitrification was
the main process responsible for reactive N removal and was quantitatively fueled by
water column NO3

−. Anammox cannot be excluded to occur and partially contribute to
N2 effluxes. However, studies measuring denitrification and anammox simultaneously in
eutrophic and organic-rich freshwater ecosystems demonstrated that the contribution of
anammox to the total N2 production was generally <10% [3,38,39], and summer appeared
to be a relatively unfavorable season for anammox bacterial growth [41].

https://simc.arpae.it/dext3r/
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Figure 3. Benthic dark fluxes of inorganic N measured at the three sampling sites. (a) Fluxes of NO3
−

and N2, and total denitrification (Dtot), (b) relation between fluxes of NO3
− and N2, (c) denitrification

rates split into denitrification of water column NO3
− (Dw, white bars) and denitrification coupled

to nitrification in the sediment (Dn, hatched bars), (d) relation between fluxes of NO3
− and Dw. In

panels (a,c), average values ± standard deviations are reported, while graphs of panels (b,d) include
single core measurements.
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Table 2. Results of the one-way ANOVA and Tukey’s test (p < 0.05). NS = not statistically significant).

Parameter p F Turkey’s Test

Dtot <0.001 15.45 M vs. LV
G vs. LV

Dw <0.01 8.65 M vs. LV
G vs. LV

NO3
− flux <0.01 7.37 M vs. LV

G vs. LV

N2 flux <0.01 7.88 M vs. LV
G vs. LV

NH4
+ flux NS 2.82 -

SOD NS 0.68 -

In the Po di Goro sediment, denitrification was stimulated when NO3
− availability in

the water was greater (M) and the sediment richer in OM (G), whereas it was inhibited at
the most saline site (LV). The highest rates measured at M and G reflected the occurrence of
the three primary controls directly influencing denitrification, that is, availability of NO3

−

and organic carbon and anoxic environment. Nitrate and organic carbon availability, acting
as terminal electron acceptor and electron supplier for denitrifying bacteria, respectively,
are generally considered as the most important drivers determining the magnitude of
denitrification [42]. The present outcomes were consistent with studies performed in a
vast array of aquatic ecosystems demonstrating that high concentrations of NO3

− and
interstitially dissolved organic carbon, as well as low oxygen levels, in the overlying water
enhance denitrification in summer [6,43]. Although NO3

− concentrations decreased from
M to G, the total denitrification rates were similar, likely resulting from a combination
of factors, that is, the stimulating effect of higher sediment OM occurring at G (Table 3)
together with the salinity-induced stratification. Low oxygen concentrations in the water
column stimulate denitrification by reducing the distance for NO3

− diffusion to encounter
anoxic conditions in the sediment. The higher availability of labile OM occurring at G was
likely a consequence of salinity-induced flocculation of the particulate organic load [44].
Sediment organic enrichment stimulates denitrification directly by providing an energy
source for heterotrophic denitrifying bacteria, as well as indirectly, by fueling respiration
that depletes dissolved oxygen in the benthic compartment [5,45]. A higher SOD value
(~3100 µmol O2 m−2 h−1) appeared at G, indicating muddy–sandy sediments rich in
OM (4.2%), while lower rates of oxygen consumption (~2700 µmol O2 m−2 h−1) were
measured in sediments with lower organic enrichments (Table 3; Figure 4a; Table S2). No
significant differences in SOD were observed among the sampling sites, but they overall
resulted in a higher range of rates reported in the literature for freshwater eutrophic
environments [21,46–48].

Table 3. Sediment characteristics at the three sampling sites of the Po di Goro River. Average values
± standard deviations are reported.

M G LV

Typology sandy muddy–sandy clay
Porosity 0.63 ± 0.08 0.64 ± 0.12 0.51 ± 0.04

Density (g/mL) 1.56 ± 0.17 1.14 ± 0.18 1.41 ± 0.32
OM (%) 2.00 ± 1.00 4.30 ± 0.40 1.80 ± 0.00
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Denitrification supported by water column NO3
− contributed mostly (70–100%) to

total rates, as widely reported in the literature when water NO3
− concentrations exceed

50−60 µM [10,21]. At all sites, sediments were simultaneously a net sink of water column
NO3

− but also a source of NH4
+. Ammonium fluxes were always positive, indicating a

production in the benthic compartment and a release to the overlying bottom water as a
consequence of OM mineralization (Figure 4b; Table S2). The generally good correlation
between NO3

− and N2 effluxes, and Dw rates (Figure 3) demonstrated that denitrification
was the main process responsible for NO3

− consumption. Dissimilatory nitrate reduction
to ammonium (DNRA) cannot be excluded as a process contributing partially to NH4

+

recycling from the sediment, especially in those sites with a higher ratio between sedimen-
tary organic carbon and water column NO3

−, such as G and LV. Previous studies have
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demonstrated that reducing (sulfidic) conditions, such as those established in OM-rich sites,
do favor DNRA over denitrification [48–50].

Denitrification coupled to nitrification was likely controlled by the limited oxygen
availability at the sediment–water interface, preventing NH4

+ oxidation, occurring as
a consequence of water stratification, a typical summer condition of lowland canalized
rivers and transitional environments [26,51,52]. At the G site, the bottom water was
the dominant source of nitrate, accounting for 100% of the total amount required for
denitrification. Here, the mineralization of the high OM content reduced the oxygen
availability into the sediments, creating the anoxic conditions that prevented coupled
nitrification–denitrification [48,53,54]. Conversely, coupled nitrification–denitrification was
the highest at M (~130 µmol N m−2 h−1, Figure 3c; Table S2), accounting for ~30% of
the total denitrification rate, reflecting the thorough mixing of the water column and the
oxygenation of the surface sediment. At the LV site, the denitrification rate was the lowest,
because of the concomitant low water NO3

− availability, increased salinity, and permanent
stratification resulting in anoxic conditions in the benthic compartment. Salinity has been
demonstrated to place physiological stress on bacterial communities, such as nitrifiers and
denitrifiers [18]. In the sediments of transitional environments, the depletion of electron
acceptors such as O2 and NO3

− generally leads to the dominance of sulphate reduction
as a decomposition pathway accounting for a large part of the organic matter oxidation.
Persistent anoxia is thus accompanied by a significant release of sulfide to the water
column, a condition inhibiting nitrification and denitrification [55]. Organic enrichment
and reducing conditions under persistent stratification may shift NO3

− reduction towards
more pronounced DNRA, with internal NO3

− recycling to NH4
+. Future research should

address the concomitant measurement of denitrification and DNRA in deltaic environments
to better understand the balance between N removal and N recycling processes.

3.2. Denitrification Rates in the Po di Goro: Comparison to the Literature and Relevance in
Attenuating the Riverine N Loadings in Summer

The denitrification rates measured in the Po di Goro sediments were in line with
those reported in the literature for estuarine and delta systems around the world with
water temperatures > 20 ◦C (Table 4). The observed high spatial variability is typical of
transitional zones where a multitude of factors are in a constant state of change, such as
NO3

− supply, rates of organic carbon sedimentation, and redox condition in the overlying
water and surface sediments. The rates measured in this study for the freshwater site (M)
were higher than the range of observations for nonsaline locations of other estuarine and
delta systems (Table 4). This discrepancy is most likely due to the presence of a mixed NO3

−

-rich water column which ensures a constant supply of NO3
− to the benthic bioreactive

surfaces where denitrification occurs. A combination of salinity-induced stratification and
NO3

− decrease plays a role in reducing the denitrification capacity along the river–sea
gradient, as previously observed for other transitional environments [14,56].

In a worldwide hotspot of eutrophication and NO3
− pollution, such as the Po River

Basin, denitrification has been widely measured in several aquatic ecosystem types (e.g.,
wetlands, canals, lagoons, lakes), and its controlling factors diffusively investigated, re-
sulting in the main process responsible for reactive N removal, especially in freshwater
environments [20–22]. A comprehensive summary of denitrification measurements per-
formed in the aquatic ecosystems of the Po River Basin during the summer period is
presented in Figure 5. Details of the sampling locations and the main sediment and water
features are reported in the Supplementary Material (Table S1). Summer denitrification
was quite different among aquatic ecosystem types, with measured rates spanning along
three orders of magnitude, i.e., from <2 to ~2000 µmol N m−2 h−1. On average, the highest
denitrification rates were found in aquatic environments tightly linked to the surrounding
agricultural landscapes (connected wetlands and rivers), resulting in an increased avail-
ability of NO3

− and labile organic carbon (Figure 5). The range of denitrification rates
measured in the Po di Goro sediments overlapped with estimates of denitrification in
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connected wetlands and rivers of the Po River Basin and was higher than those found
in isolated wetlands, lakes, and coastal lagoons. Generally, denitrification rates were
supported mainly by Dw in all aquatic ecosystems, with only the exception of lagoons,
where sediment oxidation mediated by bioturbation contributes to stimulating coupled
nitrification-denitrification [23].
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Figure 5. Boxplot on total denitrification rates measured during the period of highest temperature of
the year in different aquatic ecosystems of the Po River Basin (CW, connected wetlands; IW, isolated
wetlands; R, rivers; LK, lakes; LG, lagoons). The central horizontal line in the box is the median, the
top and bottom boxes are 25th and 75th percentiles, and the whiskers are 10th and 90th percentiles.
The employed datasets are reported in Table S1 (Supplementary Material).

Denitrification rates in the Po di Goro sediments can be addressed in a mass balance
context to assess the relevance of the process at the whole-reach scale. Daily TN load-
ings transported by the Po di Goro River to the Adriatic Sea in middle summer varied
between 1.6 and 4.8 t N day−1 according to different discharge values (13–35 m3 s−1)
and NO3

− was the dominant nitrogen form (on average 76–86% of TN). By extrapolating
the total denitrification rates measured by sediment core incubations, the whole Po di
Goro sampled reach (∼7 km2) was estimated to potentially dissipate by denitrification up
to 0.94 ± 0.23 t N day−1. Despite different drivers regulating denitrification at the three
sampling sites, the present outcomes demonstrated that, in middle summer conditions,
deltaic denitrification may remove a significant fraction, on average 28%, of the TN load
transported by the Po di Goro to the Adriatic Sea, highlighting a previously underestimated
role of the Po River terminal arms. Studies performed in several transitional environments
around the world have estimated highly variable denitrification efficiency, contributing to
removing from <10% to ∼50% of the annual N loading (e.g., [57–59]). However, the rate
at which this process occurs and how it affects the N supply to the coastal zones and the
availability for primary producers is particularly important to address during summer
periods when the eutrophication risk is higher. The present data suggest that the TN
loadings, which are usually derived from river gauging above the tidal limit, overestimate,
by nearly 30%, the real loadings reaching the Adriatic Sea in summer as they do not take
into account the deltaic denitrification capacity. Quantitative information on N cycling in
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deltaic sediments with high temporal and spatial resolution is needed to better understand
how N loading from watersheds may affect eutrophication phenomena in the coastal zones.

Table 4. Total denitrification rates measured via isotope pairing technique in selected transitional
environments (deltas and estuaries) around the world during the summer period. Main sediment
and water features are reported for comparison with the results of this study. Standard deviations
are reported.

Location T (◦C) Salinity (‰) NO3− (µM) SOD (µmol O2 m−2 h−1) Dtot (µmol N m−2 h−1) OM (%) References

The Colne
estuary

(UK)
25 - 141 - 353 ± 37 - [60]

Norsminde
Fjord—shallow

estuary
(Denmark)

23
0.1–19.4

<1 - 106 ± 1

-

[61]

23 2 153 ± 28
Neuse River

(North Carolina) 29

-

11 681 ± 88 8 [62]

29 17 256 ± 177 73
26 24 647 ± 411 143

-29 38 1187 ± 143 51
24.5 32 791 ± 136 19

Wax Lake Delta
(Louisiana) 30 0.1–0.4 58 1186 ± 143 41 ± 2 2 [15]

Barataria Bay
(Louisiana) 30 0.1–0.4 45 1527 ± 451 42 ± 10 2

Nueces River
(Texas) 30 0.29 67 736 ± 2 27 ± 6 - [63]

Corpus Christi
Bay

(Texas)
32.3 1.94 2 1077 ± 70 7 ± 1 -

Thames estuary–
Site 1 (UK) - 2–32 611 3113 ± 184 4826 ± 395 4 [56]

Site 2 - 2–32 * 2884 ± 538 146 ± 28 2
Site 3 - 2–32 * 5384 ± 186 140 ± 33 2
Site 4 - 2–32 * 5486 ± 504 175 ± 55 3
Site 5 - 2–32 * 4379 ± 914 462 ± 68 3
Site 6 - 2–32 * 3680 ± 413 103 ± 9 1

Wax Lake Delta
(Louisiana) 27.3 0.2 64 1833 397 5 [64]

19 0.2–0.4 98 1042 ± 0 115 ± 7 3 [14]
22.2 0.2–0.4 102 1953 ±130 87 ± 5 6
21.2 0.2–0.4 82 3646 ± 130 230 ± 10 22

Mildred Island
(Suisun Delta,

USA)
22.2 0.1 - 1160 ± 130 20 - [19]

Franks
(Suisun Delta,

USA)
22 0.1 - 1490 ± 55 48 ± 3 -

Big Break
(Suisun Delta,

USA)
21.5 0.1 - 1062 ± 32 21 ± 11 -

Sherman Island
(Suisun Delta,

USA)
21 0.2 - 947 ± 98 71 ± 12 -

Brown
(Suisun Bay,

USA)
21 0.4 - 1490 ± 250 53 ± 5 -

Po di Goro
(Mesola) 25 0.2 89 2731 ± 521 422 ± 99 2 This study

Po di Goro
(Conca Gorino) 25 11.2 61 3111 ± 815 305 ± 123 4.3

Po di Goro
(Lanterna
Vecchia)

25 18.1 71 2759 ± 234 105 ± 5 1.8

* Nitrate concentration decreased along the river–sea gradient.

4. Conclusions

Benthic denitrification in the Po delta sediments was a net sink of N, which accounted
for a significant reduction in TN loading to the coastal zone. These outcomes underscore the
role of the terminal branches of the Po River delta, previously underestimated, as a buffering
system as a whole, against summer N loadings and for the protection of coastal areas, right
when eutrophication risk is the highest. Sedimentary regeneration of NH4

+ was measured
at all stations and partially counterbalanced N losses via denitrification. This positive
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contribution to the generation of reactive N was unexpectedly high and requires further
investigation. Knowledge of spatial and temporal variability and the relative importance
of contrasting paths of the N cycle, such as denitrification and ammonia regeneration in
deltaic sediments, is a key point for the definition of effective interventions to mitigating
NO3

− pollution and coastal eutrophication.
These preliminary findings need to be progressed both at the microscale (e.g., assess-

ment of environmental drivers controlling benthic N dynamics) and at the whole-reach
scale. Moreover, investigating the effects of increasing water temperature and saline in-
trusion on denitrification as consequences of global warming is of great interest for future
studies on the buffering capacity against N loadings in deltaic ecosystems.

Supplementary Materials: The following are available online at https://www.mdpi.com/article/
10.3390/w14030501/s1. Figure S1: Relation between the discharge (Q) of the Po River measured at
Pontelagoscuro station and the percentage transported by the Po di Goro branch. Table S1: Total
denitrification rates measured via isotope pairing technique in different aquatic ecosystems of the
Po River Basin during the period of highest temperature of the year (CW, connected wetlands; IW,
isolated wetlands; R, rivers; LK, lakes; LG, lagoons). Table S2: Summary of benthic fluxes and
denitrification rates measured in the Po di Goro.

Author Contributions: Conceptualization, M.P.G., E.S. and G.C.; methodology, E.S. and G.C.; in-
vestigation, M.P.G., E.S., F.V. and G.C.; resources, F.V.; formal analysis, M.P.G.; writing—original
draft preparation, M.P.G.; writing—review and editing, E.S. and G.C.; visualization, M.P.G.; fund-
ing acquisition, G.C.; supervision, G.C. All authors read and agreed to the published version of
the manuscript.

Funding: This work was financially supported by the EU LIFE Project AGREE (coAstal laGoon
long-teRm managEmEnt) (LIFE13 NAT/IT/000115), by the Po River District Authority within the
research program “Origin and dynamics of the nutrient loadings delivered by the Po River and
other basins flowing into the Adriatic Sea” and by the local water authority, Consorzio di Bonifica
Pianura di Ferrara, within a collaboration aiming at defining management strategies for the control
of eutrophication in the Po River Delta.

Data Availability Statement: Data collected by the Regional Environmental Protection Agency
of the Emilia-Romagna region are available online at https://dati.arpae.it/ and
https://simc.arpae.it/dext3r.

Acknowledgments: The authors would like to thank Marco Bartoli (University of Parma, Italy)
for providing incubation devices, and Mattia Lanzoni and Luca Bellini for their help during the
sampling campaign.

Conflicts of Interest: The authors declare no conflict of interest.

References
1. Glibert, P.M.; Harrison, J.; Heil, C.; Seitzinger, S. Escalating worldwide use of urea–a global change contributing to coastal

eutrophication. Biogeochemistry 2006, 77, 441–463. [CrossRef]
2. Howarth, R.W.; Marino, R. Nitrogen as the limiting nutrient for eutrophication in coastal marine ecosystems: Evolving views

over three decades. Limnol. Oceanogr. 2006, 51, 364–376. [CrossRef]
3. Zhou, S.; Borjigin, S.; Riya, S.; Terada, A.; Hosomi, M. The relationship between anammox and denitrification in the sediment of

an inland river. Sci. Total Environ. 2014, 490, 1029–1036. [CrossRef]
4. Li, J.; Yu, S.; Qin, S. Removal capacities and environmental constrains of denitrification and anammox processes in eutrophic

riverine sediments. Water Air Soil Pollut. 2020, 231, 1–16. [CrossRef]
5. Cornwell, J.C.; Kemp, W.M.; Kana, T.M. Denitrification in coastal ecosystems: Methods, environmental controls, and ecosystem

level controls, a review. Aquat. Ecol. 1999, 33, 41–54. [CrossRef]
6. Piña-Ochoa, E.; Álvarez-Cobelas, M. Denitrification in Aquatic Environments: A Cross-system Analysis. Biogeochemistry 2006, 81,

111–130. [CrossRef]
7. Birgand, F.; Skaggs, R.W.; Chescheir, G.M.; Gilliam, J.W. Nitrogen removal in streams of agricultural catchments—A literature

review. Crit. Rev. Environ. Sci. Technol. 2007, 37, 381–487. [CrossRef]
8. Zhu, G.; Wang, S.; Zhou, L.; Wang, Y.; Zhao, S.; Xia, C.; Wang, W.; Zhou, R.; Wang, C.; Jetten, M.S.M.; et al. Ubiquitous anaerobic

ammonium oxidation in inland waters of China: An overlooked nitrous oxide mitigation process. Sci. Rep. 2015, 5, 1–10.
[CrossRef]

https://www.mdpi.com/article/10.3390/w14030501/s1
https://www.mdpi.com/article/10.3390/w14030501/s1
https://dati.arpae.it/
https://simc.arpae.it/dext3r
http://doi.org/10.1007/s10533-005-3070-5
http://doi.org/10.4319/lo.2006.51.1_part_2.0364
http://doi.org/10.1016/j.scitotenv.2014.05.096
http://doi.org/10.1007/s11270-020-04593-z
http://doi.org/10.1023/A:1009921414151
http://doi.org/10.1007/s10533-006-9033-7
http://doi.org/10.1080/10643380600966426
http://doi.org/10.1038/srep17306


Water 2022, 14, 501 15 of 17

9. Chen, H.; Zhang, B.; Yu, C.; Zhang, Z.; Yao, J.; Jin, R. The effects of magnetite on anammox performance: Phenomena to
mechanisms. Bioresour. Technol. 2021, 337, 125470. [CrossRef]

10. Seitzinger, S.; Harrison, J.A.; Böhlke, J.K.; Bouwman, A.F.; Lowrance, R.; Peterson, B.; Tobias, C.; Drecht, G.V. Denitrification
across landscapes and waterscapes: A synthesis. Ecol. Appl. 2006, 16, 2064–2090. [CrossRef]

11. Peterson, B.J.; Wollheim, W.M.; Mulholland, P.J.; Webster, J.R.; Meyer, J.L.; Tank, J.L.; Martì, E.; Bowden, W.B.; Valett, H.M.;
Hershey, A.E.; et al. Control of nitrogen export from watersheds by headwater streams. Science 2001, 292, 86–90. [CrossRef]

12. Herrman, K.S.; Bouchard, V.; Moore, R.H. Factors affecting denitrification in agricultural headwater streams in Northeast Ohio,
USA. Hydrobiologia 2008, 598, 305–314. [CrossRef]

13. Alexander, R.B.; Smith, R.A.; Schwarz, G.E. Effect of stream channel size on the delivery of nitrogen to the Gulf of Mexico. Nature
2000, 403, 758–761. [CrossRef] [PubMed]

14. Li, S.; Twilley, R.R. Nitrogen dynamics of inundated sediments in an emerging coastal deltaic floodplain in mississippi river delta
using isotope pairing technique to test response to nitrate enrichment and sediment organic matter. Estuaries Coasts 2021, 44,
1899–1915. [CrossRef]

15. Upreti, K.; Rivera-Monroy, V.H.; Maiti, K.; Giblin, A.; Geaghan, J.P. Emerging wetlands from river diversions can sustain high
denitrification rates in a coastal delta. J. Geophys. Res. Biogeosci. 2021, 126, e2020JG006217. [CrossRef]

16. Seo, D.C.; Yu, K.; Delaune, R.D. Influence of salinity level on sediment denitrification in a Louisiana estuary receiving diverted
Mississippi River water. Arch. Agron. Soil Sci. 2008, 54, 249–257. [CrossRef]

17. Giblin, A.E.; Weston, N.B.; Banta, G.T.; Tucker, J.; Hopkinson, C.S. The effects of salinity on nitrogen losses from an oligohaline
estuarine sediment. Estuaries Coasts 2010, 33, 1054–1068. [CrossRef]

18. Rysgaard, S.; Thastum, P.; Dalsgaard, T.; Christensen, P.B.; Sloth, N.P. Effects of salinity on NH4
+ adsorption capacity, nitrification,

and denitrification in Danish estuarine sediments. Estuaries 1999, 22, 21–30. [CrossRef]
19. Cornwell, J.C.; Glibert, P.M.; Owens, M.S. Nutrient fluxes from sediments in the San Francisco Bay Delta. Estuaries Coasts 2014, 37,

1120–1133. [CrossRef]
20. Pinardi, M.; Bartoli, M.; Longhi, D.; Viaroli, P. Net autotrophy in a fluvial lake: The relative role of phytoplankton and floating-

leaved macrophytes. Aquat. Sci. 2011, 73, 389–403. [CrossRef]
21. Racchetti, E.; Bartoli, M.; Soana, E.; Longhi, D.; Christian, R.R.; Pinardi, M.; Viaroli, P. Influence of hydrological connectivity of

riverine wetlands on nitrogen removal via denitrification. Biogeochemistry 2011, 103, 335–354. [CrossRef]
22. Castaldelli, G.; Soana, E.; Racchetti, E.; Vincenzi, F.; Fano, E.A.; Bartoli, M. Vegetated canals mitigate nitrogen surplus in

agricultural watersheds. Agric. Ecosyst. Environ. 2015, 212, 253–262. [CrossRef]
23. Magri, M.; Benelli, S.; Bonaglia, S.; Zilius, M.; Castaldelli, G.; Bartoli, M. The effects of hydrological extremes on denitrification,

dissimilatory nitrate reduction to ammonium (DNRA) and mineralization in a coastal lagoon. Sci. Total Environ. 2020, 740, 140169.
[CrossRef] [PubMed]

24. Environmental Protection Agency of the Veneto Region. Distribution of Flows Among the Branches of the Po River and the outlets
of the Po Delta Po: Historical Experiences and New Investigations During the 2011. Relation n◦ 2/12. In Italian. 2012. Available
online: https://www.arpa.veneto.it/temi-ambientali/idrologia/approfondimenti/lidrologia-del-delta-del-po (accessed on
23 October 2021).

25. Viaroli, P.; Giordani, G.; Bartoli, M.; Naldi, M.; Azzoni, R.; Nizzoli, D.; Ferrari, I.; Comenges, J.M.Z.; Bencivelli, S.;
Castaldelli, G.; et al. The sacca di Goro lagoon and an arm of the Po river. In Estuaries; Springer: Berlin/Heidelberg, Germany,
2006; pp. 197–232. [CrossRef]

26. Maicu, F.; Alessandri, J.; Pinardi, N.; Verri, G.; Umgiesser, G.; Lovo, S.; Turolla, S.; Paccagnella, T.; Valentini, A. Downscaling
with an unstructured coastal-ocean model to the Goro Lagoon and the Po River Delta branches. Front. Mar. Sci. 2021, 8, 647781.
[CrossRef]

27. Grilli, F.; Accoroni, S.; Acri, F.; Bernardi Aubry, F.; Bergami, C.; Cabrini, M.; Campanelli, A.; Giani, M.; Guicciardi, S.;
Marini, M.; et al. Seasonal and interannual trends of oceanographic parameters over 40 years in the Northern Adriatic Sea
in relation to nutrient loadings using the EMODnet Chemistry Data portal. Water 2020, 12, 2280. [CrossRef]

28. Dalsgaard, T.; Nielsen, L.P.; Brotas, V.; Viaroli, P.; Underwood, G.; Nedwell, D.; Sundback, K.; Rysgaard, S.; Miles, A.;
Bartoli, M.; et al. Protocol Handbook for NICE-Nitrogen Cycling in Estuaries: A Project under the EU Research Programme: Marine
Science and Technology (MAST III); Ministry of Environment and Energy National Environmental Research Institute, Denmark©
Department of Lake and Estuarine Ecology: Silkeborg, Denmark, 2000; pp. 1–62.

29. Owens, M.S.; Cornwell, J.C. The benthic exchange of O2, N2 and dissolved nutrients using small core incubations. JoVE J. Vis.
Exp. 2016, 114, e54098. [CrossRef]

30. Nielsen, L.P. Denitrification in sediment determined from nitrogen isotope pairing. FEMS Microbiol. Lett. 1992, 86, 357–362.
[CrossRef]

31. Golterman, H.L.; Clymo, R.S.; Ohnstand, M.A.M. Methods for physical and chemical analysis of fresh waters, I.B.P. In Handbook
Nr. 8; Blackwell: Oxford, MS, USA, 1978.

32. Bower, C.E.; Holm-Hansen, T. A salicylate–hypochlorite method for determining ammonia in seawater. Can. J. Fish. Aquat. Sci.
1980, 37, 794–798. [CrossRef]

http://doi.org/10.1016/j.biortech.2021.125470
http://doi.org/10.1890/1051-0761(2006)016[2064:DALAWA]2.0.CO;2
http://doi.org/10.1126/science.1056874
http://doi.org/10.1007/s10750-007-9164-4
http://doi.org/10.1038/35001562
http://www.ncbi.nlm.nih.gov/pubmed/10693802
http://doi.org/10.1007/s12237-021-00913-6
http://doi.org/10.1029/2020JG006217
http://doi.org/10.1080/03650340701679075
http://doi.org/10.1007/s12237-010-9280-7
http://doi.org/10.2307/1352923
http://doi.org/10.1007/s12237-013-9755-4
http://doi.org/10.1007/s00027-011-0186-7
http://doi.org/10.1007/s10533-010-9477-7
http://doi.org/10.1016/j.agee.2015.07.009
http://doi.org/10.1016/j.scitotenv.2020.140169
http://www.ncbi.nlm.nih.gov/pubmed/32927550
https://www.arpa.veneto.it/temi-ambientali/idrologia/approfondimenti/lidrologia-del-delta-del-po
http://doi.org/10.1007/698_5_030
http://doi.org/10.3389/fmars.2021.647781
http://doi.org/10.3390/w12082280
http://doi.org/10.3791/54098
http://doi.org/10.1111/j.1574-6968.1992.tb04828.x
http://doi.org/10.1139/f80-106


Water 2022, 14, 501 16 of 17

33. Armstrong, F.A.J.; Stearns, C.R.; Strickland, J.D.H. The measurement of upwelling and subsequent biological process by means of
the Technicon Autoanalyzer® and associated equipment. In Deep Sea Research and Oceanographic Abstracts; Elsevier: Amsterdam,
The Netherlands, 1967; Volume 14, pp. 381–389. [CrossRef]

34. Kana, T.M.; Darkangelo, C.; Hunt, M.D.; Oldham, J.B.; Bennett, G.E.; Cornwell, J.C. Membrane inlet mass spectrometer for rapid
high-precision determination of N2, O2, and Ar in environmental water samples. Anal. Chem. 1994, 66, 4166–4170. [CrossRef]

35. Lunstrum, A.; Aoki, L.R. Oxygen interference with membrane inlet mass spectrometry may overestimate denitrification rates
calculated with the isotope pairing technique. Limnol. Oceanogr. Methods 2016, 14, 425–431. [CrossRef]

36. Eyre, B.D.; Rysgaard, S.; Dalsgaard, T.; Christensen, P.B. Comparison of isotope pairing and N2:Ar methods for measuring
sediment denitrification—assumption, modifications, and implications. Estuaries 2002, 25, 1077–1087. [CrossRef]

37. Weiss, R.F. The solubility of nitrogen, oxygen and argon in water and seawater. In Deep Sea Research and Oceanographic Abstracts;
Elsevier: Amsterdam, The Netherlands, 1970; Volume 17, pp. 721–735. [CrossRef]

38. Burgin, A.J.; Hamilton, S.K. Have we overemphasized the role of denitrification in aquatic ecosystems? A review of nitrate
removal pathways. Front. Ecol. Environ. 2007, 5, 89–96. [CrossRef]

39. Koop-Jakobsen, K.; Giblin, A.E. Anammox in tidal marsh sediments: The role of salinity, nitrogen loading, and marsh vegetation.
Estuaries Coasts 2009, 32, 238–245. [CrossRef]

40. APAT, IRSA/CNR. Analytical Methods for Water Analysis. 2003. Available online: https://www.isprambiente.gov.it/it/
pubblicazioni/manuali-e-linee-guida/metodi-analitici-per-le-acque (accessed on 4 August 2021), ISBN 88-448-0083-7.

41. Hamersley, M.R.; Woebken, D.; Boehrer, B.; Schultze, M.; Lavik, G.; Kuypers, M.M. Water column anammox and denitrification in
a temperate permanently stratified lake (Lake Rassnitzer, Germany). Syst. Appl. Microbiol. 2009, 32, 571–582. [CrossRef]

42. Wallenstein, M.D.; Myrold, D.D.; Firestone, M.; Voytek, M. Environmental controls on denitrifying communities and denitrification
rates: Insights from molecular methods. Ecol. Appl. 2006, 16, 2143–2152. [CrossRef]

43. Dong, L.F.; Sobey, M.N.; Smith, C.J.; Rusmana, I.; Phillips, W.; Stott, A.; Nedwell, D.B. Dissimilatory reduction of nitrate to
ammonium, not denitrification or anammox, dominates benthic nitrate reduction in tropical estuaries. Limnol. Oceanogr. 2011, 56,
279–291. [CrossRef]

44. Asmala, E.; Bowers, D.G.; Autio, R.; Kaartokallio, H.; Thomas, D.N. Qualitative changes of riverine dissolved organic matter at
low salinities due to flocculation. J. Geophys. Res. Biogeosci. 2014, 119, 1919–1933. [CrossRef]

45. Rysgaard, S.; Christensen, P.B.; Nielsen, L.P. Seasonal variation in nitrification and denitrification in estuarine sediment colonized
by benthic microalgae and bioturbating infauna. Mar. Ecol. Prog. Ser. 1995, 126, 111–121. [CrossRef]

46. Christensen, P.B.; Nielsen, L.P.; Sørensen, J.; Revsbech, N.P. Denitrification in nitrate-rich streams: Diurnal and seasonal variation
related to benthic oxygen metabolism. Limnol. Oceanogr. 1990, 35, 640–651. [CrossRef]

47. Seitzinger, S.P. Linkages between organic matter mineralization and denitrification in eight riparian wetlands. Biogeochemistry
1994, 25, 19–39. [CrossRef]

48. Scott, J.T.; McCarthy, M.J.; Gardner, W.S.; Doyle, R.D. Denitrification, dissimilatory nitrate reduction to ammonium, and nitrogen
fixation along a nitrate concentration gradient in a created freshwater wetland. Biogeochemistry 2008, 87, 99–111. [CrossRef]

49. Nizzoli, D.; Carraro, E.; Nigro, V.; Viaroli, P. Effect of organic enrichment and thermal regime on denitrification and dissimilatory
nitrate reduction to ammonium (DNRA) in hypolimnetic sediments of two lowland lakes. Water Res. 2010, 44, 2715–2724.
[CrossRef] [PubMed]

50. Jiang, X.; Gao, G.; Zhang, L.; Tang, X.; Shao, K.; Hu, Y. Denitrification and dissimilatory nitrate reduction to ammonium in
freshwater lakes of the Eastern Plain, China: Influences of organic carbon and algal bloom. Sci. Total Environ. 2020, 710, 136303.
[CrossRef] [PubMed]

51. Wang, X.; Hu, M.; Ren, H.; Li, J.; Tong, C.; Musenze, R.S. Seasonal variations of nitrous oxide fluxes and soil denitrification rates
in subtropical freshwater and brackish tidal marshes of the Min River estuary. Sci. Total Environ. 2018, 616, 1404–1413. [CrossRef]

52. Yang, D.; Wang, D.; Chen, S.; Ding, Y.; Gao, Y.; Tian, H.; Chen, Z. Denitrification in urban river sediment and the contribution to
total nitrogen reduction. Ecol. Indic. 2021, 120, 106960. [CrossRef]

53. Sigman, D.M.; Robinson, R.; Knapp, A.N.; Van Geen, A.; McCorkle, D.C.; Brandes, J.A.; Thunell, R.C. Distinguishing between
water column and sedimentary denitrification in the Santa Barbara Basin using the stable isotopes of nitrate. Geochem. Geophys.
Geosyst. 2003, 4, 1040. [CrossRef]

54. Dong, L.F.; Thornton, D.C.O.; Nedwell, D.B.; Underwood, G.J.C. Denitrification in sediments of the River Colne estuary, England.
Mar. Ecol. Prog. Ser. 2000, 203, 109–122. [CrossRef]

55. Murphy, A.E.; Bulseco, A.N.; Ackerman, R.; Vineis, J.H.; Bowen, J.L. Sulphide addition favours respiratory ammonification
(DNRA) over complete denitrification and alters the active microbial community in salt marsh sediments. Environ. Microbiol.
2020, 22, 2124–2139. [CrossRef]

56. Trimmer, M.; Nedwell, D.B.; Sivyer, D.B.; Malcolm, S.J. Seasonal benthic organic matter mineralisation measured by oxygen
uptake and denitrification along a transect of the inner and outer River Thames estuary, UK. Mar. Ecol. Prog. Ser. 2000, 197,
103–119. [CrossRef]

57. Seitzinger, S.P. Denitrification in freshwater and coastal marine ecosystems: Ecological and geochemical significance. Limnol.
Oceanogr. 1988, 33, 702–724. [CrossRef]

58. Nowicki, B.L.; Kelly, J.R.; Requintina, E.; Van Keuren, D. Nitrogen losses through sediment denitrification in Boston Harbor and
Massachusetts Bay. Estuaries 1997, 20, 626–639. [CrossRef]

http://doi.org/10.1016/0011-747190082-4
http://doi.org/10.1021/ac00095a009
http://doi.org/10.1002/lom3.10101
http://doi.org/10.1007/BF02692205
http://doi.org/10.1016/0011-747190037-9
http://doi.org/10.1890/1540-9295(2007)5[89:HWOTRO]2.0.CO;2
http://doi.org/10.1007/s12237-008-9131-y
https://www.isprambiente.gov.it/it/pubblicazioni/manuali-e-linee-guida/metodi-analitici-per-le-acque
https://www.isprambiente.gov.it/it/pubblicazioni/manuali-e-linee-guida/metodi-analitici-per-le-acque
http://doi.org/10.1016/j.syapm.2009.07.009
http://doi.org/10.1890/1051-0761(2006)016[2143:ECODCA]2.0.CO;2
http://doi.org/10.4319/lo.2011.56.1.0279
http://doi.org/10.1002/2014JG002722
http://doi.org/10.3354/meps126111
http://doi.org/10.4319/lo.1990.35.3.0640
http://doi.org/10.1007/BF00000510
http://doi.org/10.1007/s10533-007-9171-6
http://doi.org/10.1016/j.watres.2010.02.002
http://www.ncbi.nlm.nih.gov/pubmed/20206960
http://doi.org/10.1016/j.scitotenv.2019.136303
http://www.ncbi.nlm.nih.gov/pubmed/31923673
http://doi.org/10.1016/j.scitotenv.2017.10.175
http://doi.org/10.1016/j.ecolind.2020.106960
http://doi.org/10.1029/2002GC000384
http://doi.org/10.3354/meps203109
http://doi.org/10.1111/1462-2920.14969
http://doi.org/10.3354/meps197103
http://doi.org/10.4319/lo.1988.33.4part2.0702
http://doi.org/10.2307/1352620


Water 2022, 14, 501 17 of 17

59. Fear, J.M.; Thompson, S.P.; Gallo, T.E.; Paerl, H.W. Denitrification rates measured along a salinity gradient in the eutrophic Neuse
River Estuary, North Carolina, USA. Estuaries 2005, 28, 608–619. [CrossRef]

60. Ogilvie, B.; Nedwell, D.B.; Harrison, R.M.; Robinson, A.; Sage, A. High nitrate, muddy estuaries as nitrogen sinks: The nitrogen
budget of the River Colne estuary (United Kingdom). Mar. Ecol. Prog. Ser. 1997, 150, 217–228. [CrossRef]

61. Nielsen, K.; Nielsen, L.P.; Rasmussen, P. Estuarine nitrogen retention independently estimated by the denitrification rate and
mass balance methods: A study of Norsminde Fjord, Denmark. Mar. Ecol. Prog. Ser. 1995, 119, 275–283. [CrossRef]

62. Whalen, S.C.; Alperin, M.J.; Nie, Y.; Fischer, E.N. Denitrification in the mainstem Neuse River and tributaries, USA. Fundam. Appl.
Limnol. 2008, 171, 249–261. [CrossRef]

63. Bernot, M.J.; Dodds, W.K.; Gardner, W.S.; McCarthy, M.J.; Sobolev, D.; Tank, J.L. Comparing denitrification estimates for a Texas
estuary by using acetylene inhibition and membrane inlet mass spectrometry. Appl. Environ. Microbiol. 2003, 69, 5950–5956.
[CrossRef]

64. Li, S.; Twilley, R.R.; Hou, A. Heterotrophic nitrogen fixation in response to nitrate loading and sediment organic matter in an
emerging coastal deltaic floodplain within the Mississippi River Delta plain. Limnol. Oceanogr. 2021, 66, 1961–1978. [CrossRef]

http://doi.org/10.1007/BF02696071
http://doi.org/10.3354/meps150217
http://doi.org/10.3354/meps119275
http://doi.org/10.1127/1863-9135/2008/0171-0249
http://doi.org/10.1128/AEM.69.10.5950-5956.2003
http://doi.org/10.1002/lno.11737


Paper V: Gervasio, M. P., Soana, E., Vincenzi, F., Magri, M., & Castaldelli, G. (2023). Drought-

Induced Salinity Intrusion Affects Nitrogen Removal in a Deltaic Ecosystem (Po River Delta, 

Northern Italy). Water, 15(13), 2405. https://doi.org/10.3390/w15132405 

 

https://doi.org/10.3390/w15132405


Citation: Gervasio, M.P.; Soana, E.;

Vincenzi, F.; Magri, M.; Castaldelli, G.

Drought-Induced Salinity Intrusion

Affects Nitrogen Removal in a Deltaic

Ecosystem (Po River Delta, Northern

Italy). Water 2023, 15, 2405.

https://doi.org/10.3390/w15132405

Received: 4 May 2023

Revised: 16 June 2023

Accepted: 27 June 2023

Published: 29 June 2023

Copyright: © 2023 by the authors.

Licensee MDPI, Basel, Switzerland.

This article is an open access article

distributed under the terms and

conditions of the Creative Commons

Attribution (CC BY) license (https://

creativecommons.org/licenses/by/

4.0/).

water

Article

Drought-Induced Salinity Intrusion Affects Nitrogen Removal
in a Deltaic Ecosystem (Po River Delta, Northern Italy)
Maria Pia Gervasio 1 , Elisa Soana 1,* , Fabio Vincenzi 1, Monia Magri 2 and Giuseppe Castaldelli 1

1 DiSAP—Department of Environmental and Prevention Sciences, University of Ferrara, Via L. Borsari 46,
44121 Ferrara, Italy; grvmrp@unife.it (M.P.G.); fabio.vincenzi@unife.it (F.V.); ctg@unife.it (G.C.)

2 Department of Chemistry, Life Sciences and Environmental Sustainability, University of Parma, Parco Area
delle Scienze 33/A, 43124 Parma, Italy; monia.magri@unipr.it

* Correspondence: elisa.soana@unife.it

Abstract: In the summer of 2022, the Po River Delta (Northern Italy), a eutrophication hotspot, was
severely affected by high temperatures, exceptional lack of rainfall and saline water intrusion. The
effect of saline intrusion on benthic nitrogen dynamics, and in particular the N removal capacity, was
investigated during extreme drought conditions. Laboratory incubations of intact sediment cores
were used to determine denitrification and DNRA rates at three sites along a salinity gradient in the
Po di Goro, an arm of the Po River Delta. Denitrification was found to be the main process responsible
for nitrate reduction in freshwater and slightly saline sites, whereas DNRA predominated in the most
saline site, highlighting a switch in N cycling between removal and recycling. These results provide
evidence that salinity is a key factor in regulating benthic N metabolism in transitional environments.
In a climate change scenario, salinity intrusion, resulting from long periods of low river discharge,
may become an unrecognized driver of coastal eutrophication by promoting the dissimilatory nitrate
reduction to ammonium and N recycling of bioactive nitrogen within the ecosystem, rather than its
permanent removal by denitrification.

Keywords: saline intrusion; climate change; denitrification; DNRA; eutrophication; Po River Delta

1. Introduction

Rivers draining highly exploited agricultural basins export large amounts of reactive
nitrogen (N) to coastal waters, which may cause eutrophication in lagoonal and marine
ecosystems [1–3]. In transitional environments, multiple biogeochemical reactions trans-
form, temporarily retain, or permanently remove N species [4–7]. Sharp gradients of labile
carbon, oxygen, salinity, and nutrients result in a continuously variable coupling among
microbial reactions which, in turn, regulate N fate. Indeed, one of the most recognized
ecosystem services of transitional environments is their ability to improve water quality, act-
ing as biogeochemical filters that mitigate anthropogenic impacts on coastal environments
by preventing excessive nutrient inputs [5,7].

Sediments are highly active sites for N cycling, especially for N removal through the
coupled nitrification–denitrification process. Under favorable conditions, heterotrophic
denitrification is the main sink for bioavailable N, resulting in its permanent N removal in
the aquatic ecosystems via the reduction of N from nitrate (NO3

−) to dinitrogen gas (N2),
which is released into the atmosphere [8–10]. Nitrification, the two-step chemoautotrophic
oxidation of ammonium (NH4

+) to nitrite (NO2
−) and NO3

−, provides oxidized substrates
for denitrification [11]. The dissimilatory nitrate reduction to ammonium (DNRA), using the
same substrates of denitrification (NO3

− and organic carbon) can be an alternative microbial
pathway for NO3

− reduction. However, the first process removes the bioavailable N from
the ecosystem, while the second recycles it [12]. Nitrification, denitrification and DNRA are
functionally linked, and investigating their regulation drivers in coastal sediments is crucial
to understanding the role of environmental stressor in the N biogeochemical processes.
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The functioning of transitional environments is currently threatened by the interaction
of eutrophication and climate change [13]. Climate change has been identified as one of
the major challenges facing humanity in the 21st century, and the Mediterranean region
is particularly vulnerable. Here, the IPCC Report (2022) [14] predicts a reduction in pre-
cipitation of up to 20% and an increase in the periodicity of droughts and extreme storm
events [15,16]. By affecting the water temperature regime and the hydrodynamism of water
masses, climate change not only shapes the timing and entity of N loads but may also affect
their transformation and reduction in transitional environments, ultimately altering the
capacity of these ecosystems to act as a natural N filters. Prolonged periods of elevated
water temperature combined with low river discharge may increase water residence time,
stratification, and saline intrusion and, hence, the extent of hypoxia or anoxia in bottom wa-
ter and sediments [17–20]. Salinity, together with temperature and the availability of NO3

−

and organic carbon, is one of the main environmental factors regulating the partitioning
between denitrification and DNRA. Therefore, saline intrusion caused by climate change
may have a profound effect on N speciation and processing. In particular, salinity inhibits
the activity of nitrifiers, thereby reducing the availability of NO3

− for the denitrification
process [21]. Conversely, DNRA has been shown to outcompete denitrification in organic-
rich sediments during periods of summer saltwater intrusion [20,22,23] by enhancing NH4

+

production. Thus, salinization can alter the dominant biogeochemical processes and the
ability to provide the key ecosystem service of coastal N filtering [24].

The Po River Basin, an area of intense human activity with the fundamental role
in the agricultural and industrial sectors in Italy, is a NO3

− pollution hotspot, causing
severe eutrophication in the north-western Adriatic coast. The Po Delta has recently been
identified as a buffer zone for NO3

− loads via denitrification during the summer season, the
main sensitive period for eutrophication, due to the warm temperature [25]. However, this
capacity may be threatened by climate change, the effects of which (e.g., increased frequency
of droughts, temperature warming, and saline intrusion) have already been observed in
the Po Basin over the last twenty years [25–27]. In particular, the extreme drought of
spring and summer 2022 in the Po Delta determined a persistent saline intrusion along the
branches of the Po River [27], which could alter the proportion of NO3

− dissimilated by
denitrification or by DNRA. The study of this partitioning of NO3

− consumption, despite
its great ecological importance, has not yet been adequately addressed.

The aim of the present study was to assess the effects of the summer saline intrusion
of 2022 on the N cycling in the sediments of the Po Delta. Denitrification and DNRA
rates were measured along a salinity gradient in the Po di Goro, the southernmost arm of
the Po River and representative of the whole Po Delta and other transitional ecosystems
increasingly affected by climate change-related phenomena.

2. Materials and Methods
2.1. Area of Study

The Po di Goro is the southernmost of the five branches of the Po River Delta, orig-
inating near the town of Serravalle (province of Ferrara) and marking the border be-
tween the Emilia-Romagna and Veneto regions as far as the Adriatic Sea (Figure 1). Its
average summer discharge represents approximately 15% of the flow of the Po River,
which is monitored at Pontelagoscuro (Ferrara, Italy) at the closing section of the Po River
Basin [26]. The Po di Goro is one of the main freshwater inputs to the Sacca di Goro
(26 km2), the southernmost lagoon of the Po Delta, identified as the most important Eu-
ropean site for the production of Manila clam. Since the 1980s, the lagoon has suffered
from macroalgal blooms due to excessive nutrient loads, causing summer anoxic crises and
dystrophic outbreaks [27].
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Figure 1. (a) The area of the study was situated in the Po River Delta (Northern Italy), indicated with
a red square; (b) Po di Goro River and three sampling sites (red stars): freshwater site (FW), sightly
saline site (SS), and saline water site (SW); (base map of ArcMap 10.8.2).

2.2. Sediment and Water Sampling

The sediment cores were taken on 28th June 2022, when the Po River was already in an
extreme drought and the average water temperature (28 ± 1 ◦C) was significantly higher
than in the previous summer (25 ± 0.5 ◦C) [7]. The lack of rainfall and the consequent
reduction in the flow of the Po River caused a deep and persistent saline intrusion into the
delta, extending the mixing zone between freshwater and seawater [28]. Three sampling
sites (Figure 1) were selected on the basis of chemical parameters, in particular the salinity
conditions along the vertical profile. The first station was located in Mesola (44◦55′31.6′′ N,
12◦13′53.3′′ E), 27 km upstream of the Po outlet, and was labeled as the freshwater site (FW).
Here, the conductivity values were still typical of Po freshwater (approximately 400 µS cm−1

on the top; Figure 2). At the sightly saline site (SS; 44◦56′32.8′′ N, 12◦16′41.8′′ E), located
22 km upstream of the river mouth, the salinity profile showed values between 1.0 and
5.4 ppt from the surface to the bottom. The saline water site (SW; 44◦47′59.0′′ N, 12◦23′00.3′′ E)
was located in a section 1.5 km upstream of the Po di Goro outlet.

The vertical profiles of the physical conditions (water temperature, oxygen, electrical
conductivity, and salinity) were measured at the three sites using multiparametric probe
(YSI ODO/CT), operated from the boat in the middle of the river section. The water
samples from the sites were filtered and stored at −20 ◦C to be analyzed in the next two
weeks. Intact sediment cores (Plexiglass liners, internal diameter: 4.5 cm, length: 20 cm)
were collected from the boat using a hand corer and immediately immersed with site
water in separate tanks corresponding to the sampling sites, continuously aerated with
portable pumps, and transported to the laboratory. From each site, 50 L of bottom water
were collected using a submerged pump for core maintenance during pre-incubation and
incubation phases in laboratory. At each station, five intact sediment cores were used for
dark flux and N process measurements and three replicates for sediment characterization.
Cores stabilization and incubation were performed according to a standard protocol [29].
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Figure 2. (a) Average daily water temperature of the Po River in 2022 at the basin closing section
(Pontelagoscuro station) compared with the average monthly water temperature over the last 20 years;
(b) average daily discharge in 2022 compared to the minimum and average monthly discharge over
the last 20 years (data source: Environmental Protection Agency of the Emilia-Romagna Region,
https://simc.arpae.it/dext3r/; accessed on 10 January 2023).

2.3. Benthic Flux Measurements and Sediment Characterization

Upon arrival at the laboratory, five sediment cores from each of the three sites were
transferred to three separate tanks filled with unfiltered in situ water, submerged, and
recirculated by the mean of a Teflon-coated magnetic bar rotating at 40 rpm, added a

https://simc.arpae.it/dext3r/
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few centimeters above the sediment surface, useful for mixing the core water column,
avoiding resuspension. The cores were kept at in situ temperature (28 ◦C) by a thermostat
connected to the tanks during the first night in laboratory. The next day, prior to the start
of the incubation, the water tanks were replaced with water from each sampling site to
maintain nutrient concentrations close to those in situ. At the start of incubation, the water
in the tanks was removed to resubmerge the intact cores, and each core was closed with a
gas-tight lid on the top.

Before and after the incubation, physical parameters such as temperature and oxygen
concentration were measured directly inside the cores, using the same probe as the sam-
pling probe, and water samples were taken from each core using a glass 60 mL syringe,
filtered thought Whatman GF/F glass fiber filters (pore size: 0.45 µm), transferred to 20 mL
polyethylene scintillation vials, and frozen before the determination of dissolved inorganic
N concentrations (NO3

−, NO2
−, and NH4

+). Dark incubation was applied for 2 h to
keep the variation of the O2 concentration within 20% of the initial value throughout the
incubation [29]. Dark conditions were imposed to reproduce the in situ benthic conditions
of the Po di Goro, always in darkness, as the depth ranged from 3 to 6 m, and the light
penetration was limited by phytoplanktonic high turbidity. In the following days, water
samples were analyzed according to standard protocols. The nitrate was analyzed with a
Technicon AutoAnalyser II (detection limit: 0.4 µM [30]); NO2

− was determined with sul-
fanilamide and N-(1-naphtyl)-ethylenediamine (detection limit: 0.1 µM [31]) using a Jasco
V-550 double-beam spectrophotometer at 541 nm; and NH4

+ was analyzed using salicylate
and hypochlorite in the presence of sodium nitroprusside (detection limit: 0.5 µM [32]) and
determined with the same spectrophotometer at 640 nm. The concentrations of the solutes
together with the incubation time were used to calculate the dark fluxes (Fx, µmol m−2 h−1)
at the sediment–water interface, according to Equation (1):

Fx =
(Ct −C0) · V

A · t (1)

where C0 (µM) is the concentrations of the species at the beginning of the incubation, Ct is
the concentrations of the same species at the end of incubation, V (L) is the water column
volume present in each core, A (m2) is the sediment surface, and t (h) is the incubation time.
The negative values describe the net consumption of species from the water column to the
sediment, and positive values indicate the net production, so the fluxes are determined
from the sediment to the water column (net production).

Three additional cores from each sampling site were used to determine the physical
properties of the sediments. The porosity and water content (%) were determined using the
wet weight loss method. The upper 0–2 cm layer (divided into two parts: 0–1 and 1–2 cm
layers) was cut from each core, and after being homogenized using a spatula, a sub-sample
of 5 mL was collected using cut-off syringes and dried for 72 h at 50 ◦C; the samples were
then transferred to a muffle furnace at 350 ◦C for 3 h to quantify the organic matter content
(OM, %) using the same weight loss method.

2.4. Measurement of Denitrification and DNRA Rates

At the end of the first incubation, the water was replaced with the water of sampling
site and the intact cores were resubmerged for approximately 1 h to stabilize before the
following incubation. Then, the water level in the tank was lowered again and the isotope
pairing technique (IPT [33]) was applied to measure the denitrification rates. An aliquot
of a 15 mM 15NO3

− stock solution (Na15NO3
−, Sigma Aldrich, USA) was added in the

water column of each core to achieve a final 15N atomic % enrichment of at least ~50%.
Water samples were collected in each core before and after the addition of 15NO3

− to
calculate the 14N:15N ratio in the NO3

− pool. As in the first incubation, the cores were
sealed with a gas-tight lid on the top and incubated for 2 h in the dark. At the end of the
incubation, in each core the sediment and water phases were gently mixed to homogenize
the N2 pools dissolved in the aqueous phase and in the pore water. From each core, an
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aliquot of the slurry was transferred to a 12 mL glass-tight vial (Exetainer®, Labco Limited,
UK), fixed with 200 µL of 7 M ZnCl2 to stop microbial activity and kept refrigerated
with the upside down orientation until the analysis in the following days. The water
samples were analyzed using a Membrane Inlet Mass Spectrometer equipped with a
copper reduction column maintained at 600 ◦C (MIMS, Bay Instrument, MD, USA [34]) to
determine the abundance of 29N2 and 30N2. The denitrification rates were calculated using
Equations (2) and (3), as follows [33]:

D15 = p29 + 2p30 (2)

D14 = D15 ·
(

p29
2p30

)
(3)

where D15 is the denitrification rate of the labeled 15NO3
−, and D14 is the total denitrifica-

tion rate; p29 and p30 are the production rate of 29N2 and 30N2, respectively.
The total denitrification rate (Dtot) was calculated as the sum of Dw (i.e., the denitrifica-

tion of NO3
− diffusing from the water column to the sediment) and Dn (i.e., the denitrification

of NO3
− produced in the superficial oxic sediment by nitrification). The rates were calculated

according to the following equations [33] and expressed in µmol N m−2 h−1.

Dtot = Dw + Dn (4)

Dw =
14NO−3
15NO−3

· D15 (5)

Dn = D14 −Dw (6)

The denitrification efficiency (DE, %) is the ratio between the denitrification and the
total fluxes of inorganic N from the sediment, both in ionic (NO3

− + NO2
− + NH4

+) and
gaseous (N2) form, calculated according to Equation (7) [35]:

DE =
Dtot

(DIN + Dtot)
· 100 (7)

where DIN (µmol N m−2 h−1) is the sum of inorganic N fluxes (NO3
− + NO2

− + NH4
+)

directed from the sediment to the water column (effluxes), and Dtot is the total efflux of N2
from the sediment.

After IPT incubation, an additional aliquot (30 mL) of the sediment slurry was sampled
from each core to determine the DNRA rates from the production of 15NH4

+, according to
the procedure reported by Magri et al. [36]. Briefly, the slurry was treated with 2 g of KCl
(2 M) in 50 mL falcon tubes to determine the exchangeable ammonium pool, comprehensive
of the 15NH4

+ fraction. The samples were shaken for 30 min, centrifuged (1800 rpm for
15 min), filtered (Whatman GF/F glass fiber filters, pore size: 0.45 µm), transferred into
20 mL scintillation vials and frozen. At the time of the analyses, the samples were diluted
(1:5) and air-purged for 10 min to eliminate 29N2 and 30N2 pools generated during the IPT
incubation. A 12 mL aliquot of each purged sample was transferred to Exetainers, and a
volume of 200 µL of alkaline hypobromite solution was added to oxidize NH4

+ to N2 [37].
After oxidation, the 29N2 and 30N2 concentrations were determined using MIMS. The total
DNRA rates (µmol N m−2 h−1) were calculated according to [38] as the DNRA of NO3

−

from the water column (DNRAw; µmol N m−2 h−1) and the DNRA coupled to nitrification
(DNRAn; µmol N m−2 h−1), according to the Equations (8)–(10), as follows:

DNRA = p15 NH+
4 ·

D14

D15
(8)
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DNRAw =
14NO−3
15NO−3

· p15 NH+
4 (9)

DNRAn = DNRA− DNRAw (10)

where p15NH4
+ is the production of 15NH4

+.

2.5. Statistical Analysis

One-way ANOVA and pairwise multiple comparisons of the means (post hoc and
Tukey’s test) were used to determine the difference in the N fluxes, denitrification and
DNRA rates among the three sampling sites. The Shapiro–Wilk and Levene’s tests were
used to check whether the data had a normal distribution and to determine the homogeneity
of the variance, respectively. The statistical analysis, with the significance level set at
p < 0.05, was performed using Sigma Plot 14.5 (Systat Software, Inc., San Jose, CA, USA).

3. Results and Discussion
3.1. The Summer Drought of 2022

The spring and summer months of 2022 will be remembered for the severe drought
that affected large areas of Europe, combined with long and intense heat waves that spread
from the Iberian Peninsula to Northern and Central Europe, also affecting Italy [39]. In
particular in the north of Italy, the dry conditions were a result of low snow accumulation
in the Alps during the winter and early spring of 2021–2022, similar to the year 2015 [40],
and a persistent lack of precipitation in late spring and early summer [28], combined with
early heat waves in May and June. According to Italian reports, the period from May to July
2022 was indicated as the warmest months in the recent decades, although other summers
were just as dry, such as in the years 2003 and 2009 [41]. This critical period was confirmed
by water temperature and discharge data for the Po River (Figure 3), measured throughout
the whole of 2022 at the basin’s closing section. The water temperature was steadily higher
than the 2000–2021 average monthly values, with the maximum discrepancy recorded in
the second half of May (+5 ◦C) and an average positive anomaly of 2.5 ◦C throughout the
summer and until mid-autumn. The Po River was enduring an exceptional hydrological
drought, with an average discharge deficit of approximately 60% during the whole of
2022 (Figure 3). The daily river discharge was particularly low during June–August, at
or below the historical minimum of the last twenty years. The most negative monthly
anomaly at the closing section occurred in July when the discharge was approximately
30% below the historical minimum for 2000–2021, which occurred in July 2006 [42]. The
water shortage lasted until August, when the hydrological situation improved after some
storms, although the flow remained below typical seasonal values. The critical reduction in
the river discharge led to a significant intrusion of the deep and persistent saline wedge
during late spring and summer in the Po Delta, extending along the Po di Goro branch for
a maximum length of approximately 35 km from the mouth [43], more than the 15 km of
saline intrusion in Po di Goro during the summer of 2017. In particular, the slightly saline
site (SS) was identified at a greater distance from the Po di Goro outlet compared to the
previous year [7].

The in situ conditions were different for the three sites, in particular the salinity varied
along the Po di Goro River, starting from 1.5 mg L−1 in the bottom of the FW site to
30.1 mg L−1 in the SW site, and also along the vertical profile in each sampling site
(Figure 3a). The FW site showed homogeneity of water, while the SS and SW sites showed
an increase in the saline concentrations from the surface to the bottom water, highlighting
the water stratification. Moreover, the water stratification was also confirmed with the
vertical profile of the concentration of oxygen (Figure 3b). As can be seen, the oxygen
concentration was distributed equally in the FW site, indicating the continued mixing in of
the freshwater systems of the Po River, different from the other sites. The SS and SW sites
showed a reduction in the oxygen concentrations along the vertical profile, in particular for
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the SS site, where the concentrations reduced down to 2.9 mg L−1 at the bottom (Table 1).
The sampling sites were different also in the composition and physical properties of the
surface sediments: sandy and low organic matter (OM, %) at the FW site, muddy–sandy
and with high organic matter at the SS site, and mostly clay at the SW site; the highest
porosity was found at the SS and SW sites (Table 2).
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Table 1. Oxygen concentrations, N nutrient availability, and salinity conditions at the three sampling
stations during the experimental campaign in situ.

Site Distance from the Outlet
(km)

O2
(mg L−1)

Salinity
(mg L−1)

NO3−

(µM)
NH4

+

(µM)
Ntot

(µM)

FW 25 4.7 1.5 39 14 107
SS 22 2.9 5.4 40 23 118
SW 1.5 5.8 30.1 11 3 68

Table 2. Typology, porosity, density (g mL−1), and organic matter content (OM) in sediments at the
three sampling sites of Po di Goro River. Average values and standard deviations are reported.

FW SS SW

Typology Sandy Muddy–Sandy Clay
Porosity 0.47 ± 0.12 0.65 ± 0.02 0.62 ± 0.05

Density (g mL−1) 1.80 ± 0.11 1.47 ± 0.04 1.56 ± 0.05
OM (%) 1.00 3.9 1.90

3.2. Benthic N Fluxes along the Salinity Gradient

Because of the low spring rainfall and Po flows, nitrate concentrations were generally
low in summer 2022, decreasing from ~40 µM at the FS to the very low value of ~10 µM
at the most downstream station SW (Table 1). This decrease along with the increasing
salinity gradient is not surprising and is mainly due to a mixed contribution of removal
processes along the river and dilution with seawater. In all three stations, sediment–water
fluxes of oxidized N species (NO3

− + NO2
−) were negative, indicating that consumption

prevailed over production in the sediments of the Po di Goro River, and the removal
rates depended on the availability of NO3

− in the overlying bottom water. The rates of
NOx

− consumption (with NO3
− always representing >95% of NOx

−) decreased signifi-
cantly with the increasing salinity (p < 0.05, Table 3) along the river–sea gradient, from
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FW (−245 ± 36 µmol N m−2 h−1) to SS (−154 ± 31 µmol N m−2 h−1) and to the more
marine station SW (−70 ± 23 µmol N m−2 h−1). A good agreement was found between
the NOx

− removal rates and the N2 production rates, but the latter were always slightly
higher on average, suggesting that denitrification was not only fueled by the diffusion of
NO3

− from the water column into the sediment (Figure 4).

Table 3. One-way ANOVA and Tukey’s test results (p < 0.05; NS = not statistically significant).

Parameter p F Tukey’s Test

NOx
− flux <0.05 5.6 FW vs. SW

NH4
+ flux NS 0.9 -

Dtot <0.001 30.9 FW vs. SW
SS vs. SW

Dw <0.001 47.1
FW vs. SS
SS vs. SW

FW vs. SW

Dn <0.01 15.1 FW vs. SW
SS vs. SW

DNRAtot <0.05 4.9 SS vs. SW
DNRAw NS 4.1 -
DNRAn NS 2.5 -

Water 2023, 15, x FOR PEER REVIEW 10 of 16 
 

 

 
Figure 4. Benthic dark fluxes of NOx− (NO3− + NO2−), NH4+, total denitrification (N2), and denitrifi-
cation efficiency (DE, black triangle) at the three sampling sites. The average values and standard 
deviations are reported. 

Table 3. One-way ANOVA and Tukey’s test results (p < 0.05; NS = not statistically significant). 

Parameter p F Tukey’s Test 
NOx− flux <0.05 5.6 FW vs. SW 
NH4+ flux NS 0.9 - 

Dtot <0.001 30.9 FW vs. SW 
SS vs. SW 

Dw <0.001 47.1 
FW vs. SS 
SS vs. SW 

FW vs. SW 

Dn <0.01 15.1 FW vs. SW 
SS vs. SW 

DNRAtot <0.05 4.9 SS vs. SW 
DNRAw NS 4.1 - 
DNRAn NS 2.5 - 

3.3. Denitrification and DNRA Rates 
At the FW station, Dtot was 368 ± 45 µmol N m−2 h−1, decreasing to 274 ± 19 µmol N 

m−2 h−1 and 77 ± 9 µmol N m−2 h−1 at the SS and SW stations, respectively. At the FW station, 
Dw was still 55% of Dtot, while because of the extreme drought condition, water column 
stratification and, thus, reduced NO3− supply from the water column, Dw was a lower 
fraction of the total, 35% and 48% of Dtot at the SS and SW stations, respectively. Both 
availability of NO3− in the water column and oxygen concentration regulated the parti-
tioning of the total rates into Dw and Dn [9]. In the freshwater site, the denitrification was 
mostly supported by the nitrate present in the water column (Dw~65%), while the contri-
butions of Dw and Dn were almost equal at the SW site (Figure 5), which was confirmed 
by Tukey’s test (Table 3), which highlighted a difference in Dw among the three sampling 
sites, while the differences in Dn appeared between FW and SW or SS and SW but not 
between FW and SS. The Dn rates strongly decreased at SW likely due to the occurrence 

Figure 4. Benthic dark fluxes of NOx
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standard deviations are reported.

The denitrification rates decreased along the salinity gradient (p < 0.001, Table 3),
likely due to the cumulative effect of the NO3

− availability, which decreased progressively
downstream (Table 1), and the bottom water oxygen concentration, which was high at
the well-mixed freshwater station FW, low at the stratified intermediate station SS, and
again high at the stratified saline station SW (Figure 2), influencing the N availability
along the vertical profile. The denitrification rates were the highest at the FW station
(368 ± 45 µmol N m−2 h−1), where NO3

− was more available (~30 µM), and there was
continuous freshwater mixing [44]. The intermediate station had almost the same NO3

−

concentration (Table 1), but the denitrification rates were lower (274 ± 19 µmol N m−2 h−1),
likely due to the onset of water stratification, affecting the diffusion of NO3

− in water
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column. The Dtot was not significantly different between the FW and SS sites, but it was
significantly higher in both the FW and SS than in the SW station, according to Tukey’s test
(Table 3). The lowest oxygen concentration measured in the bottom water at SS station was
probably because of the sediment OM content, which was the highest at this site (Table 2),
and its mineralization. Here, the high organic matter content was due to the flocculation of
the particulate organic load induced by the mixing of salt and fresh water, which caused
the riverine organic carbon to form sinking aggregates [45,46]. The most downstream
station (SW) had the lowest denitrification rates (77 ± 9 µmol N m−2 h−1), likely due to
the lowest NO3− concentration (Table 1), water column stratification and high oxygen
concentration in the bottom water (Figure 2). Bacterial communities, such as nitrifiers and
denitrifiers, have been shown to be physiologically stressed by salinity. In addition, when
other electron acceptors, such as NO3

− and O2, are limited, saltwater intrusion promotes
sulphate reduction, leading to sulphide accumulation, which directly inhibits nitrification
and denitrification [47,48].

At all sampling sites, the NH4
+ fluxes were positive, indicating a higher production

than consumption (Figure 4) and systematically higher than the corresponding N2 produc-
tion rate. Although not significant (Table 3), the release of NH4

+ was slightly higher at
the SS site, where the sediment organic matter concentration was higher (~4%) than at the
other two stations. The denitrification efficiency was approximately 90% at FW, indicating
that the sediments lost N mostly as N2, while it decreased to 32% at the most downstream
station, where the sediments tended to be sources of inorganic N ions that were recycled to
the water column. The marked decrease in DE at the site closer to the Po di Goro outlet has
a very important ecological consequence.

3.3. Denitrification and DNRA Rates

At the FW station, Dtot was 368 ± 45 µmol N m−2 h−1, decreasing to
274 ± 19 µmol N m−2 h−1 and 77 ± 9 µmol N m−2 h−1 at the SS and SW stations, re-
spectively. At the FW station, Dw was still 55% of Dtot, while because of the extreme
drought condition, water column stratification and, thus, reduced NO3

− supply from the
water column, Dw was a lower fraction of the total, 35% and 48% of Dtot at the SS and
SW stations, respectively. Both availability of NO3

− in the water column and oxygen
concentration regulated the partitioning of the total rates into Dw and Dn [9]. In the
freshwater site, the denitrification was mostly supported by the nitrate present in the water
column (Dw~65%), while the contributions of Dw and Dn were almost equal at the SW site
(Figure 5), which was confirmed by Tukey’s test (Table 3), which highlighted a difference in
Dw among the three sampling sites, while the differences in Dn appeared between FW and
SW or SS and SW but not between FW and SS. The Dn rates strongly decreased at SW likely
due to the occurrence of salinity-induced sulphidic conditions inhibiting the nitrification
process [28,49] and the loss of NO3

− via coupled nitrification–denitrification [50].
DNRA process was always detected, but the rates at the first two sites were one order

of magnitude lower than the corresponding denitrification rates. In fact, denitrification
consistently outperformed DNRA in freshwater and slightly saline sites, while the two
processes were almost equally important in the more saline site. While denitrification along
the salinity gradient to the sea decreased (p < 0.001), DNRA increased (p < 0.05), with the
highest DNRA rate measured at the SW site (116 ± 29 µmol N m−2 h−1) (Figure 5, Table 3),
followed by the FW and SS sites (55 ± 9 and 27 ± 8 µmol N m−2 h−1, respectively), and
significant statistical differences appeared between SS and SW, according to the post hoc
Tukey’s test (Table 3). The DNRA rates were slightly higher than the denitrification rates at
SW, suggesting that saline conditions may favor DNRA over denitrification [6]. Nevertheless,
DNRAw was slightly higher than DNRAn at the FW and SS sites (56% and 68% of DNRAtot,
respectively), while at SW site the DNRAn was higher than the DNRAw, due to limited NO3

−

availability in the water column (65 ± 4 and 50 ± 8 µmol N m−2 h−1, respectively).
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Denitrification was the dominant pathway for NO3
− reduction in freshwater and

slightly saline conditions, outperforming DNRA by an average factor of 7. DNRA was low
at the FW and SS stations, and the consumption of NO3

− by the DNRA process, calculated
as the percentage ratio of the DNRA:NO3

− flux, was 14% and 11%, respectively. At the
SW station, the DNRA:NO3

− flux ratio increased to 74%, likely due to the decrease in the
NO3

− concentration and the higher salinity conditions which favor NO3
− reduction to

NH4
+ [6,51,52]. According to several authors [10,52,53], DNRA is favored over denitrifica-

tion at high salinity conditions, low NO3
− availability, and where the presence of sulphide

inhibits coupled nitrification–denitrification [47,54].
The DNRA rates measured in the Po River Delta are in line with rates obtained in

other aquatic ecosystems of the Po River Basin (lakes and lagoons) and in other brackish
environments in summer (Table 4) [36,55]. This comparison (Table 4) confirms that the
DNRA process was stimulated by saline conditions; in fact, the higher rates occurred in
Goro Lagoon (Italy) and in Plum Island Sound estuary (Massachusetts) [55,56], where
the salinity was 28‰ and 25‰, respectively. Moreover, DNRA rates increased along
the NO3

− availability gradient and when sediments were more OM rich, such as in the
Goro Lagoon [55].
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Table 4. Total denitrification and DNRA rates measured in other aquatic ecosystems of the Po River
Basin (lakes and lagoons) and in selected freshwater and brackish environments during summer
around the world. The rates are expressed as the average values ± standard deviations. Water and
sediment features are reported for comparison.

Location T
(◦C) Salinity (‰) NO3− (µM) OM

(%)
DNRAtot

(µmol N m−2 h−1)
Dtot

(µmol N m−2 h−1) Reference

Pit Lake Ca’ Stanga—Hypolimnetic
Sediments

(Italy)
6.5

-
202 1 * 7 ± 4 163 ± 12

[57]
Pit Lake Verde—Hypolimnetic Sediments

(Italy) 12.5 102 2 * 4 ± 1 31 ± 5

Goro Lagoon—Site Giralda
(Italy)

23 5 32 2 * 48 217 [36]

21.7 7

79

7

65 ± 11 152 ± 36

[55]

105 45 ± 11 290 ± 94

236 62 ± 8 414 ± 123

437 59 ± 11 377 ± 65

874 74 ± 8 472 ± 50

1722 108 ± 23 631 ± 51

Goro Lagoon—Site Gorino
(Italy)

25 28 23 0.24 * 35 72 [36]

22.5 16

61

9

176 ± 14 290 ± 58

[55]

113 127 ± 17 399 ± 94

226 241 ± 102 690 ± 109

462 150 ± 11 713 ± 36

871 334 ± 65 1077 ± 225

1725 235 ± 42 1304 ± 196

Baltic Sea—Site A

6

10 1.3

-

0.15 40

[58]Baltic Sea—Site B 12 0.5 0.67 22

Baltic Sea—Site C 10 0.9 0.13

Curonian Lagoon—Baltic Sea
(Sediments) 22 0.3 1 13 * 2 ± 1 0.95 ± 0.06 [59]

Plum Island Sound Estuary—Coastal
Sediments (Massachusetts, USA) 23 22 - 13 ± 2 26 ± 0.6 [60]

Plum Island Sound Estuary—Tidal Creek
(Massachusetts, USA) 24 25 7 - 20 ± 5 27 ± 2 [56]

Note: * Organic carbon.

In the Po di Goro arm, the maximum saline intrusion was recorded in August and
reached 38 km upstream from the mouth [61]. Extending the denitrification rates presented
here to the river stretch affected by saline intrusion, the N dissipation capacity via deni-
trification of the entire Po di Goro arm was estimated to be reduced by 33% of the value
measured in June. This simulation highlights the need to gather further information on
saline intrusion and the relative effects on denitrification and DNRA and, hence, on N load
dissipation vs. recycling, induced by extreme drought conditions, which may have relevant
impacts on nutrient availability and eutrophication in coastal ecosystems.

4. Conclusions

Global warming affects aquatic ecosystems in terms of N cycling and nutrient avail-
ability. The drought observed in the summer of 2022 decreased the Po River discharge, also
reducing N loads and N availability in the delta. At the same time, low discharge caused
an extensive saline intrusion in most of the Po River Delta, which by the end of June had
already reached sections ~30 km upstream of the Adriatic Sea.

The present results show that global warming and reduced precipitation are altering
nitrogen cycling in transitional ecosystems, decreasing denitrification and nitrate removal
and increasing DNRA and NH4

+ release from sediments. Prolonged drought and saline
water intrusion, by favoring DNRA over denitrification (i.e., N recycling rather than
removal) may have negative effects on coastal eutrophication in the spring and summer
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seasons, reducing the effectiveness of transitional environments to remove nitrogen and
increasing N export to the sea.

DNRA is still one of the least understood N cycling processes in aquatic ecosystems.
The results presented here are the first quantification of denitrification and DNRA in the Po
Delta and indicate that drought and saline intrusion may regulate benthic N dynamics, N
load speciation, and eutrophication in coastal ecosystems. Further studies are needed to
clarify the specific role of extreme meteorological conditions on aquatic ecosystems and
biogeochemical processes, including the effects of multiple drivers, such as NO3

− and
organic carbon availability, as well as sediment sulphide concentrations, and why they will
become more important as extreme conditions worsen because of climate change.
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